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Abstract 

Coral reef ecosystems have been degrading globally for decades due to global climate change 

and anthropogenic pressure, and corals are expected to continue declining in the future. Some 

coral reef sponges, although also vulnerable to warmer seawater, are more tolerant than corals 

to the combined effects of projected ocean warming and acidification. As a result, sponges 

have been proposed as potential winners on future coral reefs. Shifts towards sponge 

dominance on coral reefs may result into altered reef trophodynamics. However, there is 

limited information on how ecological processes on coral reefs will be affected by an increase 

in sponge dominance. Therefore, the potential ecological functioning of sponge-dominated 

reefs is unclear. To understand how reef ecosystems could function if sponges will become 

dominant, it is important to clarify: how perturbations that have a negative effect on corals 

propagate through the reef ecosystem; how sponge assemblages can develop over time; and 

how increased sponge dominance will affect other coral reef organisms. Focusing on Indo-

Pacific coral reefs, this thesis investigates the temporal dynamics and the ecological processes 

that characterise reefs where sponges form abundant and highly diverse assemblages. Aims of 

this thesis were: 1) to explore the ecosystem-level effects of climate change-induced shifts 

towards sponge dominance on coral reef ecosystems; 2) to quantify the temporal variability of 

sponge abundance and biodiversity on coral reefs; 3) to understand how benthic sessile 

organisms benefit from free substrate that becomes available when corals die; 4) and to 

determine whether sponges can provide structural complexity similar to that of corals.  

In my first data chapter, I use qualitative mathematical modelling to identify the key ecological 

processes that determine the functioning of a sponge-dominated reef. With a set of qualitative 

models, I obtain qualitative predictions of the ecosystem-level effects of increased temperature, 

acidity, and turbidity on a coral reef ecosystem, and of a shift towards sponge dominance. 

Model predictions showed that simulated environmental change caused coral decline, 

subsequent loss of reef structural complexity, and increased sponge and macroalgal abundance, 

while enhancing secondary productivity and detrital pathways. By analysing the uncertainty 

around model predictions, I highlight the need to elucidate some aspects of sponge ecology to 

better understand how sponge-dominated reef may function. These processes include temporal 

changes in sponge assemblages, competitive interaction between sponges and algae, and the 

contribution of sponges to reef structural complexity. I address these aspects in the following 

chapters.  
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In my second data chapter, I characterise the temporal variability of an abundant and diverse 

sponge assemblage on an Indonesian coral reef (Hoga Island, Wakatobi Marine Park, SE 

Sulawesi), studying temporal changes in sponge abundance and biodiversity over 13 years 

(2005-2017).  Mean sponge abundance showed large temporal variability at this reef over the 

study period. In total, 141 sponge taxa were recorded at this reef over the study period, and 

species composition of the assemblage showed strong temporal patterns that were determined 

by the population dynamics of a few abundant taxa (e.g. Protosuberites sp., Sycon sp., and 

Pericharax sp., on average ~ 25%, 20% and 5% of total sponge abundance, respectively). In 

this chapter, I highlight that Indo-Pacific sponge assemblages can develop rapidly, undergoing 

large temporal changes that are driven by species-specific population variability.  

In my third data chapter, I describe the temporal dynamics of all benthic organisms on the Hoga 

reef over the period 2006-2017, and investigate the effects of free space on benthic cover at 

subsequent sampling events. In contrast with other reefs in the Wakatobi where corals have 

declined, corals were dominant and stable over time at this site, and no other benthic group 

increased in abundance over time. However, percentage cover of turf algae and sponges 

showed larger interannual variability than corals and crustose coralline algae (CCA). Bare 

substrate was a good predictor of turf percentage cover in the following year across sites. 

Moreover, percentage cover of algal groups combined with bare space was a good predictor of 

CCA percentage cover the following year, and of sponge cover at one site. In this chapter, I 

show that turf algae in the Indo-Pacific rapidly colonise newly available substrate, and that 

other benthic groups like CCA and sponges may overgrow substrates already fouled by turf. 

In my fourth data chapter, I use 3D photogrammetry to compare the structural complexity of 

coral-dominated and sponge-dominated reef quadrats on Hoga Island, and to identify which 

coral and sponge growth forms contribute to reef structure. Computer-generated 3D models 

were used to measure reef rugosity (R, denoting complexity of reef contours), vector dispersion 

(1/k, denoting heterogeneity of the angles between reef surfaces) and fractal dimension (D1-5, 

denoting complexity of refuge holes at five different spatial scales between 120-1 cm). 

Structurally complex coral-dominated and sponge-dominated quadrats were similar in terms of 

coarse scale structural complexity (R and 1/k). However, complexity at the scale of small refuge 

holes (D5) was higher for coral-dominated quadrats, indicating that corals provide smaller 

refugia compared to sponges, mainly due to branching corals. Branching and massive corals 

determined the overall 3D structure of coral-dominated quadrats, and barrel sponges of sponge-

dominated quadrats. In this chapter I show that, while sponge reefs can be three-dimensionally 
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complex if upright sponge growth forms are abundant, sponges do not provide small-scale 

structural complexity (5-1 cm refuge holes) comparably to corals.  

In my fifth data chapter, I present how I captured sponges and their ecological roles in the 

ecosystem model Atlantis, by drawing on the previous data chapters and on the existing 

literature. I then present my contribution to the development of an Atlantis application for the 

Australian Great Barrier Reef (GBR), focusing on how sponges were parameterised in this 

model. Important sponge functional roles were captured in Atlantis either by developing novel 

components of the Atlantis code, or by modifying existing code specific to other benthic 

organisms (like corals), in such a way that it would be applicable to sponges. The sponge-

specific ecological processes added to Atlantis in the scope of this chapter include: competition 

of sponges for free substrate with other benthic organisms; sponge-provided structural 

complexity; sponge-mediated bioerosion of carbonates; and Silicon-limitation to sponge 

growth. This sponge framework was tested with Atlantis GBR. I captured sponges in Atlantis 

GBR as three groups (heterotrophic, phototrophic, and bioeroding), and I also added to the 

model one group of spongivorous fishes. I participated to the development and parametrisation 

of the coral reef benthos of the model, with a focus on sponges. I present the development and 

calibration (ongoing) of Atlantis GBR. 

In summary, in this thesis I found that sponge-dominated reefs could be highly dynamic 

ecosystems, with different structural properties compared to coral reefs. I discuss how reef 

trophodynamics are likely to be altered as a result of increased sponge dominance, with 

potential increases in detrital carbon pathways that will depend on sponge population 

dynamics. I also highlight that some aspects of sponge ecology still need to be elucidated to 

better understand how shifts towards sponge dominance may happen, and how the resulting 

reef states will function. These aspects include the role of sponges as net producers of detritus, 

the competitive interactions between sponges and algae, and the use of sponge-provided 

structural complexity by reef fauna. Understanding how sponge-dominated reefs may originate 

and how they will function will be crucial to maintain the ecological, economic, and social 

value of coral reefs in the near future.  
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Figure 3.5. Effect plots showing the best linear mixed models (LMMs) fits for the biodiversity 

metrics (species richness S, Shannon’s diversity H’, and Simpson’s evenness E1/D) modelled 

as function of sponge counts and site. Blue lines: best LMM fit; black dashed lines: 95% 

confidence intervals of the model parameters; grey dots: observed data. Different shapes of the 

dots represent different quadrats within each site. ................................................................... 85 
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Multi-dimensional Scaling (nMDS) plot for the sponge assemblages at the three sites between 

2005 and 2017. Each sample corresponds to a quadrat. Symbols indicate the year, colours the 

site. B: Canonical Analysis of Principal coordinates (CAP) plot. Years and sites represent the 

centroid for each set of samples. For visualisation purposes, only the taxonomically identified 

taxa that varied the most between sites and years are plotted (but all taxa were included in the 
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Figure 4.5. Box-plots showing the interannual variability of percentage cover of the benthic 

taxonomic groups, expressed as log(φ) = log(C1/C0), where C1 is the cover of group X at time 

y+1 and C0 is the cover of group X in year y. Dashed horizontal line represents log(C1/C0) = 0, 

that is C1/C0 = 1, equal to no change between consecutive years. A large spread from the zero-

line indicates high interannual variability for a group. .......................................................... 114 

Figure 5.1. Study location on Hoga Island, Wakatobi Marine Park, SE Sulawesi (Indonesia). 
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for the 7 metrics of structural complexity. (a) High-complexity coral-dominated quadrat (Q06), 

dominated by branching corals and characterised by high heterogeneity of the surfaces (1/k) 
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forms and comparatively low values for most metrics. ......................................................... 136 

Figure 5.4. Percentage cover of benthic taxonomic groups and abiotic substrates in the 32 4 m2 
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Figure 5.7. Boxplots of the model-derived habitat complexity metrics for coral (red) and sponge 

(blue) quadrats, at low and high levels of structural complexity. Note the different scales on 

the y axis for different metrics. Asterisks indicate significant differences reported by the 

Generalised Linear Models, either between coral and sponge quadrats (asterisk in between 

boxes) or between levels of complexity for the group indicated by the letter (asterisk in the 

centre of the plot, c = corals, s = sponges). R = rugosity (note the inverse scale), 1/k = vector 

dispersion, D1-5 = fractal dimension. Numbers in the first panel represent sample size (N). 143 

Figure 5.8. Redundancy Analysis plots that show which growth forms correlate with high- and 

low-complexity quadrats, and how quadrats are distributed in the multivariate space defined 

by the complexity metrics. A: coral-dominated quadrats and coral morphologies. B: sponge-

dominated quadrats and sponge morphologies. R = rugosity (note the inverse scale), 1/k = 

vector dispersion, D1-5 = fractal dimension, BRA = branching, TAB = table, FOL = foliose, 

MAS = massive, SUB = sub-massive, FRL = free-living, ENC = encrusting, TUB = tubular, 

REP = repent, DIG = digitate, BAR = barrel, CUS = cushion, GLO = globular. ................. 144 

Figure 5.9. Mean values of the LASSO regression coefficients of percentage cover of the 

growth forms as predictors of the 7 complexity metrics, estimated at λmin in 100 random 

iterations of the cross-validation. A: coral-dominated quadrats; B: sponge-dominated quadrats. 

Bars indicate standard deviation, dashed horizontal line represents zero (no effect of the 

predictor – growth form). The numbers indicate how many random iterations of the cross-

validation returned a non-zero value for the coefficient of that predictor. Only predictors whose 

coefficients were not shrunk to zero in 95% of the iterations were considered. R = rugosity 

(note the inverse scale), 1/k = vector dispersion, D1-5 = fractal dimension, BRA = branching, 

TAB = table, FOL = foliose, MAS = massive, SUB = sub-massive, FRL = free-living, ENC = 

encrusting, TUB = tubular, REP = repent, DIG = digitate, BAR = barrel, CUS = cushion, GLO 
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Figure 6.3. Proportional cover of the main benthic groups in Atlantis Great Barrier Reef, as 

estimated by combining data from the Seabed Biodiversity Program (Pitcher et al. 2007) and 

the Long-term Monitoring Program from AIMS. Values indicate the 0-1 proportion of a box 

occupied by the group. White boxes are non-dynamic boundary boxes. .............................. 172 

Figure 6.4. Proportional cover of heterotrophic, phototrophic, and bioeroding sponge in 
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1.1. Threats to coral reefs and coral decline 

Emissions of carbon dioxide have been steadily increasing after the Industrial Revolution, 

and concentrations of CO2 in the atmosphere have now passed 410 ppm, well above the pre-

industrial levels of 280 ppm. Increased atmospheric CO2 is causing increases in average 

seawater temperatures (ocean warming, OW) and pCO2, with the latter resulting in decreased 

pH (ocean acidification, OA). The Intergovernmental Panel for Climate Change (IPCC) 

predicts mean increases in sea surface temperature of 1.1 − 4.0 °C and a decrease in seawater 

pH of 0.2 − 0.32 units by 2100, depending on the levels of CO2 emissions in the next decades 

(IPCC, 2014).  

Coral reefs are among the most productive and diverse ecosystems on Earth, supporting 

immense biodiversity and the livelihood of millions of people. However, coral reefs are 

threatened by anthropogenic OW and OA. An increase in water temperature causes a disruption 

of the symbiosis between corals and their associated photosynthetic algae. As a result, corals 

expel their photosymbionts, which causes coral bleaching and death in case of prolonged 

thermal stress. Large-scale bleaching events are occurring with increasing frequency due to 

increasing seawater temperatures (Hughes et al. 2017a, 2018), and projected levels of OW will 

have major impact on coral reefs globally in the near future (Hughes et al. 2017b). Moreover, 

OA and the corresponding undersaturation of carbonates make carbonate accretion more 

difficult, and contributes to the dissolution of existing carbonate structures (Feely et al. 2004, 

Orr et al. 2005). As a result, coral accretion is expected to be compromised on future reefs 

(Hoegh-Guldberg et al. 2007). Furthermore, storm intensity is predicted to increase globally as 

a result of climate change (Emanuel 2013), with projected severe ecological impacts on coral 

reefs (Cheal et al. 2017). 

In addition to the global threat of climate change, local-scale disturbances exert increasing 

pressure on coral reefs in the Anthropocene, which is defined by human activities significantly 

influencing the planet (Crutzen 2006). For example, decreased water quality caused by land 

runoff has detrimental effects on coral physiology and diversity (e.g. Brown and Hamilton 

2018, Lapointe et al. 2019), while overfishing of herbivorous fishes can facilitate an increase 

in macroalgal dominance on coral reefs (Mumby et al. 2007). 

On coral reefs, corals are only one of the ecologically important organisms that may be 

affected by global climate change and local anthropogenic disturbances. Coral reef sponges 

can be an abundant component of the benthic community, their ecological importance is 
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increasingly being recognised (see Pawlik and McMurray 2020). Because of their abundance 

and ecological importance, the way sponges respond to environmental change have been 

gaining increasing scientific attention. 

 

1.2. Sponges: evolution and taxonomy 

Sponges (phylum Porifera) are the most ancient multicellular metazoans to populate the 

oceans, with fossils dating back to the late Precambrian (~ 580 million years ago, Li et al. 

1998). Sponges are sessile benthic organisms that have no organ or tissue differentiation, with 

a body plan consisting of an undifferentiated mesohyl contained between two single layers of 

cells, an external pinacoderm and an internal choanoderm. The choanoderm is composed of 

flagellated cells, the choanocytes, whose function is to pump water into an internal aquiferous 

system for water filtering (de Vos et al. 1991). Water enters this system of channels through 

microscopic inhalant openings, the ostia, and exits it through exhaling venting oscula. With 

such a simple body plan, sponges have remained virtually unchanged throughout their entire 

evolutionary history (Wood 1995), colonizing almost all aquatic environments, both freshwater 

and the oceans, at all latitudes and at a range of depths (e.g. McClintock et al. 2005, Manconi 

and Pronzato 2008, Bell et al. 2015a). Four classes of marine sponges are accepted within the 

phylum Porifera: Demospongiae, Calcarea, Hexactinellida, and Homoscleromorpha, and over 

9000 sponge species have been described and accepted as of 2019 (van Soest et al. 2019). 

With the exception of carnivorous sponges (Vacelet and Boury-Esnault, 1995), all sponges 

are suspension feeders that filter water to retain food particles. However, in shallow and 

nutrient-poor waters, many sponge species also rely on photosymbionts to supplement their 

heterotrophic diet (reviewed in Wulff 2006a). Wilkinson (1983) estimated that 9 out of 10 of 

the most abundant sponge species on the Australian Great Barrier Reef host cyanobacteria, 

whereas between 28-58% of sponge species on Caribbean coral reefs host photosymbionts 

(Wilkinson 1987, Wilkinson and Cheshire 1990). Most commonly, phototrophic sponges host 

cyanobacteria, but some bioeroding taxa host zooxanthellae of the genus Symbiodinium, like 

corals (Pang 1973). 

Sponges are challenging organisms to study and monitor. They are a very diverse phylum 

(Hooper et al. 1999), and in situ identification is often difficult due to their high morphological 

plasticity and due to the abundance of cryptic species (Shaffer et al. 2018). Moreover, sponges 

are not easily kept in aquaria (Wulff 2017), and sponge taxonomy is still developing and rapidly 
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changing (e.g. Gazave et al. 2012, Morrow and Cárdenas 2015). Sponges are also difficult to 

monitor, because life history traits vary broadly between species, and because sponges have 

plastic body plans capable of fragmentation and fusion (reviewed in Bell et al. 2017).  These 

factors have contributed to many monitoring programmes excluding sponges (Wulff 2001). 

However, sponges have many ecological roles, which mediate the ecological importance of 

this phylum across coral reefs and marine ecosystems in general (reviewed in Wulff 2006a, 

Bell 2008). 

 

1.3. Functional roles of sponges on coral reefs 

1.3.1. Filtration, pumping, and biogeochemical cycling 

Sponges remove organic matter from the water column and make it available for higher 

trophic levels, contributing with other organisms to the removal of particulate and dissolved 

organic matter from the water column (Bell 2008). As benthic suspension feeders, sponges 

pump and filter large volumes of water to retain ultraplankton and picoplankton (Reiswig 

1971a, b). If this water filtration system is disrupted, for instance as a result of sponge mass 

mortalities, organic matter may accumulate in the water column, with detrimental effects for 

the ecosystem (Wulff 2001). 

Sponges also actively feed on dissolved organic carbon, or DOC (Yahel et al. 2003, 

Maldonado et al. 2012), although with species-specific efficiency (Hoer et al. 2018). Recent 

studies have shown that many sponges transform the carbon that they assimilate as DOC into 

particulate detritus, which originates from fast cell turnover inside the sponge (de Goeij et al. 

2008, Rix et al., 2016, 2017, 2018). The carbon remineralised this way is consumed by 

detritivores, thus re-entering the ecosystem, completing the cycle defined as the ‘sponge loop’ 

(de Goeij et al. 2013).  The sponge loop is thought to be an important pathway of carbon cycling 

on coral reefs, which are generally oligotrophic aquatic environments (de Goeij et al. 2013, 

Pawlik and McMurray 2020). 

By filtering water, sponges also have a major role in elemental cycles on coral reefs. Most 

sponges use silicon to build spicules. Although diatoms are possibly the main agents of silicon 

cycling on a global scale (Greenwood et al. 2001, Rickert et al. 2002), sponges are thought to 

be important silicon sinks, due to their longer life span compared to diatoms and to the slower 

dissolution of sponge spicules than diatom frustules after death (Maldonado et al. 2005, 2010). 

Although the available information is limited, sponges also take part to the recycling of 
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nitrogen and phosphorous on coral reefs. Both particulate organic nitrogen (PON) from 

picoplankton and dissolved organic nitrogen (DON) are consumed by coral reef sponges 

(Hadas et al. 2009, de Goeij et al. 2013), which then produce ammonium (NH4
+) as a metabolic 

waste product (Diaz and Ward 1997). Sponge-associated bacterial communities hosted by coral 

reef sponges are also linked to nitrification (Diaz and Ward 1997, Archer et al. 2017), nitrogen 

fixation (Zhang et al. 2014), and sequestration of phosphorus (Zhang et al. 2015, Archer et al. 

2017).  

1.3.2. Reef building and degradation 

Sponges can contribute to the formation of habitat, especially when found in dense 

aggregations (reviewed in Maldonado et al. 2016). For example, deep-sea sponge grounds 

constitute complex habitats (Buhl-Mortensen et al. 2010) and can be found across latitudes, 

from the North Atlantic (Hogg et al. 2010) to the North Pacific (Conway et al. 2001) and the 

Australian continental shelf (Fromont et al. 2012). The role of sponges as reef builders in 

shallow habitats has received limited attention (but see below for the use of sponges as 

microhabitat for associated fauna).  

On coral reefs, sponges can have either positive or negative effects on the accretion-erosion 

balance of reefs. Most sponge species do not produce calcareous skeletons like corals, and 

therefore do not contribute to net reef accretion (Rützler 2004). Sponges can bind coral rubble 

together, thus aiding the stabilisation of coral reefs after destructive events (Wulff and Buss 

1979, Wulff 1984). However, sponges, are also conspicuous bioeroders on coral reefs (Goreau 

and Hartman 1966, MacGeanchy 1977). Bioerosion is the degradation of consolidated 

carbonates into smaller fragments and then into sediments by chemical coring (Rützler 1975), 

and if it exceeds the accretion of new carbonate from corals and other biocalcifiers it can result 

in the degradation of reef structure (Stearn et al. 1977). Clionid sponges, for example, excavate 

the base of large coral colonies, causing them to break down and be dislodged (Rützler 2004). 

Sponge bioerosion is an important ecological process on coral reefs (reviewed in Schönberg et 

al. 2017), and while sponge-mediated rubble-binding can have positive effects on reef 

recovery, sponges have an overall negative effect on the accretion-erosion balance of coral 

reefs (see Pawlik and McMurray 2020).  

1.3.3. Biological interactions of sponges 

Sponges on coral reefs interact with a broad range of organisms. Sponges must compete for 

space with other benthic organisms, including other sponges, corals, macroalgae and other 
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benthic invertebrates. While not many sponge species regularly outcompete corals (Rossi et al. 

2015), some sponges can overgrow and smother corals (Coles and Bolick 2007, Loh et al. 2015, 

Elliott et al. 2016). Some sponge species produce secondary metabolites that have harmful 

effects on other benthic competitors (Pawlik et al. 2007). Allelochemical-mediated overgrowth 

has been reported for sponges outcompeting neighbouring bryozoans (Jackson and Buss 1975, 

Buss 1976), corals (Porter and Targett 1988, de Voogd et al. 2004) and other sponges (Turon 

et al. 1996, Thacker et al. 1998). Competitive interactions between sponges and algae on coral 

reefs have received limited attention. On Caribbean reefs, macroalgae can curb the growth of 

Clionid sponges by direct size-dependent competition and pre-emption of free substrate 

(González-Rivero et al. 2012, 2016), and by limiting the advance of excavating sponges into 

substrates overgrown by algae (López-Victoria et al. 2006). Contact with macroalgae can also 

have negative physiological effects on non-excavating sponges (Easson et al. 2014).  

Sponges are grazed by invertebrate and vertebrate predators. Invertebrate sponge predators 

are common in temperate and tropical seas, and include molluscs (e.g. Gemballa and 

Schermutzki 2004, Pawlik and Deignan 2015), echinoderms (e.g. McClintock et al. 2005), and 

crustaceans (Guida 1976). On coral reefs, vertebrate spongivores are abundant and diverse 

(reviewed in Wulff 2006a). Hawksbill turtles are specialised spongivores (Meylan 1988), 

whereas opportunistic feeding is observed in several fish species (Dunlap and Pawlik 1996, 

Wulff 1997). While sponge assemblages are rarely top-down controlled in cold and temperate 

waters (Wulff 2006a), predation is thought to be a primary driver of sponges on Caribbean 

coral reefs (reviewed in Pawlik et al. 2018). On Caribbean reefs, DOC-consuming sponges 

convert DOC into sponge biomass, which is eaten by spongivorous fishes (McMurray et al. 

2018). This pathway mediates the reintroduction of DOC into the reef food web as an 

alternative to the sponge loop (McMurray et al. 2018), and it underpins the ecological 

importance of spongivory on Caribbean reefs (Pawlik and McMurray 2020).   

Little is known about spongivory in the tropical Indo-Pacific. Fishes and opistobranch 

molluscs were found to have trophic interactions with sponges, but the role of these predators 

in controlling sponge assemblages remains unclear (e.g. Powell et al. 2015).  

 

1.3.4. Sponges as providers of habitat 

Sponges can form important associations with macrofauna and microorganisms. For 

example, deep sea sponge aggregations offer habitat for marine fauna (reviewed in Buhl-
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Mortensen et al. 2010), and provide structural complexity that is associated with invertebrate 

diversity (Beazley et al. 2013) and fish survival to predation (Ryer et al. 2004). Furthermore, 

sponges with upright morphologies provide habitat for fishes in estuarine systems (van Lier et 

al. 2017). Sponges also host diverse endobiotic invertebrate communities within their 

aquiferous system (Koukouras et al. 1996, Gerovasileiou et al. 2016, Papatheodoulou et al. 

2019), and they provide habitat for complex communities of microorganisms that mediate 

nutrient cycling and photosynthesis (reviewed in Taylor et al. 2007) 

The role of sponges as ecosystem engineers on coral reefs has not been investigated yet, and 

hard corals are considered the primary biogenic contributors to reef structure (Wild et al. 2011). 

Coral reef sponges provide refugia for juvenile lobsters in the Caribbean (Herrnkind et al. 

1997), and may be offer habitat in degraded reef systems (Seemann et al. 2018), but their 

potential to offer reef structural complexity has not been explored yet. 

 

1.4. Examples of drivers influencing marine sponges 

Sponges and the functional roles they provide are affected by a complex interplay of physical 

drivers and biotic interactions. For example, water temperature is known to impact sponge 

physiology and ecology in many ways. Even short-term exposure to increased water 

temperature can cause higher respiration rates (e.g. Cheshire et al. 1995, 1997, Zocchi et al. 

2003), mortality of the photosymbionts that can result in sponge bleaching (Vicente 1990, 

López-Legentil et al. 2008, McMurray et al. 2011), alterations to reproduction and larval 

dispersal (Cardone et al. 2008, Whalan et al. 2008), and reduced feeding (Massaro et al. 2012). 

Furthermore, light is a primary driver for sponge assemblages with a high proportion of 

phototrophic species like the ones on the Great Barrier Reef (e.g. Cheshire and Wilkinson 

1991). Sedimentation can also impact sponge diversity and abundance in a number of ways 

(see Bell et al. 2015b), and while some sponges can tolerate highly sedimented environments 

(Biggerstaff et al. 2017a), high sedimentation can cause increased metabolic rates for coral reef 

sponges (McGrath et al. 2017).  

Sponge assemblages are also influenced by local-scale environmental conditions. For 

example, water flow and substrate heterogeneity drive sponge morphological diversity in the 

Indian Ocean (Barnes and Bell 2002), and substrate inclination is an important determinant of 

sponge abundance and diversity in temperate systems (Bell and Barnes 2000a, b). 
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Biotic interactions are also important drivers of sponge assemblages on coral reefs. Research 

on the relative roles of bottom-up versus top-down controls on tropical sponges has mostly 

focused on Caribbean reefs. There is ongoing debate around whether Caribbean sponge 

assemblages are driven primarily by top-down (i.e. predation from sponge eaters, reviewed in 

Pawlik et al. 2018) or bottom-up controls (i.e. food limitation, Lesser and Slattery 2013, 

Slattery and Lesser 2015). Recent findings suggested that a combination of top-down and 

bottom-up controls may regulate sponge assemblages in the Caribbean (Wulff 2017), but these 

findings may be restricted to lagoonal habitats and not apply to fore-reefs (Pawlik and 

McMurray 2020). 

In the context of rapidly changing oceans, investigating how physical and biological drivers 

affect sponges on coral reefs is gaining increasing attention. 

 

1.5. Regime shifts towards sponge-dominated reefs 

Sudden changes in an ecosystem may result in a regime shift towards an alternative stable 

state (Scheffer et al. 2001). With corals declining as a result of global environmental change 

and increasing local anthropogenic pressure, coral reefs may shift towards alternative states in 

which other benthic organisms become dominant (Hughes 1994). Persistent anthropogenic 

perturbations can reduce the resilience of coral reefs to catastrophic events and contribute to 

the establishment of alternative stable states (Dudgeon et al. 2010). However, the establishment 

of ecological feedback is necessary for regime shifts to be permanent, as these feedbacks 

prevent the ecosystem from reverting to its original state (Suding et al. 2004). Feedbacks that 

are known to reinforce a macroalgal state include inhibition of coral growth and recruitment 

from macroalgae (Tanner 1995, Johns et al. 2018), and a decoupling between grazing pressure 

of herbivorous fishes and macroalgal abundance (Williams et al. 2001, Mumby et al. 2007).  

Regime shifts towards macroalgal systems are the most widely documented on coral reefs (e.g. 

Hughes 1994, Mumby et al. 2007, Bruno et al. 2009, Jouffray et al. 2015). However, reefs may 

also shift to states dominated by other organisms like urchins, soft corals and sponges, 

depending on the drivers of the change and on the feedback processes that may be established 

(Norström et al. 2009).  

Recent research has shown that some sponge species may be more tolerant than corals to OW 

and OA (reviewed in Bell et al. 2018b). For example, although increased temperature can cause 

metabolic stress and bleaching in coral reef sponges (see above), sponges have been found to 



  

40 

 

be more resistant than corals to thermal stress (e.g. Schönberg and Suwa 2007, López-Legentil 

et al. 2008). Furthermore, because most sponges do not build carbonate skeletons, sponges may 

also be more tolerant than corals to a decrease in water pH, notwithstanding the potential 

negative effects of hypercapnia on sponge physiology (Pörtner et al. 2004). Although the 

impacts of acidification on sponges and their functions are still poorly understood (Stubler et 

al. 2015), some phototrophic sponges may benefit from increased seawater pCO2. For example, 

sponges near a CO2 “seep" in Papua New Guinea are ~ 40 times more abundant and hosted 

more photosymbionts than those distant from the seep, whereas corals are less abundant and 

hosted less photosymbionts (Morrow et al. 2015). Moreover, an increase in pCO2 was also 

found to mitigate the effects of warming on phototrophic sponge species on the Great Barrier 

Reef, although it exacerbated them on heterotrophic species (Bennett et al. 2017).  

Some coral reefs have already experienced transitions towards sponge-dominated states. 

Sponge abundance has increased on coral reefs in the Caribbean (Zea 1993, McMurray et al. 

2010, Colvard and Edmunds 2011, Villamizar et al. 2014), where sponges are now considered 

the main habitat-forming organisms (Loh and Pawlik 2014). El Niño Southern Oscillation 

(ENSO) events have caused a decline in coral cover in Bahia (Brazil), followed by an increase 

in sponge density (Kelmo et al. 2013, 2014). Increased sponge dominance has also been 

observed at some reefs in the Indo-Pacific, though habitat degradation and sedimentation, 

instead of warmer water, were the likely drivers of the shifts (Bell et al. 2015b). For example, 

the encrusting phototrophic sponge Lamellodysidea herbacea has increased at a sedimented 

site in the Wakatobi Marine Park in Indonesia (Biggerstaff et al. 2017b). Similarly, degraded 

reefs at the Palmyra Atoll are thought to have shifted from coral- to sponge-dominated systems 

in the recent past (Knapp et al. 2013, Knapp et al. 2016), and volcanic ashes suspended in the 

water column were associated with sponge population expansions in the Northern Mariana 

Islands (Schils 2012). 

Shifts towards sponge dominance have not been ubiquitous on coral reefs so far (Pawlik and 

McMurray 2020). However, as a result of the recent reports of increased sponge abundance 

and the evidence of higher tolerance of sponges to climate change conditions compared to 

corals, sponges have been proposed as potential ‘winners’ on future coral reefs (Bell et al. 

2013, 2018b).  

Potential direct effects of increased sponge dominance on future reefs include enhanced 

sponge-mediated carbon fluxes (McMurray et al. 2017) and increased bioerosion (Fang et al. 

(2013), but see Ramsby et al. (2018) for evidence that bioeroding sponges may not tolerate 
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future warming). However, while the ecological functions of reefs that transition to a 

macroalgal-dominated state have recently been discussed (Fulton et al. 2019), the ecosystem-

level effects of increased sponge dominance on future reefs are currently unknown. As coral 

reefs transition towards new configurations in the Anthropocene (Hughes et al. 2017b), it is 

critical to understand the ecological functions of altered reef states, in order to better predict 

how reef ecosystems will change in the future and to apply appropriate management strategies 

(Graham et al. 2014). Ecological models can be used as means to make such predictions, when 

they are informed by the knowledge of the key ecological processes in the studied system. 

 

1.6. Ecological modelling of coral reef sponges 

Coral reefs are complex ecosystems, influenced by many physical drivers. Predicting the 

ecosystem-level effects of perturbations on coral reefs is difficult and prone to uncertainty 

(Harborne et al. 2017). Ecological models (see Jopp et al. 2011 for an introduction) facilitate 

the representation of natural systems, the understanding of their dynamics, and the projection 

of their future states. Ecological models span in complexity from simple qualitative models 

that help develop research hypotheses to high-complexity, fully quantitative frameworks that 

capture entire ecosystems. Qualitative models focus on the key components and processes of 

the ecosystem, and they can give qualitative insights on the effects of a disturbance, such as 

the impact of OW and OA on coral reefs. Qualitative models are useful to develop testable 

hypotheses, identify gaps in the knowledge of the system, and corroborate quantitative studies 

(see Dambacher et al. 2009). Qualitative models used in ecology include the qualitative 

analysis of the community matrix, and of the ecological feedbacks that are established when 

the equilibrium of the modelled community is altered (Puccia and Levins 1985). Complex 

quantitative models, like  ecosystem models, capture many interacting species, flows of energy 

and matter between them, environmental drivers, and economic and social components. 

Ecosystem models are used for the holistic representation of natural systems, for the simulation 

of future scenarios of environmental change and human activities, and for the evaluation of 

management strategies (see Fulton et al. 2011).  

One of the most flexible and sophisticated ecosystem models currently available is Atlantis 

(Fulton et al. 2011).  Atlantis allows the dynamic modelling of the biological components of 

an ecosystem, the biophysical drivers affecting them, human uses of the system, and adaptive 

management strategies (Audzijonyte et al. 2019). Atlantis is a largely deterministic spatially-
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explicit model, with the modelled area partitioned into a mosaic of polygons that are defined 

after biotic, physical, and management-driven rationales. Energy and matter are exchanged 

between the polygons, and all model components are dynamically coupled. Atlantis has been 

used to model future scenarios of environmental change and fisheries with the aim to aid 

Ecosystem-Based Management (EBM, Link et al. 2010), with over 30 applications (Weijerman 

et al. 2016) worldwide. Atlantis applications range from relatively small islands like Guam 

(Weijerman et al., 2014) to large biogeographic regions like the Northeast United States (Link 

et al., 2010).  

Conceptual models have been used to summarise trophic interactions between sponges and 

their predators (Pawlik 2011) and their food sources (de Goeij et al. 2013), whereas 

parameterised, state transition models have been used to predict the effect of sponge 

demographics on sponge-mediated carbon fluxes (McMurray et al. 2017), and the response of 

bioeroding sponges to coral bleaching (Chaves-Fonnegra et al. 2017). Species distribution 

models have also been applied to predict the spatial distribution of sponge assemblages as a 

function of physical variables (Huang et al. 2011), and one ordinary differential equation model 

has been used to explore three-way competition between corals, macroalgae and sponges on 

Caribbean reefs (González-Rivero et al. 2011). In addition, food web models have captured 

some important ecological roles of sponges, like the sponge loop and its effect on food webs 

of reefs shifting towards algal dominance (Silveira et al. 2015). However, sponges have been 

underrepresented in more complex ecosystem models so far. 

The application of ecosystem models like Atlantis requires high volumes of data, and the 

quantitative knowledge of the modelled processes. Several aspects of coral reef sponge 

ecology, however, are still poorly understood. For example, the magnitude and ubiquity of 

some sponge-mediated ecological processes, like the sponge loop and the contribution to reef 

structural complexity, are still unclear (see Pawlik and McMurray 2020). In addition, dynamic 

ecosystem models must be grounded in the knowledge of how the modelled communities 

develop over time. However, with the exception of the Caribbean (Pawlik and McMurray 

2020), temporal variability of multi-species sponge assemblages has received limited attention, 

partially due to the restrictions to sponge monitoring discussed above. Furthermore, only 

recently it was possible to elucidate some of the mechanisms that mediate sponge response to 

OW and OA (Bennett et al. 2018), posing the problem of correctly modelling how sponges 

may respond to the simulated disturbances. These factors have limited the accurate 

representation of sponges and their ecological roles in in ecosystem models so far. 
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In ecosystem models for coral reef systems, sponges have been pooled with other benthic 

invertebrates into generic benthic filter feeders (e.g. Weijerman et al. 2014). However, sponge-

mediated ecological processes influence the functions of coral reefs (Bell et al. 2013, Pawlik 

and McMurray 2020), and may become even more important if sponge abundance increases 

on future reefs (McMurray et al. 2017), and should therefore be explicitly represented in 

ecosystems models of coral reefs. In addition, the differentiation of phototrophic and 

heterotrophic sponges is desirable when capturing sponges in an ecosystem model, because 

these two trophic groups have different ecological roles (Bell 2008), and can respond in 

different ways to environmental change (Bennett et al. 2017). 

 

1.7. Scope of this thesis and specific aims 

Sponges are an important component of coral reef ecosystems. Their ecological relevance is 

often overlooked in scientific research, and this can limit the understanding of coral reefs and 

their dynamics. Given the potential role of sponges as some of the ‘winners’ in response to 

climate change and the potential future increase in sponge dominance, it will be crucial to 

understand how sponge-dominated reefs may function, how coral reef trophodynamics will be 

altered, and ultimately how the human use of coral reefs will be affected. Ecosystem models 

can provide insights into present and future dynamics of sponge assemblages and coral reefs 

in general, pending the appropriate representation of sponges in such models, the interacting 

components of the system and the drivers behind their dynamics.  

The overarching goals of this thesis are: 1) to identify and address some important gaps that 

limit our understanding of how sponge-dominated reefs may function; and 2) the explicit 

representation of sponges in ecosystem models for coral reefs. The specific aims of this thesis, 

each corresponding to one Chapter, are: 

1. To develop a qualitative mathematical model of a coral reef, and to use this model to 

obtain qualitative predictions of the ecosystem-level effects of a regime shift towards a 

sponge-dominated reef. The analysis of model uncertainty will help to identify some aspects 

of sponge ecology that must be clarified to better predict how sponge-dominated reefs may 

function. 

2. To quantify the temporal variability of a coral reef sponge assemblage in the Wakatobi 

Marine Park (Indonesia). This Chapter will elucidate how sponge abundance and biodiversity 
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can change over time on coral reefs, which is useful when predicting how rapidly sponge 

assemblages may develop after a decline in corals. 

3. To determine long-term dynamics and interannual variability of the benthic community 

at the same Wakatobi site. This Chapter will quantify the temporal variability of all benthic 

sessile organisms and the effects of available substrate on benthic cover, providing insights 

into how changes in benthic dominance may occur on future reefs after coral mortality.  

4. To determine the role of sponges as providers of reef structural complexity on the same 

Indonesian reef system, using 3D photogrammetry. By comparing the 3D structure of sponge-

dominated and coral-dominated reef areas, and by determining which sponge morphologies 

contribute to reef structural complexity, this Chapter will investigate whether sponge-

dominated reefs may be complex habitats comparable to coral-dominated reefs.  

5. To develop a set of novel components of the Atlantis ecosystem model, dedicated to 

the detailed representation of sponges, their ecological roles, and their responses to 

environmental drivers. These components consist of additions and modifications to the 

Atlantis framework, and they include: the explicit modelling of phototrophic, heterotrophic, 

and bioeroding sponges, and of spongivorous fishes; a sub-model for competition for space 

between corals, macroalgae and sponges; a sub-model for sponge bioerosion damaging reef 

rugosity; and silicon limitation to sponge growth. These new model components are informed 

by the findings of the previous chapters, and by extensive review of the current knowledge of 

sponge ecology and ecophysiology.  

 



  

Chapter 2. Qualitative modelling of alternative reef states 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

The models and model results presented in this chapter are published in: Bell, J. J., Rovellini, 

A., Davy, S. K., Taylor, M. W., Fulton, E. A., Dunn, M. R., Bennet, H. M., Kandler, N. M., 

Luter, H. M., and Webster, N. S. (2018). Climate change alterations to ecosystem dominance: 

how might sponge-dominated reefs function? Ecology, 99(9):1920–1931. 
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Abstract 

Coral reefs in the Anthropocene are facing the threat of global climate change combined with 

other local-scale anthropogenic pressures. Corals are vulnerable to ocean warming (OW), 

ocean acidification (OA) and decreased water quality, and have been declining globally. As 

some coral reef sponges have shown higher tolerance than corals to OW and OA, it has been 

proposed that sponges may have an advantage over corals in a changing climate, and that 

sponge dominance may increase on future coral reefs. Understanding the ecological 

functioning of alternative states of coral reefs is critical to predict how future reef ecosystems 

will function, but the cascading effects of a shift towards sponge dominance are currently 

unknown. In this chapter, I used qualitative modelling to explore the ecosystem-level effects 

of environmental change on a coral reef ecosystem, and to identify the key ecological processes 

that determine how a sponge reef could function. A qualitative model (QM) of a coral reef was 

used to predict ecosystem-level responses to increased temperature, acidity, and turbidity. A 

set of lower-complexity QMs capturing key ecological processes (structural complexity, the 

sponge loop, and competitive superiority of macroalgae), were then used to obtain qualitative 

predictions of the effects of a decline of corals and an increase in sponge abundance on the 

reef. Model predictions showed that simulated OW, OA, and decreased water quality had 

negative effects on corals. Such coral decline was followed by a loss of reef structural 

complexity, increased sponge and macroalgal abundance, enhanced secondary productivity, 

and boosted detrital pathways. Analysis of the uncertainty around model predictions 

highlighted that a better understanding of the temporal variability of sponges and their 

contribution to reef structural complexity will provide better insights on how sponge reefs may 

function. 

 

2.1. Introduction 

Many terrestrial, freshwater and marine ecosystems have been degraded across the world in 

recent decades as a result of global environmental change and local anthropogenic pressure. 

On coral reefs, ongoing global decline of corals has been caused by increased water 

temperature (Graham et al. 2015, Hughes et al. 2017a), cyclones (Cheal et al. 2017), and 

pollution (Brown and Hamilton 2018). With the levels of ocean warming (OW) and 

acidification (OA) currently projected for the near future, corals are predicted to keep declining 

(Hoegh-Guldberg et al. 2007, Hughes et al. 2017b), to the detriment of coral reef biodiversity 



  

48 

 

and productivity. As a result of declines in coral, it is likely that future coral reefs will assume 

new configurations that will function differently from past and current reefs (Hughes 2017b). 

The ecological functions of these reef states with low coral cover, however, are currently poorly 

understood, because effects of changes in organism abundance on ecosystem processes are 

often difficult to quantify (see McMurray et al. 2017). However, understanding the ecological 

functions of coral reefs is critical to their management under the increasing threats that these 

ecosystems are facing (Bellwood et al. 2019). Therefore, it is important to understand how 

known ecological processes will be altered on low-coral cover reef configurations (Graham et 

al. 2014, Harborne et al. 2017). 

A widely documented outcome of coral loss driven by environmental change is a shift of the 

reef system towards macroalgal dominance (Dudgeon et al. 2010). Regime shifts of coral reefs 

towards macroalgal-dominated states have been reported from many reefs globally (e.g. 

Hughes 1994, Mumby et al 2007, Bruno et al. 2009, Jouffray et al. 2015), and the ecological 

functioning of these macroalgal states has been recently reviewed (Fulton et al. 2019). While 

algal-dominated reefs are the most often documented alternative states, shifts towards states 

dominated by other organisms have also been observed on some coral reefs (Norström et al. 

2009). For example, a transition towards sponge-dominated reefs may occur if sponge 

abundance increases over time (Bell et al. 2013, 2018b). Some coral reef sponges are more 

tolerant than corals to the combined effects of ocean warming and acidification (Duckworth et 

al. 2012, Bennett et al. 2018), and increased sponge abundance has been reported from some 

coral reefs where corals have declined (McMurray et al 2010, Schils 2012, Kelmo et al. 2013, 

Knapp et al. 2013, 2016, Powell et al. 2014, Biggerstaff et al. 2017b). However, sponges are 

still affected negatively by an increase in seawater temperature (Bennett et al. 2017, Ramsby 

2018), and it is unclear whether increased sponge dominance will be ubiquitous on future coral 

reefs (Pawlik and McMurray 2020).  

Sponges have many important ecological roles on coral reefs (see Chapter 1). These roles 

include the removal of carbon from the water column (Reiswig 1971a, 1975), the consumption 

of dissolved organic matter and production of sponge detritus for deposit feeders to consume 

via the ‘sponge loop’ (de Goeij et al. 2013, Rix et al. 2018), the provision of food for predators 

(McMurray et al. 2018), bioerosion of carbonates (Schönberg et al. 2017), competition for 

substrate with other sessile benthic organisms (Wulff 2006a), primary production (Wilkinson 

1983), and the provision of habitat for associated microbiomes (Taylor et al. 2007). Due to the 

many functional roles of sponges, an increase in sponge abundance on coral reefs will have 
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potential flow-on effects on the ecosystem. For example, increased sponge abundance may 

result into reduced substrate availability for other benthic organisms, with detrimental effects 

for weaker benthic competitors (de Voogd et al. 2004); furthermore, sponge-mediated carbon 

fluxes depend on sponge demographics in the Caribbean (McMurray et al. 2017). Moreover, 

some sponge-mediated ecological processes are expected to be enhanced under future 

environmental conditions. For example, bioerosion rates are likely to increase with future OA 

(Schönberg et al. 2017). However, the ecosystem-level consequences of changes in sponge 

abundance remain largely unknown (McMurray et al. 2017), and therefore little is currently 

known about how sponge-dominated reefs might function.  

Coral reefs are complex and highly diverse ecosystems, and they are influenced by a large 

number of environmental drivers that affect many organisms and ecological processes. 

Therefore, quantifying the ecosystem-level effects of changes in benthic dominance is difficult. 

Qualitative modelling (Puccia and Levins 1985) is a mathematical modelling approach that 

allows natural system to be represented as a set of variables (like physical drivers, nutrients, 

biomass pools, etc.) linked by interactions (like predation, competition, mutualism, etc.). 

Qualitative models (QMs in the following text) use loop analysis (Levins 1974, Puccia and 

Levins 1985) to obtain qualitative predictions of how the modelled system responds when a 

perturbation affects one, or many, variables (Dambacher et al. 2002, Dambacher et al. 2003a). 

Qualitative modelling does not quantify the magnitude of the ecosystem responses to a 

perturbation, like quantitative models do. However, quantitative approaches normally require 

prior empirical observation, large volumes of data, and a quantitative knowledge of the 

ecological processes at play (Dambacher et al. 2009). QMs are useful to predict in which 

direction each component of the system will change when a perturbation is applied, with 

mathematical rigor and with an estimation of the uncertainty around the predictions.  

Determining the uncertainty around model predictions is an important step of qualitative 

modelling (Dambacher 2002). This step allows the identification of potential gaps in our 

knowledge of how the system functions. Uncertainty in the predictions of QMs increases with 

system complexity, which is a function of the number of variables and links between them 

(Dambacher et al. 2002). For this reason, when representing a complex system like a coral reef, 

it is possible to use a set of alternative models of intermediate complexity capturing different 

aspects of the ecological system, and compare the predictions from these models (Dambacher 

et al. 2002, 2003a). This approach maintains system complexity on tractable levels, and it 

allows comparisons between the predictions from different models, thus aiding in identifying 
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the key ecological processes to be captured in the representation of the system. This makes 

QMs useful tools to inform more complex quantitative models (Dambacher et al. 2009).   

QMs of coral reefs have been used previously to review current knowledge of key processes 

of reef ecology while exploring the impacts of climate-related stress (see Mumby and van 

Woesik 2014, Harborne et al. 2017), to assess socioeconomic impacts of human activities on 

coral reefs (Dambacher et al. 2007, 2015), to support monitoring programs (Dambacher et al. 

2013), and to explore the combined effects of anthropogenic and environmental factors on 

species of interest (Babcock et al. 2016). Previous quantitative (McMurray et al. 2017) and 

conceptual (Pawlik 2011, Pawlik et al. 2016) models have focused on sponge trophic 

interactions, and one model has explored three-way benthic competition between corals, 

sponges and macroalgae, with frequent positive outcomes for the latter (González-Rivero et al. 

2011). However, no studies have yet investigated the ecosystem-level effects of an increase of 

sponge abundance on coral reefs (but see Bell et al. 2013 for discussion of the concept). 

In this Chapter, I explored the cascading effects of an environmental change-driven shift from 

coral to sponge dominance on a coral reef ecosystem using a set of QMs. I then quantified the 

uncertainty around the predictions of these models, in doing so identifying some important 

gaps in the current knowledge of sponge ecology that limit the understanding of how reefs may 

respond to an increase in sponge abundance.  The specific aims of this Chapter were: 1) to use 

a QM of a coral reef to explore the ecosystem-level effects of an increase in temperature, acidity 

and turbidity affecting the benthic community; 2) to use a simplified version of this QM to 

explore the effects of perturbation-driven decline of corals and increase of sponge abundance; 

3) to evaluate the response of the ecosystem to a shift in benthic dominance when three 

important aspects of coral reef ecology (reef structural complexity, the sponge loop, and 

competitive superiority of macroalgae) were captured by a set of alternative QMs. These QMs 

emphasised the nodal ecological processes that may define the functioning of a sponge-

dominated reef, and guided the focus of other Chapters in this thesis by highlighting some key 

questions that will help better understand the role of sponges on future reefs. In addition, the 

qualitative models developed in this chapter guided the modelling of sponges in the quantitative 

ecosystem model Atlantis (Chapter 6). 

 

 

 



  

51 

 

2.2. Methods 

2.2.1. Qualitative modelling of natural systems: an overview 

A brief overview of the qualitative modelling approach is presented here (see Appendix 1 

and references here for more detailed presentation of the approach). Qualitative modelling 

(Puccia and Levins 1985) aims to represent a complex system as set of components (or 

variables, e.g. populations, stocks, nutrient pools etc.) and the interactions between them, with 

no quantitative specification. The goal of the approach is to predict how a perturbation acting 

on one (or many) components propagates across the system, or in other words how all variables 

will qualitatively respond to a change in one variable (see Dambacher et al. 2002, 2003a, 

2003b). QMs capture the key components of the system (or the components of interest in the 

investigation) and their dynamic relationships. QMs are useful to predict system behaviour in 

response to perturbations and to formulate hypotheses, particularly when: 1) the interactions 

between individual components of the system are known but difficult to quantify (for example 

due to a lack of data, Dambacher et al. 2003a, b); and 2) the ecosystem-level effects of a 

perturbation that acts on one system component are unknown.  

The first step of qualitative modelling is to select of the components and properties of the 

natural system that must be represented. High model complexity (i.e. many variables and links) 

comes at the cost of interpretation of model predictions (Dambacher et al. 2002), and therefore 

the goal is to build a parsimonious model that includes only the variables and the interactions 

that are of principal interest in the investigation at hand, while still capturing the key properties 

of the modelled system. 

Qualitative modelling is based on the study of the qualitatively specified community matrix 

A, also known as a Jacobian matrix (Levins, 1968). A contains information on how the 

variables in the system interact with each other. For a system with 3 variables, A has the generic 

form: 

𝑨 =  [

𝑎1,1 𝑎1,2 𝑎1,3

𝑎2,1 𝑎2,2 𝑎2,3

𝑎3,1 𝑎3,2 𝑎3,3

] 

Each element αi,j in the community matrix details the effect that variable j has on variable i. 

Such effect can be positive (+), negative (-), or absent (0). The community matrix has a 

graphical representation in a signed digraph (Fig. 2.1 for a 2-variable system), where system 

variables are represented by circles, and interactions by arrows. The arrowheads indicate the 



  

52 

 

effect of the source variable on the target variable, with (→) denoting a positive effect, (―○) 

a negative effect, and (―) no effect. Different combinations of these arrowheads can represent 

all pairwise biological interactions, for example predation (○→), competition (○―○), and 

mutualism (→).  

 

Figure 2.1. Signed digraph of a predator (2) feeding on a prey item (1). Both variables are 

self-dampened, meaning they have a negative self-effect (see text). 

After the QM for the system (i.e. the community matrix) has been algebraically defined, but 

before it can be used to evaluate the response to perturbations, model stability must be 

evaluated. Qualitative modelling assumes that the modelled system is stable, or at equilibrium; 

that is, the system can return to its original state after a small and sudden pulse perturbation 

acts on it (Dambacher et al. 2003b). In mathematical terms, this is called Lyapunov stability 

(see Logofet 1993), and it is a function of the feedbacks (i.e. the pathways that connect the 

model variables) that are present in the system. From an ecological perspective, feedbacks 

determine how a perturbation propagates through the system, because they define the pathways 

travelled by energy and matter. An explanation of the mathematical definition of feedback in 

this context can be found in Appendix 1 (also see Levins 1974). Briefly, feedbacks can cause 

the instability of a QM in two ways (Dambacher et al. 2003b): 1) positive feedbacks cause the 

self-amplification of a perturbation, causing the system to drift away from the equilibrium in 

the direction of the displacement (Levins 1974); and 2) short feedbacks (e.g. between 2-3 

variables) are weak or ambiguous, whereas higher order pathways connecting many 

components of the system are strong, causing general instability. Stability analysis (Dambacher 

et al. 2003b) has the aims to identify these sources of instability in the system (see Appendix 1 

for discussion of the stability criteria). 

After evaluating model stability, the effects of a press perturbation on the system can be 

explored. The press perturbation of a variable in qualitative modelling is defined as a prolonged 

change (increase or decline) in a rate of birth, death, or migration of said variable (Puccia and 

Levins 1985). This change can have flow-on effects on the rest of the system, due to the way 

the perturbed variable is linked to other system components. One way to explore how a 

perturbation propagates in the system is the study of the adjoint matrix adj(A) (see Appendix 

1). Mathematically, given the community matrix A, adj(A) is defined as the transpose of the 
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matrix of the cofactors (Searle 1966). Each element ai,j of the adjoint matrix specifies the effect 

that a positive input in variable j has on variable i. That is, the adjoint matrix details the effect 

that an increase in one variable has on all the other system variables. From an ecological 

standpoint, each element ai,j of the adjoint matrix is given by the net number of feedbacks (i.e. 

pathways of ecological interactions) that link the perturbed variable j to any other system 

variable i. Because such feedbacks can be complex, as they define complex ecological 

interactions between many system components, the predictions of a qualitative model can be 

prone to ambiguity, or sign indeterminacy. Therefore, it is important to quantify the uncertainty 

of the predictions of the adjoint matrix (Dambacher et al. 2003a). For this purpose, a matrix of 

the weighted predictions (W) can be derived from the community matrix A. Elements wi,j in 

W detail the likelihood that the responses of the system to perturbation detailed in the adjoint 

matrix are accurate (see Appendix 1 for details). A prediction weight of w = 0 means complete 

ambiguity of prediction, and w = 1 means complete certainty (Dambacher et al. 2003a). With 

numerical simulations, Dambacher et al. (2003a) showed that a value of w ≥ 0.5 corresponds 

to accuracy of the predictions of >90%. The quantification of the uncertainty in the predictions 

from the adjoint matrix is a fundamental step of the QM approach, because ambiguous 

predictions are not helpful in elucidating system response to perturbation.  

2.2.2. A qualitative model of a coral reef: model assumptions 

A qualitative model (hereafter referred to as QM1) of a coral reef was built (Fig. 2.2a). QM1 

captured some of the main ecological components and interactions of a coral reef, with a focus 

on corals, sponges, and non-calcifying macroalgae as main benthic competitors. Coral reef 

benthic communities are complex and diverse, and other sessile organisms (including 

calcifying algae, ascidians, and soft corals) have important functional roles in coral reef 

ecosystems. However, for mathematical tractability to be maintained, model variables and 

connections in a QM should represent only the organisms and processes that are central to the 

modelled dynamics (Dambacher et al. 2002).  In the present study, corals, sponges and 

macroalgae were chosen to represent the benthos because of their important ecological roles, 

because they are all impacted by disturbances related to environmental change, and because 

the responses of sponges and macroalgae to a change in coral abundance was of central interest 

in this investigation. Instead of modelling spatial competition as direct negative links between 

the 3 benthic groups (see coral-algae relationships in Harborne et al. 2017), free substrate was 

included as explicit model variable. This allowed for the modelling of direct interactions 

between the benthic groups in addition to spatial competition, namely: sponge-mediated 
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bioerosion (Schönberg et al. 2017), production of harmful allelochemical (Rossi et al. 2015) 

and smothering (Loh et al. 2015) as negative link from sponges to corals; and macroalgae-

mediated smothering as negative link from macroalgae to corals (see Hughes 1994). Lower 

trophic levels were represented as one pool of picoplankton sustaining the heterotrophic 

feeding of sponges (Ribes et al. 1999, Hadas et al. 2009), and a simple phytoplankton-

zooplankton chain for the heterotrophic feeding of corals. QM1 captured the feeding of sponges 

on dissolved organic carbon (DOC, de Goeij et al. 2008, Hoer et al. 2018), and the transfer of 

that energy back to detritus via the sponge loop (de Goeij et al. 2013, Rix et al. 2018) and to 

spongivorous fishes via sponge predation (McMurray et al. 2018). The sponge loop hypothesis 

is based on macroalgae and corals contributing to the DOC pool by producing cell exudates 

(de Goeij et al. 2013), but QM1 did not explicitly model links between producers and DOC to 

maintain tractability. QM1 included herbivorous fishes grazing on macroalgae, and piscivorous 

fishes feeding on spongivores and grazers. While in reality all components of the system 

produce detritus, only links to detritus from sponges (via the sponge loop) and from piscivorous 

fishes were modelled explicitly. Because piscivorous fishes are at the top of the food web in 

QM1, their one-way contribution to detritus was proportional to the flow of matter through the 

system, and thus represented an approximation of each variable’s input into the detrital pool. 

This approximation was necessary for the number of links in the system to remain tractable 

(Dambacher et al. 2002). In QM1, corals contributed to habitat complexity, which in turn had 

a positive effect on intermediate trophic levels by providing refuge space from predators 

(reviewed in Graham and Nash 2013). All variables in QM1 were self-dampened, that is, had 

a negative self-effect. Self-dampening represents limitations to the growth of a variable that 

are not explicitly modelled, for example light and nutrients limiting primary producers (sensu 

Puccia and Levins 1985), or density-dependence limiting population growth (Dambacher et al. 

2003a). 
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Figure 2.2. Qualitative models of a coral reef. (a) Complete - QM1; (b) simplified model - 

QM2; (c) structural complexity model - QM3; (d) sponge loop model - QM4; (e) macroalgal 

competitive superiority model - QM5. In order from top to bottom: piscivorous fishes (PF), 

spongivorous fishes (SF), grazers (GR), structural complexity (SCX), turbidity (TU), detritus 

(DET), macroalgae (MA), acidity (A), free space (FS), dissolved organic carbon (DOC), 

sponges (SP), hard corals (HC), temperature (T), picoplankton (PIC), zooplankton (ZP), 

phytoplankton (PHY). The ends of the arrows indicate the effect of the source variable on the 

target variable, with (→) denoting a positive effect, (―○) a negative effect, and (―) no effect. 
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QM1 captured 3 physical variables: seawater temperature, acidity, and turbidity. Increased 

temperature was assumed to have a negative effect on corals (e.g. Hughes 2017) and on sponges 

(e.g. Bennett et al. 2017, Ramsby et al. 2018); increased acidity was assumed to have a negative 

effect on corals (Hoegh-Guldberg et al. 2007, Anthony et al. 2008), and a positive effect on 

some non-calcifying algae, caused by the co-occurring increase in dissolved CO2 and HCO3
- 

that algae can use for photosynthesis (e.g. Hall-Spencer et al. 2008, Connell and Russell 2010, 

Cornwall et al. 2017); and increased turbidity was assumed to have a negative effect on corals 

(Bessell-Browne et al. 2017). In reality, these 3 variables (and many other environmental 

drivers, including diseases, see Webster 2007) affect all components of reef ecosystems in 

complex ways (Harborne et al. 2017). However, the focus of this investigation was to determine 

how the effects of a perturbation acting on the benthos propagate across the ecosystem. Because 

qualitative modelling does not capture the strength of the effects of one variable on another, a 

parsimonious model that includes only the perturbations of concern and their strongest (or 

better known) effects in the investigated context is desirable (Dambacher et al. 2015). 

Therefore, the model deliberately captured only the main effects of these variables on the main 

benthic organisms. QM1 was evaluated for stability according to the criteria proposed by 

Dambacher et al. (2003b).  

2.2.3. Model application: cascading effects of shifts in benthic dominance 

2.2.3.1. Ecosystem-level effects of environmental change 

To simulate a scenario of climate change and decrease in water quality, QM1 was used to 

explore the effects on the ecosystem of a simultaneous increase in temperature, acidity and 

turbidity (positive input on the 3 variables). Sign determinacy of the predictions from QM1 

was evaluated by examining the matrix of weighted predictions W. Prediction weights of w ≥ 

0.5 were considered unambiguous (Dambacher et al. 2003a). Because of the large number of 

variables and links in QM1, predictions from it were prone to a high degree of sign 

indeterminacy (Dambacher et al. 2002, 2003a). To better explore the effects of a perturbation-

driven coral decline, and to alleviate the sign indeterminacy of the QM1 (Dambacher et al. 

2002), 4 additional models were constructed.  

2.2.3.2. Ecosystem-level effects of changes in benthic dominance: simplified model 

First, a simplified model (QM2) that did not include the environmental variables, structural 

complexity, or the sponge loop was created (Fig. 2.2b). Corals had an unambiguous negative 

response to an increase in temperature, acidity, and turbidity in QM1. Therefore, the removal 
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of the 3 physical variables and the implicit modelling of the climate-driven perturbation as 

coral decline (perturbation 1) was considered acceptable. Moreover, if the decline in corals 

caused an unambiguous increase in sponge abundance in QM2, the model was used to apply a 

second perturbation, in the form of an increase in absolute sponge abundance (perturbation 2). 

Applying these two perturbations directly to corals and sponges was useful to compare 

ecosystem-level effects between scenarios of relative increase of sponge abundance (due to a 

decline of corals) and of absolute increase of sponge abundance.  

2.2.3.3. Roles of structural complexity, sponge loop, and competition in regime shifts 

QM2 was then expanded into 2 additional models of intermediate complexity that had the 

goal to test the importance of reef structural complexity (QM3, Fig. 2.2c) and of the sponge 

loop (QM4, Fig. 2.2d) in climate-driven transitioning reefs. For both models, ecosystem 

responses to the same two perturbations applied to QM2 were explored (i.e. response to a 

decline in corals and to an increase in sponges).  

Finally, QM2 was modified to explore the effects of a decline of corals on the reef ecosystem 

when assuming general competitive superiority of macroalgae on coral reef sponges (QM5, 

Fig. 2.2e). Competitive interactions between macroalgae and sponges on coral reefs have not 

been extensively studied yet (but see Lopez-Victoria et al. 2006 and González-Rivero et al. 

2011, 2012, 2016 for examples of competitive superiority of macroalgae). Two perturbations 

were applied to QM5: a decline of corals; and an increase in macroalgae. The second 

perturbation in this case was not an increase in sponges, because sponges did not show an 

unambiguous positive response to the decline of corals in QM5, while macroalgae did. 

All models were tested for stability (Dambacher et al. 2003b) and the sign determinacy of 

their predictions were evaluated (Dambacher et al. 2003a). Signed digraphs were developed 

with the software PowerPlay Digraph Editor, Version 2.0 (2002). Stability and perturbation 

analysis were carried out with the mathematical software available at Supplement 1 of 

Dambacher et al. (2002) in Ecological Archives E083-022-S1 at 

http://www.esapubs.org/archive/.  

 

 

 



  

58 

 

2.3. Results 

2.3.1. Ecosystem-level effects of environmental change 

 

Figure 2.3. Effects of a simultaneous increase in temperature, acidity, and turbidity as potential 

outcomes of climate change and human impact on coral reefs, with associated responses. In 

order from top to bottom: piscivorous fishes (PF), spongivorous fishes (SF), grazers (GR), 

structural complexity (SCX), turbidity (TU), detritus (DET), macroalgae (MA), acidity (A), 

free space (FS), dissolved organic carbon (DOC), sponges (SP), hard corals (HC), temperature 

(T), picoplankton (PIC), zooplankton (ZP), phytoplankton (PHY). The ends of the arrows 

indicate the effect of the source variable on the target variable, with (→) denoting a positive 

effect, (―○) a negative effect, and (―) no effect. Free space was incorporated in the model as 

a state variable in order to explicitly represent passive occupation of the substrate, alongside 

specific interactions between benthic groups. However, increases or decreases in free space 

were not reported as model results, because fluctuations in free space would be difficult to 

interpret in the context of three benthic groups competing for it. Modified from Bell et al. 

(2018a), Fig. 1. 
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An increase in temperature, acidity and turbidity in QM1 caused the unambiguous negative 

response of corals and habitat complexity (w = 0.53 for both variables), but most model 

predictions had high sign indeterminacy (Fig. 2.3). The decline in corals had the effect of 

releasing zooplankton from coral grazing, with the consequent depletion of phytoplankton (w 

= 0.53 for both plankton pools). While free space was included as explicit variable in all 

models, predicted outcomes for this variable were disregarded because they would be of 

difficult interpretation, due to the three benthic groups competing for free substrate. 

Unambiguous model predictions and sign determinacy are reported in Table 2.1. 

2.3.2. Ecosystem-level effects of changes in benthic dominance 

 

Figure 2.4. Effects of changes in benthic dominance predicted by QM2. (a) Perturbation 

provides a negative input on corals. (b) Perturbation provides a positive input on sponges. In 

order from top to bottom: piscivorous fish (PF), spongivorous fish (SF), grazers (GR), 

macroalgae (MA), free space (FS), sponges (SP), hard corals (HC), picoplankton (PIC), 

zooplankton (ZP), phytoplankton (PHY). The ends of the arrows indicate the effect of the 

source variable on the target variable, with (→) denoting a positive effect, (―○) a negative 

effect, and (―) no effect. Modified from Bell et al. (2018a), Fig. 2. 

Sign determinacy increased considerably for QM2, due to the lower number of variables and 

links in the system. A perturbation causing a decline in coral abundance resulted in 

unambiguous positive responses of sponges and algae (w = 1 for both variables). The positive 
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response of sponges caused in turn the depletion of the picoplankton pool, whereas the positive 

response of algae propagated to upper trophic levels, causing an increase in grazers and 

piscivorous fishes (w = 0.67 and w = 1, respectively, Fig. 2.4a; but see predictions from QM3 

below). A perturbation-induced increase in sponge abundance caused a negative response of 

corals, due to the direct negative effects of sponge-mediated bioerosion and smothering of 

corals and to the pre-emption of free substrate (w = 0.67), while the effect of increased sponge 

abundance on macroalgae and their grazers was ambiguous (Fig. 2.4b). Spongivorous fishes 

were predicted to increase in this scenario as a consequence of the increased sponge biomass 

(w = 0.60). 

2.3.3. Roles of structural complexity, sponge loop, and competition in regime shifts 

When reef structural complexity was reintroduced as a model variable with a positive effect 

on grazers and spongivores in QM3, sponges and algae responded positively to a decline in 

corals (w = 0.50, w = 0.55, respectively, Fig. 2.5a), similarly as in QM2. A decline in corals 

caused the negative response of reef structural complexity (w = 1), which had negative flow-

on effects on grazers and spongivores. However, the increase in food availability for grazers 

and spongivores in QM3 contrasted the negative impact of reduced structural complexity, 

resulting in ambiguous predictions for spongivores and grazers. Piscivorous fishes responded 

negatively to the decline in corals and associated structural complexity (w = 0.55). A 

perturbation causing an increase in sponge abundance resulted in a negative response of corals 

and a corresponding decline in structural complexity (w = 0.67 for both variables, Fig. 2.5b). 

However, most other predictions were ambiguous, including the response of sponges.  

Predictions from QM4 of the effects of a decline in corals were similar to QM2 (Fig. 2.5c). 

The negative perturbation acting on corals propagated with positive effects on sponges (w = 1) 

and macroalgae (w = 0.68), ambiguous responses on grazers and spongivores, and an overall 

positive effect on piscivorous fishes (w = 0.83). The positive response of the top trophic level 

in QM4 was due to the enhanced trophic pathways of sponges and algae. The model also 

predicted an increase in detritus in the system (w = 1). An absolute increase in sponge 

abundance had similar responses (Fig. 2.5d), with the exception of an ambiguous response of 



  

61 

 

macroalgae, and positive response of spongivorous fishes (w = 0.60) linked to the increase in 

Figure 2.5. Effects of changes in benthic dominance predicted by QM3 (a-b) and QM4 (c-d). 

(a, c) Response of each system to negative press perturbation acting on corals; (b, d) response 

of each system to positive press perturbation acting on sponges. In order from top to bottom: 

piscivorous fish (PF), spongivorous fish (SF), grazers (GR), structural complexity (SCX), 

macroalgae (MA), free space (FS), sponges (SP), hard corals (HC), picoplankton (PIC), 

zooplankton (ZP), phytoplankton (PHY), detritus (DET), dissolved organic carbon (DOC). The 

ends of the arrows indicate the effect of the source variable on the target variable, with (→) 

denoting a positive effect, (―○) a negative effect, and (―) no effect. Modified from Bell et al. 

(2018a), Fig. 3. 
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sponges.  

When QM2 was modified to assume competitive superiority of macroalgae over sponges 

(QM5), a negative perturbation causing a decline of corals caused unambiguous positive 

responses from macroalgae, grazers and piscivorous fishes (w = 1, w = 0.71, and w = 0.67, 

respectively), and an ambiguous response of sponges and their associated source of food and 

predators (Fig. 2.6a). A positive perturbation acting on macroalgae caused largely ambiguous 

responses throughout the system, except for a positive response of grazers and a negative one 

of spongivorous fish (w = 0.73, w = 0.66, respectively, Fig. 2.6b).  

 

Figure 2.6. Effects of changes in benthic dominance predicted by QM5. (a) Perturbation 

provides a negative input on corals. (b) Perturbation provides a positive input on algae. In order 

from top to bottom: piscivorous fish (PF), spongivorous fish (SF), grazers (GR), macroalgae 

(MA), free space (FS), sponges (SP), hard corals (HC), picoplankton (PIC), zooplankton (ZP), 

phytoplankton (PHY). The ends of the arrows indicate the effect of the source variable on the 

target variable, with (→) a positive effect, (―○) a negative effect, and (―) no effect. Modified 

from Bell et al. (2018a), Fig. 4. 
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Table 2.1. Response of the modelled functional groups to the applied press perturbations (first row). Responses are positive (+), negative (-), or 

ambiguous (?). For unambiguous responses, the weighted prediction (w) is indicated. W ranges from 0 to 1, with w = 0 corresponding to complete 

ambiguity and w = 1 to complete certainty. A prediction weight of w ≥ 0.5 has been found to correspond to >90% correct predictions (Dambacher 

et al. 2003a, see also Appendix 1). 

 Compound model Core model 
Habitat complexity 

model 
Sponge loop model 

Macroalgal dominance 

model 

Perturbation applied 
↑ temperature, acidity, 

turbidity 
↓  corals 

↑ 

sponges 
↓  corals 

↑ 

sponges 
↓  corals 

↑ 

sponges 
↓  corals ↑ macroalgae 

Sponges ? + (1) + (0.70) + (0.50) ? + (1) + (0.70) ? ? 

Hard corals - (0.53) - (1) - (0.67) - (1) - (0.67) - (0.70) - (0.67) - (0.81) ? 

Macroalgae ? + (1) ? + (0.55) ? + (0.68) ? + (1) + (0.78) 

Spongivorous fish ? ? + (0.60) ? ? ? + (0.60) ? - (0.66) 

Grazers ? + (0.67) ? ? ? ? ? + (0.71) + (0.73) 

Piscivorous fish ? + (1) + (0.50) - (0.55) ? + (0.83) + (0.5) + (0.67) ? 

Picoplankton ? - (1) - (0.70) - (0.50) ? - (1) - (0.7) ? ? 

Zooplankton + (0.53) + (1) + (0.67) + (1) + (0.67) + (0.71) + (0.67) + (0.81) ? 

Phytoplankton - (0.53) - (1) - (0.67) - (1) - (0.67) - (0.71) - (0.67) - (0.81) ? 

Habitat complexity - (0.53)   - (1) - (0.67)     

Detritus ?     + (1) + (0.66)   

DOC ?     ? ?   
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2.4. Discussion 

In this chapter I explored the effects of climate-driven perturbations on a coral reef ecosystem 

using qualitative modelling, with the goal of highlighting the key ecological pathways that will 

determine how a sponge-dominated reef will function. The specific aims of this chapter were: 

1) to obtain qualitative predictions of the effects of an increase in temperature, acidity and 

turbidity on a coral reef, by using a qualitative model (QM); 2) to use a simplified version of 

this QM to explore the flow-on effects of a transition towards sponge dominance; and 3) to use 

three alternative QMs that captured, respectively, reef structural complexity, the sponge loop, 

and macroalgal competitive superiority over sponges, to evaluate the role of these ecological 

processes on transitioning reefs. Model predictions showed that projected environmental 

change will have negative effects on hard corals, and ecosystem-levels effect that will depend 

on the interplay of many ecological processes. If a shift towards sponge and macroalgal 

dominance occurs on future reefs, reef secondary production will be enhanced but reef 

structural complexity will decline, with uncertain effects on reef fishes. Furthermore, an 

increase in sponge dominance will likely boost sponge-mediated detrital pathways, and sponge 

populations may be limited by DOC and POC availability on future reefs. This chapter 

highlighted that, to understand how transitions to sponge dominance may occur and how 

sponge-dominated reefs may function, some key aspects of sponge ecology must be addressed. 

These aspects include temporal variability of sponge assemblages, and sponge contribution to 

reef structural complexity.  

2.4.1. Climate change alterations to a coral reef ecosystem 

QM1 predicted an unambiguous decline in corals and a consequent loss of reef structural 

complexity, but predictions for most other variables had high sign indeterminacy. This was due 

to the high number of variables (n = 16) and feedbacks in the model. In a QM, the number of 

feedbacks increases factorially with the number of system variables (Dambacher et al. 2002). 

This poses a practical limit to the size of the system, whereby even a QM capturing even 

relatively few variables can yield highly ambiguous predictions due to an intractable number 

of modelled pathways (Dambacher et al. 2003b). However, the overall low sign determinacy 

of the predictions from QM1 also highlighted some current gaps in the knowledge of how reef 

food webs will respond to a long-term decline in corals. These gaps include, for example, the 

effects of a shift in dominant benthic organisms on reef trophodynamics and three-dimensional 

structural complexity, and the interactions between sponges and macroalgae after a decrease in 

coral dominance. Harborne et al. (2017) showed in their review that the overall effects of 



  

65 

 

environmental change and anthropogenic pressure on coral reef ecosystems are often uncertain, 

due to the large number of components and the complex ecological interactions between them. 

While the uncertainty of model predictions is inevitably tied to the inherent complexity of coral 

reefs, sign indeterminacy caused by model complexity was mitigated by generating alternative 

models of lower complexity QM2-5 (see Dambacher et al. 2002).  

Qualitative models do not detail the strength of interactions between system variables. 

Therefore, in this QM, the response of the benthic community to a perturbation-driven decline 

of corals depended on the sign (positive, negative, or neutral) of the links connecting the coral-

macroalgae-sponge sub-system. However, in reality, the response of the benthic community 

will also depend on the ability of organisms to occupy the free substrate that becomes available 

after coral mortality. Macroalgae in tropical systems are efficient pioneering colonisers (Arnold 

and Steneck 2011) that can pre-empt free substrate under low grazing pressure (González-

Rivero et al. 2016). On the other hand, while sponge assemblages typically develop slowly 

(Pawlik and McMurray 2020), strong temporal changes in sponge abundance have been 

observed on some reefs (e.g. Kelmo et al. 2013, Biggerstaff et al. 2017b). In general, temporal 

variability of sponge assemblages has received little attention so far. To better understand 

whether transitions towards sponge dominance are likely to occur after coral mortality, it is 

important to determine the temporal variability of the abundance of sponges, algae and other 

benthic groups.  

Quantitative models should complement qualitative frameworks, when possible. Quantitative 

models capture ecological processes quantitatively, allowing for more detailed representation 

of complex ecosystems, and for quantitative predictions. However, quantitative models require 

a quantitative knowledge of the modelled system. The ecology of sponge-dominated reefs is 

not well known, largely because there are not many examples of these reef configurations 

(Pawlik and McMurray 2020). In addition, even when information on the studied system is 

abundant, qualitative models highlight the ecological feedbacks that are important in the scope 

of a change in one (or many) system components. Finally, analysing the uncertainty of a 

qualitative models is a crucial step in detecting the main gaps in the knowledge of the system. 

This information is needed to guide the development of quantitative frameworks. 
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2.4.2. Ecosystem-level effects of changes in benthic dominance 

Predictions from QM2 showed that a decline in corals had positive effects on sponges and 

macroalgae, due to the higher availability of free substrate that followed coral mortality. The 

boost in sponge biomass in this scenario had negative cascading effects on the pool of 

picoplankton grazed by sponges. Picoplankton is an important component of sponge 

heterotrophic diet (Reiswig 1971a, 1975, Ribes et al. 2005, Hadas et al. 2009). Because sponge-

mediated carbon fluxes depend on sponge demographics (McMurray et al. 2017), increased 

sponge abundance on future reefs may require higher concentrations of picoplankton to support 

sponge heterotrophic feeding, especially on reefs where heterotrophic sponges are the 

dominant component of sponge assemblages, like the Caribbean (Wilkinson 1987). 

QM2 predicted that responses of the fish groups to a decline in corals were different from 

their responses to an absolute increase in sponge abundance. A decline in corals and the 

consequent positive response of macroalgae caused an unambiguous positive response in 

grazers and in piscivorous fishes. Climate change alterations to coral reefs are predicted to 

strengthen herbivorous trophic links (Harborne et al. 2017), because secondary production is 

enhanced on macroalgal reefs (see Fulton et al. 2019), with a positive effect on herbivorous 

fishes (Gilmour et al. 2013) and positive flow-on effects on consumers. Importantly, the QMs 

developed for this Chapter did not capture fisheries. The overfishing of herbivorous fishes on 

transitioning coral reefs removes top-down controls on algae and therefore facilitates a shift 

towards algal-dominated states (Mumby et al. 2007). The predicted positive response of grazers 

to shifts towards macroalgal states will be conditional on their exploitation (and on loss of 

structural complexity – see below). 

In QM2, an absolute increase in sponge abundance caused a positive response of 

spongivorous fishes, but it had undetermined effects on macroalgae and the associated grazers. 

Such ambiguous responses of macroalgae to increased sponge dominance was a result of the 

combination of a sponge-mediated decline of corals (beneficial to algae) and the loss of free 

substrate (detrimental to algae). While macroalgae are efficient competitors of bioeroding 

sponges in the Caribbean (González-Rivero et al. 2012, 2016), competitive interactions 

between coral reef sponges and algae have not been extensively studied, and the ambiguity of 

the model predictions reflects the uncertainty around the relationships between these two 

benthic groups (see QM5 below).  
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The increase in spongivorous fishes on reefs that transitioned towards sponge dominance is 

conditional upon the ubiquity of significant predator-prey relationship between sponges and 

spongivores. Trophic interactions between sponges and sponge-eating fishes control sponge 

assemblages in the Caribbean (reviewed in Pawlik et al. 2018), whereas the role of spongivory 

in the Indo-Pacific is less clear (Powell et al. 2015). Field studies beyond the scope of this 

thesis will be needed to understand how increased sponge dominance may affect demographics 

of sponge predators on transitioning reefs.  

2.4.3. Key ecological processes in shifts towards sponge dominance: alternative models 

2.4.3.1. Structural complexity 

In QM3, a negative press perturbation acting on corals caused a decline in reef structural 

complexity, a decline of piscivorous fishes, and the positive response of macroalgae and 

sponges. Coral-provided structural complexity has important ecological roles on coral reefs 

(reviewed in Graham and Nash 2013), and it is associated with the abundance and diversity of 

reef fishes (Coker et al. 2014), and with reef fishery productivity (Rogers et al. 2014). The 

decline of scleractinian corals has corresponded to a loss of structural complexity on coral reefs 

(Alvarez-Filip et al. 2009, Elliott et al. 2018, Magel et al. 2019), causing widespread decline 

of fish species richness and abundance (e.g. Jones et al. 2004, Graham et al. 2006, Wilson et 

al. 2006). The projected decline of corals will result in a loss of structural complexity on future 

reef (Wild et al. 2011), with negative effects for fish communities (Newman et al. 2015) and 

for reef fisheries (Rogers et al. 2018). The ambiguous response of grazers and spongivores 

predicted by QM3 was due to a loss of structural complexity (negative) and the discussed boost 

in productivity tied to the increase in the respective food sources (positive).  

When QM3 was perturbed with an absolute increase in sponge abundance, many groups 

showed ambiguous responses, but hard corals still declined and so did structural complexity. 

Smothering effects of sponges on corals have been observed in the Caribbean (Loh et al. 2015) 

and the Indo-Pacific (Rossi et al. 2015), and although sponges may have some beneficial effects 

on reef accretion by binding coral rubble (Wulff 2006a), an increase in sponge abundance is 

overall expected to have detrimental effects on corals (Pawlik and McMurray 2020). Moreover, 

an increase in abundance of bioeroding sponges combined with the projected OA conditions 

may have negative effects on the accretion-erosion balance of coral reefs (reviewed in 

Schönberg et al. 2017), although many bioeroding sponge species will likely not tolerate the 

highest predicted increases in seawater temperature (Fang et al. 2014, Ramsby et al. 2018). 
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A key question emerging from QM3 is whether other organisms than corals can also 

contribute to structural complexity on transitioned reefs. Canopy-forming algae can provide 

structural complexity on macroalgal reefs, but algal assemblages will also likely shift towards 

low-complexity states due to increased water temperature (Fulton et al. 2019), with detrimental 

effects on macroalgal-associated reef fish (Wenger et al. 2018). The role of sponges as 

providers of structural complexity on coral reefs has not been investigated yet. The high sign 

indeterminacy of the predictions from QM3 under an absolute increase in sponge abundance 

highlighted the paucity of information currently available on the ecosystem-level effects of a 

change towards sponge dominance. Investigating the potential for coral reef sponges to provide 

structural complexity will be important to gain better insights on how sponge-dominated reefs 

will likely function. 

2.4.3.2. The sponge loop 

QM4 predicted an unambiguous increase in detritus. This increase in detritus was caused by 

sponge production of particulate detritus, which has been reported for many sponge species 

(Alexander et al. 2014, Rix et al. 2016, 2017, 2018). Notably, DOC showed an ambiguous 

response to an increase in sponges. Such ambiguous response of DOC was due to two opposite 

effects: the positive effect from the decomposition of detritus (see Holmer 1996); and a 

negative effect of the sponge-mediated consumption of DOC. While the reliance of sponges on 

DOC is species-specific (Hoer et al. 2018), an increase in sponge abundance on coral reefs will 

likely cause an increase in sponge-mediated carbon flow (McMurray et al. 2017), with higher 

demand of inorganic carbon to sustain larger sponge populations on transitioned reefs.  

Although there is increasing evidence for the existence of the sponge loop on coral reefs 

(reviewed in Pawlik and McMurray 2020), this pathway has been investigated mostly on 

Caribbean reef systems. Furthermore, not all sponges produce significant quantities of detritus, 

and a proposed alternative to the sponge loop is the assimilation of DOC and the production of 

sponge biomass (McMurray et al. 2018). Finally, corals are large producers of DOC on coral 

reefs (Wild et al. 2004, Tanaka et al. 2008), and a loss of corals on transitioning reefs may 

therefore have an indirect curbing effect on the sponge loop by limiting DOC availability. 

Elucidating the ubiquity and the ecological pervasiveness of the sponge loop with experimental 

studies on sponge species from different regions will have a critical role in the understanding 

of sponge-dominated reefs. Assessing the ubiquity of the sponge loop is beyond the scope of 

this thesis. 
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2.4.3.3. Competitive superiority of macroalgae over sponges 

When macroalgae were assumed to have a competitive advantage over both corals and 

sponges (QM5), a decline in corals caused a positive response in macroalgae, which in turn 

caused an ambiguous response in sponge abundance. This response mirrored the uncertainty 

around the development of sponge assemblages on reefs that will transition towards algal 

dominated states. Competitive interactions between sponges and algae on coral reefs have 

received little attention. Research from the Caribbean showed that proximity with macroalgae 

is disadvantageous for sponges due to shading and abrasion (Easson et al. 2014), while 

bioeroding sponges of the genus Cliona are limited by pre-emptive competition of macroalgae 

(López-Victoria et al. 2006, González-Rivero et al. 2012, 2016). However, relationships 

between sponges and algae are species-specific (López-Victoria et al. 2006), and the outcome 

of competitive interactions on transitioned reefs will depend on the species composition of 

algal and sponge assemblages. Importantly, the negative effect of an increase in sponge 

abundance on corals in QM2-4 was mediated by the negative link between sponges and corals. 

This negative link also captured bioerosion from excavating sponges, and it is therefore 

important to understand whether macroalgae can reliably curb increases in boring sponge 

abundance, as this would indirectly remove competitive pressure on corals. Experimental 

studies beyond the scope of this thesis will be needed to characterise competitive interactions 

between algae and sponges. 

2.4.4. Emerging key questions and focus of future chapters 

This application of qualitative modelling showed that climate change-induced decline of 

corals on future coral reefs may result in an increase in sponge and macroalgal abundance, and 

an enhancement of sponge-driven detrital carbon pathways. Furthermore, the predicted 

increase in sponge and macroalgal abundance will likely cause a boost in secondary production 

of herbivores, spongivores and detritivores. However, a decline in structural complexity caused 

by the loss of corals will have detrimental effects on reef fishes.  

By predicting an increase in sponge abundance in response to a perturbation, all QMs used 

in this analysis assumed that coral reef sponge assemblages can show temporal variability. 

However, temporal dynamics of tropical sponge assemblages have received limited attention 

so far.  Therefore, it is important to quantify short-term and long-term temporal variability of 

coral reef sponge assemblages (see Chapter 3), and of other benthic organisms (see Chapter 4). 

Understanding the temporal development of sponge assemblages (and of the benthic 
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community they are a part of,) is crucial to develop and validate quantitative ecosystem models 

that capture temporal dynamics of coral reef organisms (see Chapter 6).  

A key research questions emerged as a result of the analysis of model uncertainty. That is, to 

understand whether enhanced macroalgae and sponge biomass will support fish productivity 

on coral-depleted reefs despite the loss of structural complexity, it is important to determine 

whether sponges can also provide structural complexity (see Chapter 5). In addition, QMs in 

this chapter highlighted the importance of other aspects of sponge ecology that are of primary 

importance in the context of a regime shift towards sponge reefs. For example, sponge-

mediated carbon fluxes depending on the consumption of DOC may have a major role in the 

functioning of sponge-dominated reefs. In particular, the sponge loop pathway may support 

higher trophic levels by reintroducing carbon in the system in the form of detritus consumed 

by detritivores.  Identifying these key aspects of sponge ecology guided the incorporation of 

sponges in the Atlantis ecosystem model (Chapter 6). 

  



  

Chapter 3. Temporal variability of sponge abundance 

and biodiversity of an Indonesian sponge assemblage 
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Abstract  

Natural communities can undergo large temporal changes in abundance and species 

composition that may be difficult to detect without long-term ecological monitoring. 

Characterizing temporal variability in coral reef fauna is critical for predicting how reef 

ecosystems will be impacted by environmental change. Sponges are an ecologically important 

component of coral reefs, yet descriptions of temporal dynamics of multi-species sponge 

assemblages are scarce. I studied temporal changes in abundance and biodiversity of an 

Indonesian coral reef sponge assemblage over 13 years (2005-2017). Mean sponge abundance 

(sponge patches m-2 ± SE) initially increased from 124.06 ± 8.46 to 183.73 ± 12.12 in 2005-

2007 (P < 0.001), declined to 66.53 ± 10.62 in 2007-2014 (P < 0.001), and increased to 105.87 

± 15.42 in 2014-2017 (P < 0.001). These patterns in sponge abundance did not depend on water 

temperature. Overall, 141 sponge taxa were recorded. However, species composition showed 

strong temporal patterns, driven by a few abundant taxa (e.g. Protosuberites sp., Sycon sp., and 

Pericharax sp., respectively accounting on average for ~ 25%, 20% and 5% of total sponge 

abundance). Species richness increased with sponge abundance (P < 0.001), whereas evenness 

decreased due to dominance of some taxa in years of high sponge abundance (P = 0.002). This 

Chapter highlights that the abundance and biodiversity of Indo-Pacific sponge assemblages 

undergo dramatic temporal changes driven by species-specific population variability. This 

variability has important implications for designing monitoring programs, for interpreting 

experimental studies, and for understanding long-term responses of coral reefs to perturbations.  

 

3.1. Introduction  

Demographic patterns and species composition of natural communities can display strong 

temporal variation. Interannual fluctuations of the abundance of natural populations have been 

well documented for many organisms; for example, plants (Gonzalez-Andujar et al. 2006), 

insects (Turchin et al. 1991), marine benthic infaunal communities (Frid et al. 2009), and coral 

reef organisms (Adjeroud et al. 2002, Shenkar et al. 2008). Within communities and multi-

species assemblages, life-history traits of a species can influence its responses to environmental 

drivers, and this can result in species-specific population dynamics. As a consequence, the 

species composition and biological diversity of the assemblage can also be temporally variable 

(e.g. Lamy et al. 2016, Mokany et al. 2015).  
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Understanding the temporal dynamics of functional components of coral reef communities 

is challenging because of the complexity of interactions and the range of factors that drive 

them. Sponges are an important component of coral reefs, where they perform a variety of 

functional roles (see Chapter 1). For example, sponges remove particles and organic matter 

from the water column through filtration (de Goeij et al. 2008), and make them available to 

higher trophic levels either as sponge detritus eaten by detritivores (Rix et al. 2018) or as 

sponge biomass eaten by sponge predators (McMurray et al. 2018, Pawlik et al. 2018). Sponges 

also influence the accretion-erosion balance of reefs, negatively by chemical-mediated 

bioerosion (Schönberg et al. 2017) and positively by rubble binding (Wulff 1984). Sponges 

also play an important role in silicon cycling (Maldonado et al. 2005), and provide biogenic 

habitat for associated microbial and macrofaunal communities (Wulff 2006a, Taylor et al. 

2007). In the context of environmental change and reef degradation, sponges are receiving 

increasing attention due to their potential to become more abundant, and even dominant, on 

coral reefs with the decline of corals (Norström et al. 2009, Bell et al. 2013, Stubler et al. 2015, 

Bennett et al. 2017, Bennett et al. 2018). An absolute increase in sponge abundance on coral 

reefs has already been observed in the Caribbean (Diaz and Rutzler 2001, McMurray et al. 

2010), and at certain sites in the Indo-Pacific (Powell et al. 2010, Powell et al. 2014) and 

tropical Pacific (Schils 2012, Knapp et al. 2013, Knapp et al. 2016). However, studies on 

temporal dynamics of tropical sponge assemblages are rare; most long-term surveys have been 

performed in the Caribbean (Butler et al. 1995, Wulff 2006b, Wulff 2013, Wulff 2017, Stevely 

et al. 2011), although recent reports have also emerged from the Central Pacific (Knapp et al. 

2013, Knapp et al. 2016) and Great Barrier Reef (Ramsby et al. 2017).  

The Indo-Pacific is an important biodiversity hotspot for marine taxa, including fishes and 

corals (Roberts et al. 2002). Sponge assemblages in the Indo-Pacific are extremely complex 

and poorly understood (Bell et al. 2015a, van Soest et al. 2012), particularly with respect to 

variation in sponge abundance and diversity. Despite the paucity of information on sponge 

ecology in the Indo-Pacific, sponges from this region fill all the important ecological roles 

mentioned above: bioerosion (Marlow et al. 2018a), silicon cycling (Bertolino et al. 2017), 

competitors for space (de Voogd et al. 2004, Rossi et al. 2015), food sources for grazers (Powell 

et al. 2015), and hosts for bacterial communities (Cleary et al. 2019). Nevertheless, while 

studies have described the community composition of sponge assemblages at some locations 

in Indonesia (Cleary and de Voogd 2007, de Voogd and Cleary 2008, de Voogd et al. 2009, 

Calcinai et al. 2017), and short-term temporal changes in mono-specific sponge populations 
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(Biggerstaff et al. 2017b), no information exists on temporal dynamics of entire sponge 

assemblages. These knowledge gaps severely restrict our understanding of benthic dynamics 

on potentially threatened reefs. Understanding temporal patterns in abundance and the 

taxonomic composition of sponge assemblages is important for distinguishing between 

changes that are a result of natural population variability and those that may be a result of 

anthropogenic disturbance.  

Of the many environmental drivers that can influence the temporal dynamics of a community 

(see Chapter 1), changes in sea water temperature have variable effects on sponge populations. 

Widespread sponge mortality has been documented after exposure to increased water 

temperature in temperate and tropical systems (reviewed in Bell et al. 2017). However, some 

sponge assemblages are resistant to acute warming associated with El Niño Southern 

Oscillations (Kelmo et al. 2013), and sponges have been proposed as potential winners on 

warmer coral reefs under near-future climate scenarios (reviewed in Bell et al. 2018b). 

Warming trends over the past few decades have been reported for the Indo-Pacific (Heron et 

al. 2016), and bleaching events in this region have been documented for corals (Bruno and 

Selig 2007, Wilson et al. 2012) and the bioeroding sponge Cliona aff. viridis (Marlow et al. 

2018b). However, the effects of temporal changes in seawater temperature on sponge 

assemblages in this region remain unexplored.  

Long term monitoring is important to understand the effects of perturbations on communities. 

In this Chapter, I quantified long-term temporal variation of sponge abundance (measured as 

the number of sponge patches, where a sponge patch is one delimited growth forms of a single 

sponge taxon), diversity and assemblage composition on an Indonesian coral reef between 2005 

and 2017 in order to: (1) characterise the temporal dynamics of the sponge assemblage; (2) 

investigate the effect of sea water temperature on sponge assemblage population dynamics; (3) 

investigate whether fluctuations in sponge abundance correspond to changes in the biodiversity 

of the assemblage; and (4) perform an analysis of the assemblage composition to identify which 

taxa contribute most to the observed fluctuations in sponge abundance.  
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3.2. Materials and Methods 

3.2.1. Site description and sampling protocol 

The study location (known locally as Buoy 3, 05°28.34S, 123°45.43E) is a vertical reef wall 

off the South-West coast of Hoga Island in the Wakatobi Marine Park (SE Sulawesi, Indonesia, 

Fig. 3.1). At this location, three sites (A, B and C) approximately 100 m apart from one another 

were established in 2005 at a depth of 10-12 m. Shallow water marine sponges generally have 

limited dispersal capabilities (Maldonado 2006), with dispersal distances in the order of <25 m 

for small encrusting species that produce philopatric larvae (Blanquer et al. 2009) and of 60-

140 m for larger species like Xestospongia spp. in the Indo-Pacific (Bell et al. 2014). Therefore, 

the distance between sites was considered sufficient to minimise between-site recruitment for 

most of the surveyed sponge taxa. Due to the configuration of the reef, sites A and B were 

established on a 90° wall, whereas site C was inclined at approx. 80°. At each site, 5 permanent 

1 m2 fixed replicate quadrats were established on the vertical reef wall along an approximately 

10 m long reef tract. Permanent quadrats were chosen as the most appropriate method to 

monitor temporal dynamics of the same sponge assemblage in the same reef area (see Austin 

1981) while ensuring consistency between reef surfaces that were being sampled through time 

(e.g. to standardise for shading, orientation, surface angle and fractal surfaces). The quadrats 

were positioned haphazardly at each site because if permanent plots are placed by judgement 

this may give a biased picture of the population (Hill et al. 2006). After establishing the 

quadrats, initial surveys were conducted to identify the dominant sponge species inhabiting the 

area. Tissue samples were collected from approximately fifty sponges in the first year to 

identify the dominant sponge taxa at the highest resolution possible. Taxon identification, 

where possible, of these sponges was based on external and internal (spicule and structure) 

morphological features, and carried out with the aid of published resources (e.g. van Soest 

1989, Hooper and van Soest 2002). Reference information for in situ identification of the 

sponges in subsequent years was maintained, with additional sampling performed any time a 

new taxon was recorded in the quadrats (although material was only able to be exported in the 

first year for full taxonomic work). While the majority of taxa were not formally identified, the 

same taxa could be consistently identified through time because the same observer collected 

all data, allowing overall assemblage dynamics to be investigated.  
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Figure 3.1. Map of Hoga Island, the Wakatobi National Marine Park, and Sulawesi. The star 

indicates the location of the study site. Map data: © OpenStreetMap contributors, available 

from https://www.openstreetmap.org.  Map created in QGIS (QGIS Development Team 2018). 

 

While there are several ways that sponge abundance can be characterised (Bell et al. 2017), 

here total sponge abundance based on number of patches was selected, where one sponge patch 

corresponds to a delimited growth form of a single sponge taxon. A sponge patch corresponds 

to one individual sponge growth form, irrespective of its size, as delimited by its contours. The 

term ‘patch’ is used instead of the term ‘individual’ because many sponges are capable of 

asexual reproduction and fragmentation. Therefore, the term ‘individual’ would be ambiguous 

for a sponge resulting from the fragmentation of another sponge, as the two would be 

genetically identical. Patches were selected as a measure of sponge abundance for several 

logistical and practical reasons. The sponge assemblage at this reef is primarily comprised of 

small encrusting species (ranging from a few mm2 to ~ 0.25 m2 for the largest sponge, see Fig. 

A2.1 for scales), found in small patches at high densities (often >200 sponges m-2). An accurate 

estimation of the individual volume or biomass of these sponges was therefore impractical due 

to their morphology (>90% of sponge patches were encrusting) and dimensions. Furthermore, 

while photographic methods were trialled to estimate percentage cover, the high diversity and 

coverage of non-sponge benthic organisms meant a large number of sponges could not be seen 

https://www.openstreetmap.org/


  

78 

 

in the photographs. For these reasons, the number of sponge patches was considered the most 

appropriate measure to capture sponge abundance and diversity in this study. Sponges were 

counted in situ on SCUBA between June and July every year from 2005 to 2017, except for 

2010 and 2012. Sponges were counted and identified by the same observer. A total of 141 

sponge taxa were identified on the reef over the study period. A complete list of the 

taxonomically identified sponges and pictures of the most common taxa can be found in 

Appendix 2 (Tab. A2.1, Fig. A2.1).  

3.2.2. Temporal changes in sponge abundance 

Temporal and spatial differences in sponge abundance (N) were explored by fitting linear 

mixed effect models (LMM, R package nlme, Pinheiro et al. 2018) with normally distributed 

errors and random intercepts. Despite the limited dispersal range of sponges (Blanquer et al. 

2009), between-quadrat recruitment was possible within the same site. Therefore, to account 

for the quadrat-associated variation in the data, quadrat was used as random factor in all models 

(Davies and Gray, 2015). Models were built with years from the start of the survey and site as 

fixed effects, and with quadrat as a random effect to account for between-quadrat variability. 

To account for repeated measures, a continuous autocorrelation structure of order 1 was fitted 

to the models. The autocorrelation structure built into the model accounts for dependence of 

the response variable N at time t on its own value at time t-1 (i.e. the previous year), with 

strength of the correlation declining for measures that are further than one time step away. The 

most appropriate combination of fixed effects (see Table 3.1 for details of which fixed effects 

were selected for each model) was selected with the Likelihood Ratio Test (LRT). A variance-

covariance matrix accounting for between-quadrat heteroscedasticity was then fitted to the 

model selected with LRT. Equal variance and normality of the errors were checked for all 

models with visual inspection of the normalised residuals (Fig. A2.2). Reef-level differences 

in total sponge abundance between specific time points (e.g. start and end of the survey, and 

times of maximum and minimum sponge abundance) were then detected with Wilcoxon signed 

rank tests for paired samples with Bonferroni correction. Differences in total sponge abundance 

between sites were detected with Mann-Whitney tests with Bonferroni correction. For all tests 

a significance level of 5% was used.  

3.2.3. Effects of sea-surface temperature on sponge abundance and growth 

Given total sponge abundance N in each quadrat, for each pair of consecutive years y and 

y+1, the annual percentage population growth rate for sponges in each quadrat was calculated 
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as 𝑔 = [(𝑁𝑡+1 – 𝑁𝑡)/ 𝑁𝑡] × 100. Sea surface temperature (SST) and SST anomaly 

(SSTANOM) data for the studied period were obtained from the National Oceanic and 

Atmospheric Administration’s (NOAA) Coral Reef Watch programme (resolution 50 km, Fig. 

A2.3-2.4, available at 

https://www.ospo.noaa.gov/data/cb/TS_vs/vs_ts_Wakatobi_Indonesia.txt, NOAA Coral Reef 

Watch, 2000). Data from the Wakatobi Virtual Station (5°S 124°E, ~59 km from Buoy 3) was 

used as it is nearest to the study site. SST and SSTANOM were averaged for the six months 

(December to May) preceding each sponge survey event. A six-month period was chosen to 

capture the warmest months preceding each sponge census (Fig. A2.3). LMMs were used to 

investigate the effect of mean SST and SSTANOM over the six months prior to each sponge 

sampling event on: 1) sponge abundance (N); and 2) sponge population percentage annual 

growth (g). Models were built with SST and SSTANOM as fixed effects, quadrat as a random 

effect, and model structure as described in section 3.2.2. Time series of SST and SSTANOM 

were decomposed with moving averages to identify trends. 

3.2.4. Species richness, diversity and evenness 

For each quadrat, I calculated species richness, diversity and evenness of the assemblage. 

Species richness (S) was defined as the number of taxa represented by at least one sponge patch, 

species diversity was expressed with Shannon’s H’, and evenness with Simpson’s evenness 

index E1/D (Williams 1964). Species richness alone fails to capture how evenly individuals are 

distributed among the species in the community, and therefore measuring evenness and 

diversity is needed (Ma 2005). Simpson’s evenness index satisfies the requirement of 

independence from species richness, and is a commonly used evenness index when the 

importance of rare species is considered limited (Smith and Wilson 1996). Given the extreme 

rarity of some of the taxa recorded, this index was deemed the most robust and was selected to 

complement H’, which gives the same weight to dominant and rare species. Species richness 

has been shown to often have a positive relationship with abundance (Bock et al. 2007), 

because an environment that can provide the energy to support abundant populations can also 

support a high number of species (Wright 1983).  To understand whether temporal changes in 

sponge abundance would correspond to changes in biodiversity, relationships between S and 

sponge abundance (N), between H’ and N, and between E1/D and N were explored with LMMs. 

Models were built with N and site as a fixed effects, quadrat as a random effect, and a model 

structure as described in section 3.2.2 (except year was not an effect in these models).  
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3.2.5. Spatio-temporal changes in species composition 

Temporal and spatial variation in the sponge assemblage composition were investigated 

using a combination of unconstrained and constrained ordination methods (Anderson and 

Willis 2003). First, the abundances of the 141 sponge taxa per quadrat over the 11 years 

sampled were log-transformed [log(x+1)]. Sponge abundance was log-transformed because 

high abundance of some dominant taxa would have masked the contribution of some of the 

less common species to sponge assemblage composition. A Bray-Curtis dissimilarity matrix 

was then calculated for the assemblage. Bray-Curtis dissimilarity describes the resemblance 

between two samples based on the abundance of the species they share. Bray-Curtis 

dissimilarity is often used in community ecology as a measure of resemblance between samples 

that contain many instances of 0-abundance for some species (Legendre and Legendre 2012), 

which was the case for some less common sponge taxa in the present study. Non-metric 

Multidimensional Scaling (nMDS) was performed on the matrix. nMDS produced an 

ordination based on the Bray-Curtis dissimilarity, in order to visualise how similar different 

quadrats were to each other with respect to their assemblage composition. nMDS was 

performed using years and site as factors in order to evaluate patterns in the assemblage 

composition in space and time. The number of k-dimensions for the MDS ordination was set 

to k = 4. This was derived by iterating the ordination with a growing number of k-dimensions, 

starting from k =2, and by determining at which point the stress function fell below 0.2 

(considered a cut-off above which the representation of the data on an nMDS plot is no different 

from random, Clarke 1993). Permutational multivariate analysis of variance, or permutational 

MANOVA (Anderson 2001) was performed to test for a significant effect of space and time 

on the assemblage composition. Sites, years, and the interaction between the two were used as 

fixed factors for the analysis, using 9999 permutations. Finally, a Canonical Analysis of 

Principal coordinates (CAP) was performed. CAP is a constrained ordination method that 

explores the variation in multivariate community data based on a distance or dissimilarity 

metric (Bray-Curtis in this case) by testing the effects of a set of predictors (year and site in 

this case) on such variation. CAP is useful to disentangle the contribution of the most abundant 

taxa to the assemblage variation in space and time, and to understand how samples from 

different sites and years were related in terms of species composition. The analysis of the Bray-

Curtis matrix was repeated using a square root transformation, and consistency of results was 

checked to avoid possible biases due to the data transformation. Multivariate analysis was 
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performed with the R package vegan (Oksanen et al. 2019). All analyses and plotting were 

performed in R version 3.4.3 (R Core Team 2019),  and the package ggplot2 (Wickham 2009). 

 

3.3. Results  

3.3.1. Sponge assemblage dynamics 

Results from LMMs showed that sponge abundance changed over time and between sites (P 

= 0.015, Tab. 3.1). Mean sponge abundance (sponge patches m-2 ± SE) at this reef initially 

increased from 124.06 ± 8.46 to 183.73 ± 12.12 (+47%, P < 0.001), then declined to 66.53 ± 

10.62 between 2007 and 2014 (-63%, P < 0.001), and then increased again to 105.87 ± 15.42 

between 2014 and 2017 (+59%, P < 0.001).  No significant change in total sponge abundance 

was detected between the start and the end of the survey period (P = 0.073).  This pattern was 

consistent within and across the three sites. Sponge abundance at site B was generally lower 

than at sites A and C (both P < 0.001), and it was similar between sites A and C (P = 0.25, Fig. 

3.2).  

 

Figure 3.2. Mean total sponge abundance from 2005-2017 at the three sites (letters A-C) at 

Buoy 3 (Hoga Island, Wakatobi National Marine Park, Indonesia).  
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Table 3.1. Coefficients of linear mixed effects models (LMMs). The fixed model term, 

coefficient estimate, SE, DF, t- and p-value are reported for all dependent variables (sponge 

abundance N, species richness S, Shannon’s diversity H’, and Simpson’s evenness E1/D). 

Significant results (p < 0.05) highlighted in bold. 

Dependent 

variable 
Coefficient Estimate Standard error 

Degrees of 

freedom 
t-value p-value 

Sponge 

abundance (N) 

Intercept 
169.282 17.894 149 9.460 <0.001 

 
Years from 

2005 
-4.779 1.040 149 -4.595 <0.001 

 Site B -63.264 21.526 12 -2.939 0.012 

 Site C -13.688 22.747 12 -0.602 0.558 

Richness (S) Intercept 11.467 1.370 147 8.373 <0.001 

 N 0.029 0.007 147 4.005 0.001 

 Site B -1.752 1.931 12 -0.908 0.382 

 Site C 2.029 2.101 12 0.966 0.353 

 [N]:[Site B] 0.059 0.015 147 3.941 0.001 

 [N]:[Site C] 0.020 0.012 147 1.587 0.115 

Diversity (H’) Intercept 1.983 0.123 147 16.064 <0.001 

 N -0.0004 0.0006 147 -0.777 0.439 

 Site B 0.150 0.171 12 0.876 0.398 

 Site C 0.291 0.171 12 1.701 0.115 

 [N]:[Site B] 0.003 0.001 147 2.484 0.014 

 [N]:[Site C] 0.001 0.001 147 1.099 0.274 

Evenness 

(E1/D) 

Intercept 
0.429 0.038 147 11.155 <0.001 

 N -0.001 0.0002 147 -4.580 <0.001 
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Dependent 

variable 
Coefficient Estimate Standard error 

Degrees of 

freedom 
t-value p-value 

 Site B 0.304 0.056 12 5.417 0.002 

 Site C 0.114 0.060 12 1.910 0.080 

 [N]:[Site B] -0.002 0.0004 147 -5.062 <0.001 

 [N]:[Site C] -0.0004 0.0003 147 -1.382 0.169 

 

3.3.2. Effects of water temperature on sponge abundance and growth 

I found no significant effect of SST or SSTANOM on N or g (results not shown). SST 

anomalies were always positive in 2016, indicating a particularly warm year (Fig. A2.4). 

However, decomposition of the time series with moving averages of both SST and SSTANOM 

showed no clear temporal trend (Fig. 3.3-3.4), indicating that SST and SSTANOM have not 

increased at this site over the study period. Due to lack of evidence for effects of temperature 

on temporal changes of this sponge assemblage, and lack of clear temporal trends in sea water 

temperature at this station over the study period, I excluded SST and SSTANOM from further 

steps in this investigation. 

 

Figure 3.3. Decomposed sea surface temperature (SST) time series data. Random, seasonal, 

and trend component extracted with moving average decomposition.  



  

84 

 

 

Figure 3.4. Decomposed sea surface temperature anomalies (SSTANOM) time series data. 

Random, seasonal, and trend component extracted with moving average decomposition. 

3.3.3. Species richness, diversity and evenness 

Fluctuations in species richness followed similar patterns to sponge abundance. Maximum 

mean species richness at this reef (species per quadrat ± SE) was recorded in 2007 at the time 

of highest sponge abundance (22.60 ± 0.88), whereas the minimum was recorded in 2013 (12.8 

± 0.89). Assemblage evenness followed the opposite pattern, being lowest in 2007 (0.29 ± 0.02) 

and highest in 2013 (0.49 ± 0.05). The overall minimum number of species per quadrat 

recorded was 6 in 2013 (site A, quadrat 4), whereas the highest was 34 in 2009 (site C, quadrat 

1). On average, species richness was highest at site C in 2007 and 2009 (mean ± SE 25.8 ± 0.97 

species per quadrat; 25.8 ± 2.35 species per quadrat respectively), and lowest at site B in 2013 

(10.8 ± 0.73 species per quadrat). Mean H’ was highest at site B in 2009 (2.73 ± 0.32), and 

lowest at site A in 2015 (1.66 ± 0.18). However, H’ did not show temporal patterns consistent 

across quadrats and sites as found for N and S.  

N had a site-specific positive effect on species richness S (P < 0.001) and a site-specific 

negative effect on species evenness E1/D (P = 0.002). N and site had an interactive effect on 

species diversity H’ (P = 0.05), but this effect was generally weak and was statistically different 

from 0 only at site B. Best LMM fits are shown in Figure 3.5. Full LMM results and coefficients 

are reported in Table 3.1.  
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3.3.4. Spatio-temporal changes in species composition 

nMDS showed that the sponge assemblage composition varied in both space and time (stress 

= 0.16, Fig. 3.6-A). Quadrats from site B were partially separated from quadrats at sites A and 

C, which were more similar to each other. Sycon sp., Pseudoceratina sp. 1, and Protosuberites 

Figure 3.5. Effect plots showing the best linear mixed models (LMMs) fits for the biodiversity 

metrics (species richness S, Shannon’s diversity H’, and Simpson’s evenness E1/D) modelled 

as function of sponge counts and site. Blue lines: best LMM fit; black dashed lines: 95% 

confidence intervals of the model parameters; grey dots: observed data. Different shapes of 

the dots represent different quadrats within each site. 
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sp., were dominant at sites A and C and were less strongly associated with site B, whereas 

some less abundant taxa (e.g. Cliona sp. and Clathrina sp. 2) were mostly found at site B (Fig. 

3.6-B and Fig. A2.5; also see Fig. A2.6 for year-by-year MDS plots). Samples from the same 

year tended to cluster together both within and across sites, and samples from adjacent years 

were also relatively close to each other. Permutational MANOVA showed that time (years) 

explained 21% of the variation (F = 4.83, P < 0.001), site explained 12% (F = 13.38, P < 

0.001), and the interaction between these two factors explained a further 10% (F = 1.17, P = 

0.031). Finally, the CAP plot highlighted a difference in the composition of the assemblage 

between years of high and low sponge abundance (Fig. 3.6-B). Specifically, years with high 

sponge abundance were characterised by high numbers of Protosuberites sp., Sycon sp. and 

Pericharax sp.  All three are heterotrophic sponges but are taxonomically distant 

(Protosuberites sp. is a demosponge, while Pericharax sp. and Sycon sp. are calcareous 

sponges). Proportions of these taxa in the assemblage varied between sites and over time, but 

on average they accounted for ~ 25%, 20% and 5% of total sponge abundance, respectively. 

Population dynamics of the most abundant sponge taxa (Tab. 3.2) during the study period can 

be found in the Appendix 2 (Fig. A2.5). 

 

Table 3.2. List of most common taxonomically identified sponge taxa from Hoga Island, 

Wakatobi, Indonesia. Of the sponge taxa that, summed, comprised >90% of the total sponge 

abundance in each photoquadrat (30 of the total 141 taxa), the following 25 could be identified 

to genus level or lower. Abbreviations used in the Canonical Analysis of Principal coordinates 

(CAP) plot (Fig. 3.6-B) are reported in the taxon column. Mean abundances for this reef during 

the study period are reported. 

Taxon (CAP 

abbreviation) 

Family Class Mean ± SE sponge 

abundance (sponge 

patches m-2) 

Aaptos sp. Suberitidae Demospongiae 1.02 ± 0.10 

Axinyssa sp. Halichondriidae Demospongiae 0.27 ± 0.06 

Chalinula milnei Chalinidae Demospongiae 1.81 ± 0.24 

Chalinula sp. Chalinidae Demospongiae 0.47 ± 0.13 
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Taxon (CAP 

abbreviation) 

Family Class Mean ± SE sponge 

abundance (sponge 

patches m-2) 

Chelonaplysilla sp. 1 

(Che) 

Darwinellidae Demospongiae 3.18 ± 0.22 

Cinachyrella sp. 2 (Ci2) Tetillidae Demospongiae 0.33 ± 0.05 

Cinachyrella sp. 3 Tetillidae Demospongiae 0.32 ± 0.05 

Clathria (Microciona) 

mima 

Microcionidae Demospongiae 0.35 ± 0.08 

Clathrina sp. 1 Clathrinidae Calcarea 0.17 ± 0.08 

Clathrina sp. 2 (Cl2) Clathrinidae Calcarea 2.22 ± 0.41 

Clathrina sp. 4 (Cl4) Clathrinidae Calcarea 0.44 ± 0.08 

Clathrina sp. 5 Clathrinidae Calcarea 0.43 ± 0.07 

Clathrina sp. 6 Clathrinidae Calcarea 0.09 ± 0.03 

Cliona sp. (Cli) Clionaidae Demospongiae 0.15 ± 0.08 

Dendrilla sp. (Den) Darwinellidae Demospongiae 1.45 ± 0.19 

Haliclona sp. (Hal) Chalinidae Demospongiae 4.55 ± 0.42 

Lamellodysidea herbacea 

(Ldy) 

Dysideidae Demospongiae 3.89 ± 0.44 

Niphates sp. 1 Niphatidae Demospongiae 0.21 ± 0.05 

Niphates sp. 2 (Ni2) Niphatidae Demospongiae 0.88 ± 0.1 

Niphates sp. 3 Niphatidae Demospongiae 0.05 ± 0.04 

Pericharax sp. (Per) Leucettidae Calcarea 7.33 ± 0.60 

Placospongia 

melobesioides 

Placospongiidae Demospongiae 0.74 ± 0.11 
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Taxon (CAP 

abbreviation) 

Family Class Mean ± SE sponge 

abundance (sponge 

patches m-2) 

Protosuberites sp. (Pro) Suberitidae Demospongiae 32.27 ± 2.73 

Pseudoceratina sp. 1 

(Pse) 

Pseudoceratinidae Demospongiae 5.50 ± 0.58 

Sycon sp. (Syc) Sycettidae Calcarea 20.30 ± 1.79 

 

 

 

Figure 3.6. Spatial and temporal variation of sponge assemblage composition. A: Non-metric 

Multi-dimensional Scaling (nMDS) plot for the sponge assemblages at the three sites between 

2005 and 2017. Each sample corresponds to a quadrat. Symbols indicate the year, colours the 

site. B: Canonical Analysis of Principal coordinates (CAP) plot. Years and sites represent the 

centroid for each set of samples. For visualisation purposes, only the taxonomically identified 

taxa that varied the most between sites and years are plotted (but all taxa were included in the 

analysis). See Table 3.2 for species abbreviations. 
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3.4. Discussion 

3.4.1. Temporal changes in sponge abundance 

Considerable temporal variation was evident in the abundance and species composition of 

the sponge assemblage on this Indonesian coral reef over a 13-year period. I found that a subset 

of species had large population variability and determined the magnitude of the fluctuations in 

total sponge abundance. No effect of sea surface temperature (SST) and SST anomalies was 

detected on sponge abundance and interannual sponge growth at this location. Biodiversity also 

changed considerably over the studied period, with species richness generally increasing with 

sponge abundance. However, due to a few dominant species, assemblage evenness was lowest 

when total sponge abundance was highest.  

 In the Caribbean, rapid declines in sponge assemblage abundance due to widespread 

mortality events have been reported and these may or may not be followed by recovery. For 

example, Butler et al. (1995) found that 80% of sponges were decimated in Florida Bay after 

being exposed to a cyanobacterial bloom in 1991, and the remaining sponges died in a second 

bloom in 1992. Subsequently, Stevely et al. (2016) showed that the same sponge assemblages 

displayed signs of overall long-term recovery, while Wulff (2006b) reported a 42.6% decline 

in sponge volume on a Panamanian reef over 14 years, but here the decline was not followed 

by recovery. In the present study, the Indo-Pacific sponge assemblage showed a continual 

decline over about 7 years from 2008, in contrast to the abrupt drops caused by acute 

disturbance observed in some earlier studies (e.g. Stevely et al. 2011). This suggests that the 

changes in sponge abundance reported in the present study were unlikely to be driven by an 

acute disturbance, like the sudden drop reported by Stevely et al. (2011).  However, total 

sponge abundance followed the same pattern of fluctuation both within and across the three 

sites, suggesting that independent stochastic variation at a scale of 100s of meters was also 

unlikely to have driven the observed demographic trends.  

A direct and important consequence of the observed variability is that shorter-term sampling 

within the studied period could have yielded different information on sponge abundance on 

this coral reef. For example, if sampling had occurred solely in 2007 (year of maximum mean 

sponge abundance), it would have shown almost 3 times as many sponge patches as if it had 

occurred only in 2014 (year of minimum mean sponge abundance). The rarity of long-term 

studies of sponge dynamics and ecology highlights the need to complement studies considering 
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spatial variability across environmental gradients at single time-points, with the continuous and 

regular monitoring of assemblages.  

3.4.2. Temporal changes in taxonomic composition and biodiversity  

The sponge assemblage from the Wakatobi was highly diverse, with a total of 141 sponge 

taxa recorded over 13 years in an area of only 15 m2 (see Bell 2007, Bell and Smith 2004 for a 

list of sponge families at Hoga Island, and Table A2.1 for the complete list of taxonomically 

identified taxa). Such sponge diversity is comparable to previous reports from other parts of 

Indonesia, or higher when considering that it was recorded at one single reef. Cleary and de 

Voogd (2007) reported 151 taxa from 9 reefs in the Spermonde Archipelago; de Voogd and 

Cleary (2008) counted 118 sponge species at 30 reefs in Thousand Islands; de Voogd et al. 

(2009) reported 168 sponge taxa from 18 sites in NE Kalimantan; and Calcinai et al. (2017) 

reported 94 sponge species from 26 sites in North Sulawesi. However, most of these previous 

studies did not survey small encrusting sponges. When sponges were most abundant, a few 

taxa were dominant (e.g. Protosuberites sp., Sycon sp., and Pericharax sp.). The decline of 

these taxa determined the observed lower overall sponge abundance, and their population 

variability caused the composition of the overall assemblage to change over time.  

Studies that describe and account for temporal variation of assemblage structure are rare, 

although tropical sponge assemblages have been reported to undergo rapid fluctuations and 

species-specific dynamics. Wulff (2006b) documented a 51% decline in sponge species 

richness at a reef in Panama over a 14-year period, with massive growth forms suffering 

disproportionate losses. Similarly, Wulff (2013) showed that sponges in an assemblage on the 

Belize Barrier Reef that had been monitored from 2006 to 2012 had species-specific responses 

and recovery patterns to cyanobacteria-induced mortality. These studies show examples of 

taxa-specific response to the same disturbance. However, different sponge species have also 

been found to have similar temporal dynamics in response to a perturbation. For example, in a 

long-term transplantation experiment, Wulff (2017) observed that all 12 ecologically and 

phylogenetically different sponge species responded by growing faster under higher 

picoplankton concentrations. Similarly, taxonomically unrelated species of the Indonesian 

sponge assemblage described in the present study showed similar temporal dynamics, although 

the magnitude of the fluctuations was different for different species. Similar temporal dynamics 

of different taxa suggest that the observed dynamics are not stochastic fluctuations and may be 

caused by a common driver (see discussion below). 
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Because ecosystem that can support abundant populations often can, according to general 

ecological theory, support a higher number of species (Wright 1983), species richness often 

increases with abundance (Bock et al. 2007). However, richness and evenness of biodiverse 

communities can be negatively correlated when those few species that benefit the most from 

the environmental conditions become dominant, and in doing so reduce the evenness of the 

community (Stirling and Wilsey 2001, Zhang et al. 2012). In this assemblage, the negative 

linear relationship between evenness and abundance was due to the dominance of some 

abundant taxa (e.g. Protosuberites sp., Sycon sp., Pericharax sp.). Whilst their abundance 

fluctuated, these dominant taxa were present in the community even at times of low sponge 

abundance. This means that, although these species had the highest absolute population 

variability, other less common sponge taxa appeared in years of high sponge abundance, thus 

contributing to species richness. In the context of potential increases in sponge abundance on 

future coral reefs (see Chapter 2, Bell et al. 2018a), it will be important to monitor the species 

richness and evenness of sponge assemblages. Regime shifts towards sponge reefs may be the 

result of the disproportionate growth of the populations of few dominant taxa, which would 

manifest as abundant but uneven sponge assemblages. 

Spatially, the assemblage also showed differences in abundance, composition, and 

biodiversity metrics between sites. Site B generally had lower N than Sites A and C and also 

had a different assemblage composition. This difference is likely attributed to different local-

scale environmental conditions at the reef wall at Site B, compared to Sites A and C. The 

importance of local-scale factors in affecting sponge abundance and zonation patterns has been 

documented previously. For example, different exposure to light, reef aspect, and 

sedimentation can have an important impact on sponges and other benthic organisms (Cheshire 

and Wilkinson 1991, Bell and Barnes 2000a, Carballo 2006, Bell et al. 2015b, McGrath et al. 

2017).    

3.4.3. Potential causes of temporal variability 

Temporal dynamics of sponge assemblages can be controlled by large-scale climatic factors 

and by local environmental drivers (Carballo et al. 2008). Although the consistency of sponge 

population dynamics within and across all sites suggested that stochastic fluctuations were not 

the only driver of this sponge assemblage, I could not detect any effect of seawater temperature 

on sponge abundance and population growth. There is almost no information on how Indo-

Pacific sponge assemblages respond to changes in water temperature. Powell et al. (2014) 

reported temperature accounted for only 4% variation of sponge assemblage composition 
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across sites. A temperature-induced bleaching event was documented for the bioeroding 

sponge Cliona aff. viridis on Hoga Island, following a period of above-average water 

temperature in May 2016 (Marlow et al. 2018b). However, I suggest that if water temperature 

had an effect on sponge demographics at this site during the study period, the effect was only 

weak and could not be detected due to interannual population variability. McCain et al. (2016) 

show that resurvey and time-series studies struggle to detect chronic effects of climate change 

stressors on natural population dynamics, due to stochastic population variability, unless the 

population is highly stable, or the stressor has a very strong impact. Whilst these authors 

simulated the effects of climate change on natural populations on a longer time scale than the 

present study (3-5 decades), McCain et al. (2016) also showed that survey length is less relevant 

than interannual population variability in the accurate detection of climate-driven changes on 

population abundance. Moreover, investigating the relationships between larger-scale 

environmental data (e.g. daily satellite measurements of sea-surface temperature) and local 

biological data is particularly challenging. Averaging the fine-scale variable (e.g. SST) to 

match the resolution of the less frequently sampled parameter (e.g. sponge abundance) causes 

a loss of information on its temporal variability (Ferguson et al. 2017). That is, the mismatch 

in the resolution of two time-series data can hinder the ability to detect relationships between 

them. If changes in sponge abundance of this assemblage were caused by short-term thermal 

anomalies like the one reported by Marlow et al. (2018b), averaging temperature data may have 

made such anomalies undetectable by my analysis.  

I did not investigate the role of local environmental covariates or biotic interactions in 

regulating sponge abundance and biodiversity in this study, because such covariates have not 

been regularly sampled at this site. Previous research in the Wakatobi showed that 

sedimentation and light availability are the main environmental factors influencing spatial 

patterns of sponge biodiversity (Bell and Smith 2004) and functional diversity (Bell 2007). 

Sedimentation in the Wakatobi was found to reduce sponge diversity (Powell et al. 2014, 

Biggerstaff et al. 2017b), to limit bioerosion rates of boring sponges (Marlow et al. 2018c), and 

to cause an energetic cost associated with mucus production (McGrath et al. 2017). Settled 

sediment data was available for Buoy 3 for years 2014 and 2015 (from Marlow et al. 2018c), 

but sedimentation data from adjacent years would be unlikely to show changes in sedimentation 

rates that are strong enough to drive changes in sponge demographics, mostly due to the 

relatively low levels of settled sediments on this vertical reef compared to more degraded sites 

(Marlow et al. 2018c).  
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The effect of spongivory on sponge assemblages has been primarily studied in the Caribbean 

(reviewed in Pawlik et al. 2018). There is debate over whether bottom-up food limitation 

(Lesser and Slattery 2013, Slattery and Lesser 2015) or top-down biotic interactions are the 

most important drivers for sponges (Wulff 2006a, Loh and Pawlik 2012, Pawlik et al. 2013, 

2015, Wulff 2017). While recent evidence points towards a synergistic action of top-down and 

bottom-up controls (Wulff 2017), such interactions may be restricted to lagoonal habitats, with 

sponge assemblages on fore-reefs likely to be structured by predation (Pawlik et al. 2018). The 

role of top-down control on sponge assemblages in the Indo-Pacific remains largely 

unexplored. Previous research from the Wakatobi reports a weak effect of spongivorous fish 

abundance on the composition of sponge assemblages (6% of variation, Powell et al. 2014). 

Powell et al. (2015) found that nudibranchs and at least 16 fish species engage in trophic 

interactions with sponges in the Wakatobi region, however excluding predators from sponges 

with cages showed no effects on the abundance of non-cryptic sponges. Further research is 

needed to elucidate the role of spongivory in this region, but from these studies it seems 

unlikely that predation alone could drive the broad temporal changes in sponge abundance of 

this assemblage. 

3.4.4. Implications of assemblage variability for coral reef monitoring 

Temporal fluctuations in the abundance and diversity of sponges can have major implications 

for the ecological functioning of coral reefs. Functions carried out by sponges, such as water 

filtering (de Goeij et al. 2008)  and interactions with other benthic organisms and predators 

(Wulff 2006a) will change with variation in sponge abundance. The coupling between sponge 

abundance and sponge ecological roles has important implications for resource management 

and conservation, especially if sponges become more abundant or dominant on future coral 

reefs (Bell et al. 2013). Sponges are abundant at this reef, with sponge percentage cover 

estimated at 29.5 ± 7% shortly before the start of the study period (Bell and Smith, 2004). A 

sponge reef that fluctuates between states of high and low sponge abundance is also likely to 

be characterised by a different associated food web, with potential implications for fisheries 

and other ecosystem services. Although trophic interactions of sponges in the Indo-Pacific 

remain largely unknown, evidence of spongivory from several fish species and from 

nudibranchs (Powell et al. 2015) suggests that strong temporal changes in abundance and 

taxonomic composition of sponge assemblages may result in a modified diet for opportunistic 

feeders (Wulff 2006a), and as a consequence potential alteration of food web dynamics (Bell 

et al. 2013). Sponges in the Indo-Pacific have also been found to overgrow live corals (de 
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Voogd et al. 2004), occupy dead coral substrate (Rossi et al. 2015), and bioerode the reef 

framework (Marlow et al. 2018a). Therefore, an increase in the abundance of some species 

may have negative impacts on live reef-building corals, on the availability of free space, and 

on reef structure. Fluctuations in sponge abundance may also have effects on benthic 

composition due to symbiotic relationships between some sponge species and other sessile reef 

organisms in the Indo-Pacific, like coralline algae (Calcinai et al. 2006) and soft corals 

(Calcinai et al. 2013).  

Understanding the causes of temporal variability in sponge assemblages will play an 

important role in projecting how they may respond to environmental change. The high temporal 

variability and species-specific dynamics of this sponge assemblage could hamper the detection 

of environmental impacts on sponges as a single group over sub-decadal scales. However, 

disentangling the relative contributions of single species to changes in abundance and 

taxonomic composition of the assemblage over time allowed for an estimation of species-

specific population variability. Features like long survey time, consistent sampling protocol 

and characterization of specific population variability are needed to clarify our understanding 

of the effects of perturbations on natural populations (McCain et al. 2016).  

The annual sampling design of the present study did not allow us to capture intra-annual 

variations in sponge abundance or assemblage composition. Although there is limited 

information on the life history of sponge species from this region, calcareous sponges are 

known to have short life spans (weeks to months, Padua et al. 2016) and seasonal changes in 

metabolic rates (Burlando et al. 1992). Since the calcareous sponges Sycon sp. and Pericharax 

sp. were abundant at this reef, it is possible that sponge abundance and diversity of this 

assemblage experienced seasonal changes that the sampling design could not detect. 

Monitoring coral reefs in remote locations is often expensive and logistically challenging, 

and the optimal duration and design of a sponge monitoring program for a sponge assemblage 

depends on the questions and resources at hand (Bell et al. 2017). I show that a monitoring 

protocol that: 1) uses permanent monitoring units; 2) is repeated over multiple years, ideally 5-

10; and 3) is carried out with consistent techniques, allowed me to study temporal changes in 

abundance and biodiversity of this Indo-Pacific sponge assemblage. To avoid mismatch in the 

spatial or temporal scale of environmental and biological data, I suggest that environmental 

covariates (like water temperature, sedimentation, and other drivers that may impact the studied 

sponge fauna) be measured in situ and accompany sponge surveys, where possible. Limitations 

of using sponge abundance as a metric for sponge monitoring have been discussed in Bell et 



  

95 

 

al. (2017), and include the possible confusion between fragmentation of a sponge patch and 

recruitment, and between fusion of sponge patches and mortality. Moreover, temporal 

dynamics of sponge abundance and biomass or percent cover may be different in some cases. 

For example, if one larger sponge patch grows in size while no increase in total sponge 

abundance occurs, sponge percent cover in the quadrat may increase while total sponge 

abundance stays the same. While repeated counts of sponge patches are a time-efficient, non-

invasive method of quantifying temporal variation of a sponge assemblage, other measures of 

sponge abundance to complement sponge counts are desirable, as long as they can be obtained 

with non-destructive sampling (e.g. cover or volume estimates) and are logistically practical. 

This Chapter highlights the value of long-term monitoring of sponge assemblages and natural 

systems in general. The importance of accounting for short-term seasonal variation in the 

monitoring of sponge assemblages has been highlighted by Berman and Bell (2016). Here I 

show that longer-term dynamics (encompassed by annual sampling) can also be highly 

variable. Mean total sponge abundance on this reef went through phases of increase as well as 

decline, decreasing by as much as 63% over a 7-year period, with the species composition of 

the assemblage also varying substantially. Thus, when drawing conclusions from short-term 

ecological studies, it is imperative to put results into a temporal context, because data from one 

single time point can lead to misleading assessments of assemblage abundance and 

biodiversity.   

The knowledge gained from this detailed analysis of small-scale spatial patterns and temporal 

dynamics of tropical sponge assemblages guided the conceptualisation and qualitative 

validation of the Atlantis model developed as part of this thesis (Chapter 6). Atlantis is a 

complex ecosystem model where organisms are often aggregated into more or less 

taxonomically resolved groups (Audzijonyte et al. 2019). Moreover, Atlantis is often applied 

to large geographic regions (examples include the Gulf of Mexico, Ainsworth et al. 2015, and 

the West Coast of the United States, Marshall et al. 2017). The sheer spatial scale and 

ecological complexity of most Atlantis models inevitably mask granular patterns, like the local 

fluctuations of complex sponge assemblages reported in this chapter. However, sponges are of 

central interest in the Atlantis application presented in this thesis. Ecosystem models are bound 

to sacrifice the realism of fine-scale dynamics of the modelled species (Collie et al. 2014). 

Therefore, detailed studies of the organisms of central interest in the model are desirable to 

supplement the large-scale, taxonomically coarse in-model representation of such organisms. 
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Abstract 

The availability of free space is an important driver of the temporal dynamics of sessile 

invertebrates on coral reefs. The ability of reef organisms to occupy space that becomes 

available, for example, after a mortality event, influences the successional patterns of benthic 

fauna on reefs, and can result in regime shifts to alternative states. Increased dominance of 

algae and, in some cases, sponges has been documented on many reefs across the world, but 

how these groups benefit from non-colonised substrate on the reef is unclear. In this Chapter, 

I described the temporal dynamics of benthic organisms on an Indonesian coral reef between 

2006 and 2017, and investigated the effects of free space on benthic cover at subsequent 

sampling events. In contrast with other reefs in the Indo-Pacific where corals have been 

declining, corals were dominant and stable over time at this site (mean ± SE percentage cover 

42.69 ± 1.86%), and no other benthic group became more abundant than corals over the study 

period. Percentage cover of turf algae and sponges showed larger interannual variability than 

corals and crustose coralline algae (CCA) (P < 0.001), indicating that these groups are more 

dynamic over short temporal scales. Bare substrate was a good predictor of turf cover in the 

following year (mean effect 0.199, 95% CIs [0.036, 0.362]). Cover of algal groups combined 

with bare space was a good predictor of CCA cover the following year, and of sponge cover 

the following year at one of the sites. These results suggest that CCA may overgrow existing 

patches of algal turf, although my data did not capture the mechanisms by which succession 

from turf to CCA occurred. The results of this chapter indicate that turf algae in the Indo-Pacific 

rapidly occupy free space when this becomes available, and that other benthic groups are likely 

not limited by the availability of bare substrate, but may overgrow already fouled substrates.  

 

4.1. Introduction 

The abundance of coral reef organisms shows a wide range of temporal patterns, including 

long-term trends of change and short term (interannual or seasonal) fluctuations (Adjeroud et 

al. 2002, Shenkar et al. 2008, Lamy et al. 2016, Chapter 3). Over the last few decades, coral 

reefs have been impacted by many local and global stressors, which have often caused loss of 

coral cover and changes in coral reef benthic communities (e.g. Hoegh-Guldberg et al. 2007, 

Hughes et al. 2017a, Cheal et al. 2017, Brown and Hamilton 2018). Indo-Pacific coral reefs are 

a global hotspot of marine biodiversity (Roberts et al. 2002). However, reefs in this region have 

also suffered a decline in coral cover, due to pollution (Edinger et al. 1998), increased water 
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temperature (Graham et al. 2015, Heron et al. 2016), cyclones (Wantiez et al. 2006), extreme 

thermal events (Adjeroud et al. 2002), and outbreaks of the corallivorous crown-of-thorns 

starfish Acanthaster planci (Kayal et al. 2012, Baird et al. 2013).  Loss of coral cover in the 

Indo-Pacific has been estimated at 1% per year between the early 1980s and 2003, and closer 

to 2% in the early 2000s (Bruno and Selig 2007). Indo-Pacific reefs are also projected to 

experience severe bleaching at increasing frequency in the future (Meissner et al. 2012, Hughes 

et al. 2017b).  

When corals die, barren substrate becomes available for larvae of benthic organisms to settle, 

or for neighbouring individuals or colonies to expand into. After coral mortality and the early 

establishment of microbial films, macroalgae or filamentous turf algae can settle on the dead 

coral substrate (see Hughes 1994). Colonization of free substrate from algae may be followed 

either by a long-term recovery of corals or by the establishment of an algal-dominated state 

(see Mumby et al 2007, Dudgeon et al. 2010, Jouffray et al. 2015). The establishment of 

feedback mechanisms that prevent the ecosystem from reverting to the original coral-

dominated state are responsible for the permanent shift to an alternative stable state (Suding et 

al. 2004). In case of shifts to algal reefs, these feedbacks include macroalgal-mediated pre-

emption of substrate for corals to recruit on (Johns et al. 2018), and the decoupling between 

grazing pressure from herbivores and macroalgal abundance (Mumby et al. 2007), for example 

due to the establishment of unpalatable macroalgae (Scheffer et al. 2001). However, identifying 

changes in the abundance of benthic organisms over time is important, as transient changes in 

benthic dominance may be followed by permanent system hysteresis if the perturbation that 

caused them persists, and if ecological feedbacks are established (Mumby et al. 2007).  

While shifts towards algal dominance are the most common, increased dominance of other 

benthic organisms has also been documented from reefs around the world (Norström et al. 

2009), including soft corals (Cruz et al. 2015), ascidians (Roth et al. 2018, Tebbett et al. 2019), 

and sponges. Increased dominance of sponges on coral reefs has been documented for the Coral 

Triangle (Powell et al. 2014, Biggerstaff et al. 2017b), the Mariana Islands (Schils 2012), 

Palmyra Atoll (Knapp et al. 2013, Knapp et al. 2016), Brazil (Kelmo et al. 2013), and many 

reefs across the Caribbean (e.g. Ward-Paige et al. 2005, López-Victoria and Zea 2005, 

McMurray et al. 2010). Coral reef sponges are strong benthic competitors (Suchanek and 

Carpenter 1983, Aerts 1998, Bell and Barnes 2003, Rützler 2004), and they compete for space 

on the reef both through direct competition with hard corals (Hoeksema and de Voogd 2012, 

Rossi et al. 2015, Wang et al. 2015, Elliott et al. 2016) and by excavating dead coral skeleton 
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and carbonate substrate (reviewed in Schönberg et al. 2017). In ecosystems that are subject to 

prolonged perturbation some sponge species may become more abundant to the expense of 

corals and other reef benthic organisms (for example some sponges on sedimented reefs, see 

Biggerstaff et al. 2015, 2017a,b), and an increased sponge abundance may be followed by a 

permanent shift towards sponge dominance if ecological feedbacks like the pre-emption of 

space for corals to recover are established (Norström et al. 2009). 

While there is evidence of algae and other invertebrates becoming dominant on some coral 

reefs, the temporal dynamics of changes in benthic dominance are not always well described. 

Studies have investigated early succession of benthic colonisers on artificial substrates in the 

Indo-Pacific (e.g. Bailey-Brock 1987, Boschetti 2016, Smith et al. 2010, Plass-Johnson et al. 

2016), but settlement and early succession studies generally cannot capture how established 

neighbouring organisms advance into natural bare substrate. In particular, little is known of 

how algae and sponge take advantage of free substrate becoming available on the reef after 

coral mortality occurred. Most research on horizontal advancement of sponges into dead 

substrate overgrown by algae has been carried out on clionaid bioeroding sponges in the 

Caribbean (López-Victoria and Zea 2005, López-Victoria et al. 2006), and on the Great Barrier 

Reef (Fang et al. 2017). Studies considering direct competition between coral reef sponges and 

algae have also focused on boring sponges (also mostly from the Caribbean), showing that 

macroalgae in general curtail sponge growth by pre-empting free space (González-Rivero et 

al. 2011, 2012, 2016). However, little information exists on how diverse sponge assemblages, 

which also include non-bioeroding sponges, and diverse algal groups, benefit from free 

substrate. Moreover, some sponge taxa are capable of using substrate occupied by other 

organisms (rather than only bare substrate) for settlement and expansion. Larval settlement of 

some Great Barrier Reef sponges is induced by crustose coralline algae (CCA) (Whalan et al. 

2012), and some sponge taxa have been shown to form epibioses with turf algae (Ribeiro et al. 

2018). However, relationships between sponges and CCA or turf algae in the Indo-Pacific have 

not been investigated. 

The Wakatobi Marine National Park in Southeast Sulawesi (Indonesia) is a biodiversity 

hotspot within the Coral Triangle (Clifton et al. 2010). Similar to other Indo-Pacific locations, 

coral cover has declined across the Wakatobi over the last 15 year (Clifton and Unsworth 2010, 

Gouraguine et al. 2019). While the reported decline in coral cover did not coincide with an 

increase in macroalgae (Curtis-Quick 2013), a shift towards a sponge-dominated state has been 

reported from one site in the Wakatobi that is subjected to heavy sedimentation and local 
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anthropogenic pressure (Powell et al. 2014, Biggerstaff et al. 2017b). However, there is a 

paucity of information on long-term dynamics and interannual variability of sponges on non-

degraded reefs in the area (but see Chapter 3), and on whether an increase in other benthic 

groups has occurred alongside the documented decline in corals (Gouraguine et al. 2019). 

When studying coral reef benthic communities, long-term studies with annual sampling are 

important to capture temporal variability of abundance and diversity (Chapter 3). In order to 

detect long-term changes in the coral reef benthic community composition of a coral reef in 

the Wakatobi, and to determine how different benthic organisms occupy free space that 

becomes available on the reef after coral mortality, I analysed percentage cover data from 

permanent reef quadrats between 2006 and 2017. The specific aims of this study were to: 1) 

investigate decadal changes in the abundance of sessile organisms on a reef wall; 2) investigate 

temporal changes in community structure of the benthos at this site; 3) quantify interannual 

variability in organism abundance; and 4) to identify the effects of free space availability on 

the reef at one census point on the percentage cover of benthic organisms at the following 

census.  

 

4.2. Materials and Methods 

4.2.1. Study site and data acquisition 

The study location was Buoy 3, the same vertical reef wall off the South-West coast of Hoga 

Island presented in Chapter 3 (Wakatobi Marine National Park, South-East Sulawesi, 

Indonesia; Fig. 4.1). At this location, three sites were established in 2005, approximately 100 

m from each other (see Chapter 3 for details). Due to morphology of the reef, sites A and B 

were established on the vertical wall (90°), whereas site C was slightly inclined (~80°). At each 

site, 5 replicate 1 m2 permanent quadrats were haphazardly placed on the vertical wall, at a 

depth of 10-12 m and along a reef tract of approximately 10 m. Permanent quadrats were 

chosen in order to monitor the same plots of reef over time. In years from 2006 to 2008, and 

from 2014 to 2017, underwater photographs of the quadrats were taken by the same observer 

between June and July each year. Data from the 2009-2013 period could not be collected due 

to logistical reason or failure of the photographic equipment. Pictures of 25 x 25 cm sub-

quadrats were taken to provide a higher resolution of the reef organisms (16 images per 

quadrat). Because the monitoring effort spanned across more than a decade, with new and 

better photographic equipment becoming available over time, photographs were taken with 
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four different camera setups. However, because of the relatively coarse taxonomic detail of the 

benthic categories considered in the present study (see below), differences in camera resolution 

had negligible effects in the consistency of the identification of the substrate from the pictures. 

The four camera setups were: 1) Sony Cyber-Shot with strobe light; 2) Nikon D70, 60 mm 

macro lens, Ikelite DS50 strobe light; 3) Nikon D200, 60 mm macro lens, Ikelite DS50 strobe 

light; 4) Nikon D800, 60 mm macro lens, Ikelite DS50 strobe light. All pictures were taken 

with the camera lens at 30-40 cm from the substrate. 

The diversity of sessile invertebrates at this site is high, with 141 reported sponge taxa 

(Chapter 3), and many species of (mostly encrusting) scleractinian corals, crustose coralline 

algae (CCA), turfing filamentous algae, macroalgae, ascidians, and octocorals. A total of 8 

benthic categories were used to describe the substrate in the photographs. Benthic organisms 

were grouped into 5 taxonomic groups: hard corals, sponges, algae (macroalgae and turf), 

CCA, other benthic invertebrates (mostly octocorals, ascidians, bryozoans and hydrozoans).  

Free space suitable for colonisation (defined as bare rock or coral rubble not occupied by any 

visible organism) was also identified in the photographs. Importantly, due to the vertical aspect 

of the reef wall and to the prevalence of encrusting coral growth forms at this location, coral 

rubble was not an abundant component of the bottom. Abiotic substrate not suitable for growth 

(sand and silt) was also identified. The category ‘Undetermined’ was used to identify substrate 

that was visible in the photographs, but that was impossible to identify as any of the 5 live 

groups or 2 abiotic categories. In addition to the 8 benthic categories, a ninth category named 

“Quadrat / shade” was attributed to areas of the photograph that included the quadrat frame, or 

shaded areas where it was not possible to see the substrate. This category was not used in the 

percentage cover calculations.  
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Although different taxa within the same benthic group can show very different population 

dynamics (Chapter 3, Rovellini et al. 2019), the focus of this study was on the temporal 

dynamics of the main aggregated benthic groups. Furthermore, because our focus was on the 

interactions between hard corals, sponges and algae, other benthic invertebrates that were not 

as common as the three main benthic groups like octocorals, ascidians, bryozoans and 

hydrozoans were aggregated into one group. Turf algae and macroalgae were also aggregated 

into one algal group, due to the extreme rarity of macroalgae at this site.  

Percentage cover was chosen as a measure of abundance for the benthic groups. While 

percentage cover fails to capture three-dimensional structure (i.e. it omits the vertical 

dimension of benthic organisms), the majority of benthic taxa at this reef was encrusting, with 

branching corals and complex sponge growth forms being rare. Percentage cover was thus 

considered an appropriate measure of abundance for the purpose of this study.  

Cover of the benthic category in the permanent plots was measured with random point count 

methodology, a technique used to estimate population statistics of marine benthos (e.g. 

Carleton and Done 1995, Murdoch and Aronson 1999). In this methodology, random points 

Figure 4.1. Map of Hoga Island, with insets showing the location of the Wakatobi National 

Marine Park and Sulawesi. The star indicates the location of the study site off Hoga Island. 
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are overlaid to the photograph of the benthos, and each point is assigned to the benthic category 

that occupies the underlying substrate. Percentage cover of each benthic category is then 

estimated as the proportion of the number of points that are assigned to that category in relation 

to the total number of points that are overlaid to the picture. The process was carried out with 

the Coral Point Count with Excel extension software (CPCe, Kohler and Gill 2006). Trials 

were carried out to determine the minimum number of points per picture that were necessary 

to accurately measure the percentage cover of the 8 benthic categories. Three randomly 

selected 25x25 cm images were analysed with 20, 40, 60, 80, 100, and 120 randomly assigned 

points per image. Each image was analysed 8 times for every number of points, with the points 

being re-randomised at every re-analysis. Mean and SD percentage cover of the benthic groups 

were calculated over the 8 values of cover per number of points, and the coefficient of variation 

(SD / mean) was calculated as a measure of the precision of the number of points in consistently 

quantifying the benthic groups. Low numbers of points corresponded to a high coefficient of 

variation, and the method gained precision with an increasing number of points. It was 

determined that for more than 80 points per 25x25 cm there was no clear improvement in the 

coefficient of variation for most benthic groups (Fig. A3.1). Therefore, I chose to use 80 

randomly assigned points per image, corresponding to 1280 points m-2, equal to 1 point 7.81 

cm-2 on average. Consisting of 16 pictures per quadrat, 5 quadrats per site, and 3 sites sampled 

for 7 years, the entire data set comprised 134,400 points. 

Table 4.1. Groups of benthic organisms or substrata used in the percent cover analysis.  

Benthic category Category description 

Hard corals 

• Reef-building corals. Includes all scleractinian corals and also 

stony hydrocoral Millepora sp. and octocoral Heliopora sp. 

(not common in the quadrats). Most commonly encrusting 

morphology.  

Sponges 

• Any sponge taxon. Most commonly small-bodied encrusting 

patches. See Chapter 3 for a list of the most common taxa 

identified. 



  

106 

 

Benthic category Category description 

Algae 

•  Fleshy and calcified macroalgae (not common on this reef at 

the depth where the quadrats are, mostly Halimeda sp. and Padina 

sp.). 

•  Filamentous turfing algae (unidentified spp.). 

CCA Crustose coralline algae (unidentified spp.). 

Other invertebrates 

•  Octocorals, most commonly Clavularia sp., Sarcophyton sp., 

whip corals. 

•  Ascidians, most commonly Didemnum sp. and Polycarpa sp. 

•  Bryozoans, hydrocorals, clams. Not commonly encountered 

compared to other categories. 

Free space 

•  Dead coral with corallites still visible, not yet overgrown.  

•  Bare rock or dead coral with corallites no longer visible. Not 

overgrown. 

•  Fragments of dead coral skeleton not covered by other 

organisms (coral rubble). Not common at this site as the reef is a 

vertical wall and corals are mostly encrusting. 

Sand/silt 

•  Sandy areas, limited to rare small ledges due to the steep 

incline of the reef. 

•  Settled sediment that fully covers the underlying 

(undiscernible) substrate.  

Undetermined 

• Live organisms that are visible in the image (i.e. not shaded, 

blurred or covered by the quadrat) but are not identifiable as 

any other category. 

Quadrat / shade 

• Used for points that could not be assigned to any benthic 

category because they had fallen onto the quadrat frame, or 

into a shaded area. Not used for calculating percentage cover. 
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4.2.2. Decadal changes of benthic cover 

Changes in percentage cover of the live benthic taxonomic groups between sites and over 

time were analysed with linear mixed-effects models with normally distributed errors and 

random intercepts (LMMs, R package nlme, Pinheiro et al. 2018). LMMs were chosen for our 

analyses because these models account for some properties of the data that would violate the 

assumption of more simple regression models, like repeated measurements and between-

quadrat heteroscedasticity. Mixed models were built with number of years after the first census 

and site as fixed effects, and with quadrat as a random effect. Quadrat was used as a random 

effect to account for the quadrat-related variation in the data. A continuous autocorrelation was 

fitted to the models to account for the temporal structure in the data, with correlation strength 

declining for years further apart from each other. Candidate models with different combinations 

of fixed effects (year and site) were fitted with maximum likelihood, and the most appropriate 

model was chosen by backwards step-wise selection with Likelihood Ratio Tests (LRT). A 

constant variance-covariance structure with as many levels as the number of quadrats, and with 

each level allowing for quadrat-specific variance (see Pinheiro et al. 2018) was then fitted to 

the best model. This variance structure accounted for non-homogeneous variance between 

quadrats.  The final model was re-fitted with restricted maximum likelihood. For the fixed 

effects that were found significant, post-hoc pairwise tests with Bonferroni correction were 

applied to identify differences between sites (R package emmeans, Lenth 2019). Goodness of 

fit, normality and homoscedasticity of the errors were checked for all models by inspecting 

plots of the normalised residuals and the quantile-quantile plots (Fig. A3.2).  

Previous studies that modelled percentage cover of benthic organisms as a dependent variable 

have relied on transformations like the arcsine or the isometric log-ratio, to handle the 

compositional nature of cover data that violates the assumption of equal variance of model 

errors (see models in Cooper et al. 2015, Gross et al. 2015). Because separate models were 

constructed for each benthic taxonomic group, thus controlling for between-group 

heteroscedasticity, and because fitting a variance structure to the models accounted for quadrat-

specific variance, the dependent variable was not transformed. Popular transformations like the 

arcsine are often difficult to interpret (Warton and Hui, 2011).   
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4.2.3. Spatial and temporal variation of community structure 

Because the most common benthic competitors at this location were hard corals, sponges and 

algae, the relative proportions of these three benthic taxonomic groups were visualised with 

ternary plots (R package ggtern, Hamilton 2017). Ternary plots are used to represent points as 

described by three coordinates, each representing one variable. The coordinates of points on a 

ternary plot must always add up to a fixed value (see Hamilton 2017). Therefore, percent cover 

data of corals, sponges and algae were transformed into ternary coordinates, in such way that 

the sum of the three groups was 100. Ternary plots were used to evaluate whether the system 

was in a state of coral, sponge, or algal dominance, because these three were the three most 

abundant benthic competitors. 

Changes in community structure across the three sites and over time were examined with 

coupled constrained and unconstrained ordination methods (Anderson and Willis 2003; R 

package vegan, Oksanen et al. 2019). First, a Bray-Curtis similarity matrix (see Chapter 3) was 

derived from percentage cover data from all samples, i.e. each quadrat at each time point. 

Community structure was visualised with nonmetric Multidimensional Scaling (nMDS) in two 

dimensions (stress = 0.07). The amount of variation explained by time (year) and space (site) 

was then quantified with a permutational MANOVA (Anderson 2001) with 9999 permutations. 

A Canonical Analysis of Principal coordinates (CAP, Anderson and Willis 2003) was 

performed to visualise the contribution of the benthic groups to samples from different sites 

and different years. See Methods section 3.2.5 in Chapter 3 for details on the multivariate 

statistics used in this chapter. 

4.2.4. Interannual changes of benthic cover of live benthic taxonomic groups 

Interannual changes in percentage cover of live benthic taxonomic groups were expressed as 

the log-ratio φ = log(C1/C0), where C0 is percentage cover of group X in year y and C1 in year 

y+1. Log-ratio was used to allow for interannual changes of the same magnitude but of opposite 

sign to be represented as a signed deviation from zero. For example, suppose that group X in 

year y has 10% cover. A two-fold increase (doubling) between y and y+1 would result in 20% 

cover in year y+1, and into C1/C0 = 20/10 = 2, whereas a two-fold decrease (halving) to 5% 

cover, and into C1/C0 = 5/10 = 0.5. Log(2) and log(0.5) have the same value (0.69) and opposite 

sign. Significant differences in average interannual variability between benthic groups were 

identified with a Kruskal-Wallis test, followed by post-hoc Dunn’s test with Šidák correction 

for multiple comparisons to identify pairwise differences (R package dunn.test, Dinno 2017). 



  

109 

 

For this test, the absolute value of the log-ratio |φ| was used to express interannual variability 

in such a way that the larger the interannual change the larger |φ|, and the smaller the change, 

the closer |φ| is to zero. Not using the absolute values transformation would have centred the 

mean φ for all benthic groups around zero (see Fig. 5), making differences in interannual 

variability undetectable by statistical tests comparing mean ranks, like the Kruskal-Wallis test.  

4.2.5. Lagged effects of free space on benthic cover 

To investigate the effects of free colonisable space on the abundance and growth of benthic 

organisms, the lagged effect of the amount of bare substrate available on the reef in year y on 

the percentage cover of benthic taxonomic groups in year y+1 was investigated with LMMs. 

Models were built with percentage cover of bare substrate at time y and site as fixed effects, 

and unique quadrat as a random effect. Model building, selection and validation were carried 

out as described above. In addition, because many benthic organisms have the potential to 

outcompete (or settle onto) filamentous turf algae and CCA, we re-ran these models three more 

times using as fixed effects site and: 1) the sum of bare substrate and turf algae cover; 2) the 

sum of bare substrate and CCA cover; and 3) the sum of bare substrate, turf, and CCA cover. 

These alternative models have the purpose of allowing the investigation of lagged relationships 

(lag of 1 yr) between substrate covered in generally weaker algal competitors and other benthic 

organisms.  

All statistical analyses were performed in R (version 3.5.3, R Core Team 2019), and all plots 

were created with the R package ggplot2 (Wickham 2009). 

 

4.3. Results 

4.3.1. Temporal changes in percentage cover 

Percentage cover of benthic organisms at this reef was generally stable over the study period 

(Fig. 4.2). Hard corals were the most abundant benthic organism on the Buoy 3 wall, with a 

mean (± SE) percentage cover of 42.69 ± 1.86%. The second most abundant benthic group on 

average was CCA (23.38 ± 0.98%), followed by sponges (9.17 ± 0.37%), algae (8.53 ±.0.38), 

and other invertebrates (8.32 ± 0.75%). There was on average 4.66 ± 0.27% of bare substrate 

open for settlement or growth of benthic organisms, and 3.22 ± 0.21 of sand and silt combined. 

Cover of undetermined organisms was < 0.05% on average and this group was not considered 

for further analysis.  
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Figure 4.2. Mean percentage cover of benthic organisms at the Buoy 3 reef. Different columns 

(A, B, C) indicate the three sites. Vertical bars represent the standard error of the mean. Sites 

A and B are placed on a vertical wall, whereas Site C is a steep incline (approx. 80° incline). 

Note the different scales for different benthic categories. 

Mixed models analysis of spatial differences and long-term changes showed limited temporal 

variation in percentage cover of live benthic taxonomic groups. Hard corals, sponges, and algae 

showed no significant long-term cover changes, but all three varied between sites (see Table 

4.2 for complete LMMs results). Overall, percentage cover of benthic organisms at site C (the 

slightly inclined site) were different from sites A and B (the vertical wall sites). Namely, at site 

C, coral cover was lower than at sites A and B (P = 0.005 and P < 0.001 respectively), whereas 
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sponge cover was higher (P = 0.014 and P = 0.006 respectively). Algal cover was also higher 

at site C than at site B (P = 0.019). Coralline algae and other benthic invertebrates had site-

dependent long-term dynamics. Coralline algae declined over time at site C (LMM-derived 

mean effect -0.78, 95% CIs [-1.27, -0.29]), whereas other organisms declined over time at site 

A, where soft corals had high abundance in one of the quadrats at the beginning of the study 

period (LMM-derived mean effect -0.61, 95% CIs [-1.10, -0.11]). Both CCA and other 

invertebrates showed no temporal trend at the other two sites. Overall, no group showed long-

term variations that were consistent across space, showing that there is no evidence of overall 

change in dominance of benthic groups at this site. 

Table 4.2. Results of the linear mixed-effects models (LMMs) showing the effects of site and 

year on percentage cover of the benthic taxonomic groups. Coefficient estimates, their standard 

error (SE), model degrees of freedom (DF), t-values, and p-values (P) are reported for each 

fixed effect (P values in bold are significant). Note that, for each model, the estimated Intercept 

refers to site A, and the estimates for site B and site C indicate the difference between the 

Intercept at the respective sites and the intercept at site A. Similarly, the effect of year refers to 

site A, the estimates for the effect of year at site B and site C (indicated as [Year]:[Site]), 

indicate effect differences between the respective sites and site A.  

Dependent variable 

(% cover) 
Fixed effect Estimate SE DF t-value P 

Coral Intercept 46.983 4.755 89 9.881 <0.001 

Site B 10.953 6.806 12 1.609 0.134 

Site C -27.046 6.681 12 -4.048 0.002 

Sponges Intercept 7.602 0.938 89 8.100 <0.001 

Site B -0.751 1.335 12 -0.563 0.584 

Site C 4.967 1.437 12 3.455 0.005 

Algae Intercept 7.696 1.107 89 6.954 <0.001 

Site B -1.712 1.572 12 -1.089 0.297 

Site C 3.797 1.665 12 2.280 0.042 

CCA Intercept 17.685 2.257 86 7.834 <0.001 

Year -0.022 0.164 86 -0.133 0.895 

Site B 1.345 3.181 12 0.423 0.680 

Site C 22.017 3.293 12 6.687 <0.001 
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Dependent variable 

(% cover) 
Fixed effect Estimate SE DF t-value P 

[Year]:[Site 

B] 
-0.161 0.236 86 -0.682 0.497 

[Year]:[Site 

C] 
-0.754 0.259 86 -2.915 0.004 

Other Invertebrates Intercept 9.385 1.705 86 5.503 <0.001 

Year -0.605 0.201 86 -3.007 0.004 

Site B -6.608 1.798 12 -3.675 0.003 

Site C 0.998 2.806 12 0.356 0.728 

[Year]:[Site 

B] 
0.534 0.212 86 2.516 0.014 

[Year]:[Site 

C] 
0.867 0.331 86 2.618 0.010 

 

4.3.2. Community structure 

 

Figure 4.3. Ternary plots showing the relative proportions of the three main benthic 

competitors: hard corals, sponges and algae. Dots indicate single photoquadrats. The closer the 

dot is to a corner of the ternary plot, the more dominant the group in that corner is. Letters A, 

B, and C indicate the three sites. 

Scleractinian corals were the most abundant benthic group at sites A (mean and SE, 48.77 ± 

2.56%) and B (57.96 ± 1.53%), but not at site C (20.70 ± 0.78%). Coralline algae were 

dominant at site C (34.60 ± 1.14%), where cover of sponges and algae was also higher than at 

sites A and B (see Fig. A3.3 for estimates of mean effects of site and time on benthic cover). 

Considering the three main benthic competitors hard corals, algae and sponges, site C was the 
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only site where hard corals were not the dominant benthic competitor at all times, with sponges 

or algae being more abundant than scleractinian corals (Fig. 4.3). 

Like the abundance of the individual benthic categories, community structure of the reef was 

characterised by spatial heterogeneity and temporal stability. nMDS showed similarity between 

the composition of quadrats from the same site and from sites 1 and 2, highlighting the different 

composition of the benthos at site 3 (Fig. 4.4A). Samples from adjacent years, or even from the 

same year and different sites, did not show higher similarity than samples from years further 

apart. Permutational MANOVA results showed that site explained 60% of the variation in the 

community composition (Pseudo-F = 72.12, DF = 2, p < 0.001), whereas year was not a 

significant predictor of community composition (Pseudo-F = 1.429, DF = 7, p = 0.182).  

 

 

Figure 4.4. Spatial and temporal variation of community structure. A: Non-metric Multi-

dimensional Scaling (nMDS) plot for the benthic community at the three sites in surveyed years 

between 2006 and 2017. Each dot corresponds to a quadrat. Symbols indicate the year, colours 

the site. B: Canonical Analysis of Principal coordinates (CAP) plot. Years and sites represent 

the centroid for each set of samples. HC: hard corals; SP: sponges; AL: algae; CA: CCAs; OT: 

other invertebrate; FS: free space; AB: abiotic (sand and silt). Category “Undetermined” not 

shown in CAP. 

4.3.3. Interannual changes of benthic cover of taxonomic groups 

Short-term temporal variability expressed as φ = log(C1/C0) was small for corals and CCA, 

and large for algae, sponges, and other invertebrates (Fig. 4.5). Significant differences in |φ| 

were detected between live benthic groups at reef level (i.e. all sites pooled, χ2 = 124.95, DF = 
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7, P < 0.001, Kruskal-Wallis test). Pairwise comparisons between groups showed that, at reef 

level, interannual changes in coral cover were comparable to changes in CCA (P = 0.075), but 

were smaller than all other groups (algae, sponges, other invertebrates, all P < 0.001). Short-

term temporal variability of sponge cover was comparable to that of algae (P = 0.991) and of 

other benthic invertebrates (P = 0.806).  

 

Figure 4.5. Box-plots showing the interannual variability of percentage cover of the benthic 

taxonomic groups, expressed as log(φ) = log(C1/C0), where C1 is the cover of group X at time 

y+1 and C0 is the cover of group X in year y. Dashed horizontal line represents log(C1/C0) = 0, 

that is C1/C0 = 1, equal to no change between consecutive years. A large spread from the zero-

line indicates high interannual variability for a group.  

4.3.4. Lagged effects of free space on benthic cover  

A positive lagged relationship was found between bare substrate and algal cover, uniformly 

across sites (mean effect 0.20, 95% CI [0.04, 0.36], P = 0.018). When turf algae cover was 

added to bare substrate, a positive lagged relationship between these groups combined and 

CCA cover was detected (mean effect 0.60, 95% CIs [0.38, 0.83], P < 0.001). A positive lagged 

relationship with sponge cover was also found at site A (mean effect 0.525, 95% CIs [0.23, 

0.82], P < 0.001), but not at the other two sites. Similarly, when CCA cover was added to free 

space, a positive lagged relationship between this combined set and sponge cover was detected, 

but again only at site A (mean effect 0.43, 95% CIs: [0.32, 0.55], P < 0.001). Finally, when 

both turf algae and CCA were added to free space, there was once again a positive lagged 

relationship between the combined set and sponge cover at site A (mean effect 0.35, 95% CIs: 

[0.31, 0.40], P < 0.001), but not at the other two sites.  
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4.4. Discussion 

This study aimed to measure decadal and interannual variability in the percentage cover of 

benthic organisms on an Indonesian coral reef, and to investigate the effects of colonisable 

substrate available on the reef on benthic cover of organisms the following year. Percentage 

cover of all benthic organisms was relatively stable over time and showed no signs of long-

term change. Similarly, community structure showed no significant changes over time, 

although differences in community structure between site C and the other 2 sites were detected. 

Sponge and turf algae showed larger interannual changes than hard corals and CCA. A positive 

lagged relationship between bare substrate and turf algae was detected. Furthermore, when 

percentage cover of turf algae and/or CCA were added to bare substrate and considered as 

colonisable substrate, a positive lagged relationship colonisable substrate and sponge cover 

was detected, but only at one of the sites, indicating that this relationship was not universal. 

These results show that: coral cover has remained stable at this Indonesian reef wall over the 

last decade; turf algae and sponges have the potential to fluctuate rapidly; of the benthic 

organisms, only turf algae had a direct benefit from free space becoming available on the reef.  

4.4.1. Long-term stability of benthic cover 

This coral-dominated Indonesian reef showed limited temporal variation between 2006 and 

2017. Mean hard coral cover at reef level (42.69 ± 1.86%) was comparable to values reported 

by previous studies from the Wakatobi at a similar depth on the slope of non-degraded reefs 

(e.g. Bell and Smith 2004, Powell et al. 2014, Marlow et al. 2018a). For Buoy 3 (my study 

site), Powell et al. (2014) reported a 31 ± 17% coral cover at a depth of 10 m in 2010.  

Fleshy macroalgae were virtually absent from this reef, with the mean cover for this group 

never exceeding 0.05%. Moreover, all observed algae were filamentous turf. Macroalgae in the 

central Indo-Pacific are often found in limited abundance on reef crests and slopes (e.g. Sawall 

et al. 2013, Plass-Johnson et al. 2016), and their abundance declined steadily across the 

Wakatobi between 2002 and 2007 (McMellor and Smith 2010) and until 2011 (Curtis-Quick 

2013). McMellor and Smith (2010) reported mean historical levels of macroalgal cover in the 

Park of ~23% before the decline. In contrast, macroalgal cover was always negligible in my 

data. 

Although sponges were never the dominant benthic organism at Buoy 3, they were on 

average the third most abundant benthic group in terms of coverage (9.17 ± 0.37%), after hard 

corals and CCA. Only a few studies have measured percentage cover of sponges from Indo-
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Pacific coral reefs. Sponge cover from sites near Buoy 3 on Hoga Island at similar depth (10 

m) were reported to have been between 10% (Bell et al. 2018c) and 29% (Bell and Smith 2004). 

Other records from the Indo-Pacific show variable sponge percentage cover (average of 5.37% 

at 10 m in NE Kalimantan, de Voogd et al. 2009; 29% at 5 m in East Timor, Farnham and Bell 

2018). The relatively high abundance and diversity of sponges at this reef (Chapter 3, Rovellini 

et al. 2019) highlights their ecological importance.  

Earlier studies carried out at a number of sites around Hoga Island have reported that coral 

cover declined between the early 2000s and 2012 (Curtis-Quick 2013, Powell et al. 2014, 

Gouraguine et al. 2019). In contrast with these other Wakatobi sites and with other Indo-Pacific 

reefs (Bruno and Selig 2007), no overall decline of coral cover was observed at Buoy 3 over 

the study period. My results are consistent with the findings of McMellor and Smith (2010), 

who reported that no decline in coral cover occurred at the reef wall off Hoga Island between 

2002 and 2007, whereas corals had uniformly declined across other sites in the Park with a 

range of local-scale conditions. The stability of hard corals at this reef may be due to local 

characteristics of the coral assemblage and of the reef aspect. Hard corals in the Wakatobi are 

subjected to a range of stressors, including: increased sea water temperature linked to bleaching 

events (Wilson et al. 2012), increased sedimentation associated with decreased growth rates 

(Crabbe and Smith 2005), and destructive fishing methods (Clifton et al. 2010). However, 

corals at Buoy 3 were predominantly encrusting (see also description in Powell et al. 2015), 

and encrusting corals were the least affected coral growth form by past bleaching events that 

occurred in the region (Wilson et al. 2012). Furthermore, the accumulation of sediments on the 

reef wall at Buoy 3 is also lower than at nearby degraded reefs (Bell and Smith 2004, Marlow 

et al. 2018c), due to its vertical aspect (Bell and Barnes 2000a, b).  

An increase in the percentage cover of the phototrophic sponge Lamellodysidea herbacea 

was reported between the early 2000s and 2015 for a highly-sedimented reef in the area (Bell 

and Smith, 2004, Powell et al. 2014, Biggerstaff et al. 2017b), but this sponge was not a 

dominant taxon in the sponge assemblage at Buoy 3 (Chapter 3, Rovellini et al. 2019). Sponge 

cover at Buoy 3 did not show an overall increase over time like it has at the degraded reefs in 

this region. Consistent with this result, sponge abundance (in number of patches per m-2) at this 

site, although highly dynamic, has also not changed significantly between 2005 and 2017 

(Chapter 3, Rovellini et al. 2019).  
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4.4.2. Spatial and temporal variation in community structure. 

No temporal changes in community structure were detected at Buoy 3. Temporal stability of 

the community structure was consistent with the long-term stability of percent cover of 

taxonomic categories. The observed lack of long-term temporal changes in the composition of 

the benthos may be due to stable environmental conditions over the study period. For example, 

sea surface temperature and temperature anomalies in the Wakatobi had no detectable effect 

on sponge abundance and interannual growth, possibly due to the stability of temperature at 

this location (Chapter 3, Rovellini et al. 2019). However, spatial differences in the abundance 

of benthic organisms and in the community structure were detected. Site C generally had lower 

coral cover than sites A and B, and also had a different community structure. This difference 

is likely attributed to the slight inclination of the reef wall at site C, as opposed to the vertical 

surface of sites A and B. Different inclination may result in different exposure to light and 

sedimentation, factors that can have an important impact on sponges and other benthic 

organisms (Cheshire and Wilkinson 1991, Carballo 2006, Bell et al. 2015b, McGrath et al. 

2017). Furthermore, the vertical aspect of the reef at this location may be advantageous for 

corals. Hard corals settlement and survival has been found to be higher on vertical than on 

horizontal surfaces (Birkeland 1977, Rogers et al. 1984). The vertical aspect of this reef may 

thus have supported a stable coral assemblage over time, leaving limited scope for other benthic 

organisms to increase in their abundance. 

4.4.3. Interannual changes in benthic cover 

Interannual changes in percentage cover varied among the benthic taxonomic categories, with 

little interannual variation of hard corals and CCA, and larger variability for sponges, turf algae 

and other benthic invertebrates. Recent coral reef monitoring in the Spermonde Archipelago 

(South-West Sulawesi) over a 3-year period showed limited interannual changes in benthic 

cover of hard corals, sponges, other benthic invertebrates and macroalgae, but some degree of 

temporal variability in cover of CCA and turf algae (Teichberg et al. 2018). Low interannual 

variability of Indo-Pacific coral assemblages has also been reported from New Caledonia 

(Adjeroud et al. 2019, but see Adjeroud et al. 2002 for evidence of pronounced interannual 

variability in coral cover in response to natural disturbance in French Polynesia).  

There is evidence of short-term temporal variability of sponge abundance and cover from 

sites within the Wakatobi. Biggerstaff et al. (2017b) reported a doubling in area covered by L. 

herbacea at Sampela over a period of 18 months. Moreover, while changes in sponge 
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abundance expressed as number of sponge patches may not always correspond to changes in 

sponge percentage cover (Bell et al. 2017), mean sponge abundance at the Buoy 3 reef has 

showed large interannual variability, changing by as much as 40% between 2014 and 2015 

(Chapter 3, Rovellini et al. 2019). The interannual variability of sponge percentage cover was 

similar to that of algae and larger than that of hard corals (Fig. 4.5), which highlights that 

sponges at this site are highly dynamic on short time scales, while showing overall decadal 

stability. 

4.4.4. Comparing temporal changes in sponge abundance and sponge 

percentage cover 

The potential for high temporal variability in sponge abundance and diversity suggests that 

sponge-dominated reefs may be highly dynamic systems (Chapter 3, Rovellini et al. 2019). 

However, sponge percentage cover, whilst also displaying large inter-annual variability, did 

not show the same temporal dynamics as sponge abundance at the same reef.  

While previous studies have reported a correlation between sponge abundance and 

percentage cover (R2 = 0.46, P < 0.001, Bell and Smith 2004), these two measures of sponge 

abundance may also be decoupled. Abrupt declines in sponge percentage cover may be due to 

mortality one or few large-bodied sponges, which may have limited impact on sponge numbers. 

Vice versa, large fluctuations in the number of sponge patches may not correspond to equal 

changes in sponge percentage cover if the sponges that are fluctuating in number are: (1) very 

small in size; and/or (2) cryptic cavity dwellers that are not well-captured by percentage cover 

data derived by photoquadrats. The sponge assemblage described in Chapter 3 was largely 

comprised of high-density, small encrusting sponge patches of the genera Protosuberites, 

Pericharax, and Sycon. Fluctuations in the abundance of these small-bodied sponges were 

responsible for the largest variations in sponge diversity, but did not correspond to equally 

large fluctuations in sponge percentage cover. In situ counts of number of sponge patches is a 

quick and non-destructive method for measuring sponge abundance, and it also allows 

measuring species diversity because it captures all sponges in the assemblage. However, fusion 

and fragmentation of sponges may confound the temporal development of sponge assemblages 

if in situ counts are the only measure of sponge abundance utilised (Bell et al. 2017). 

Furthermore, sponge counts may not convey the importance of sponges in the coral reef 

community compared with other benthic groups. Measuring the proportion of the reef area is 

occupied by sponges is useful to estimate the ecological importance of sponges in the benthic 

community. However, sponges frequently settle or grow over neighbouring benthic organisms 
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(Rützler 1970, Whalan et al. 2012, Ribeiro et al. 2018), and percentage cover is not suited to 

quantify epibiosis. Furthermore, quantifying sponge biodiversity by measuring species-specific 

percentage cover in a sponge assemblage comprised mostly by small-bodied species is not 

precise, because pictures often fail to capture cryptic sponges.  

Many biological and environmental controls may contribute to the decoupling of sponge 

abundance and percentage cover. Loss of sponge tissue to predation (Hoppe 1988) or diseases 

(Webster 2007) may cause the death or size reduction of some larger sponge patches that 

contribute to percentage cover. While mortality of shrinkage of larger sponges may not 

correspond to a decline in sponge abundance, they can lead to a decline in percentage cover. 

Conversely, a lack of temporal changes in percent cover may be due to biological controls and 

environmental conditions that limit sponge tissue growth. For example, macroalgae can 

competitively inhibit sponge growth on coral reefs (Easson et al. 2014, González-Rivero et al. 

2016). Furthermore, slow and irregular growth has been observed in sponges exposed to 

environmental disturbances (Reiswig 1973) or recovering from an injury (Henry and Hart 

2005). Due to the many factors that can control sponge percentage cover, it is important to 

complement this information with other measures of sponge abundance, like number of sponge 

patches. 

Both sponge counts and sponge percentage cover have advantages and limitations when 

describing sponge abundance and biodiversity. If combined, these two measures can quantify: 

(1) metrics for sponge biodiversity, derived from the number of sponge patches for each 

species; and (2) abundance of sponges compared to other benthic organisms, expressed as 

percentage cover. Moreover, both in situ counts and percentage cover are non-destructive and 

easily collected measures. Accurate measures of sponge volume or biomass are often 

unpractical to attain and may require the destruction of the sponge (Bell et al. 2017), although 

sponge volume may be measured with photogrammetric techniques for some sponge 

morphologies like barrel sponges (McGrath et al. 2018).  Discrepancies between temporal 

changes of sponge cover and sponge abundance at this Indonesian reef reported in this thesis 

highlight the importance of relying on multiple measures of sponge abundance, when possible 

(Bell et al. 2017). 

4.4.5. Effect of free space on benthic cover 

Occasional mortality of coral colonies, sponge patches, or other benthic organisms was 

apparent from our photoquadrats, although the causes of such mortality were not assessed. 
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Upon death of a colony or individual, free space would become available for other organisms 

to expand, or for recruits to settle on. When bare substrate becomes available on coral reefs, it 

is rapidly covered by a film of bacteria or opportunistic microalgae (e.g. Crisp and Ryland 

1960), which is then colonised by other benthic organisms (reviewed in Qian et al. 2007). Turf 

algae colonise bare rock after massive coral mortality events (reviewed in O’Brien and 

Scheibling 2018). Experiments on the early succession of benthic colonisers on recruitment 

tiles in the Indo-Pacific showed that filamentous turf algae are present on immersed surfaces 

as soon as 2 weeks after deployment (Bailey-Brock 1987), and that turf algae occupy up to 

50% of free space 4 months after deployment (Plass-Johnson et al. 2016). A settlement study 

from Caribbean reefs shows that, while CCA and turf algae are the first group to colonise clean 

artificial substrate, encrusting invertebrates (mostly sponges) replace the algal groups by 

overgrowing thin algal crusts and small recruits of other organisms (Arnold and Steneck 2011). 

These authors also reported cover of invertebrate crusts off over 20% after one year from the 

deployment of the artificial substrate.  In the present study, instead, only turf algae showed a 

positive relationship between bare substrate and percentage cover at the following census. This 

suggests that opportunistic algae promptly occupied the bare space that had become available 

on the reef, and that no other benthic organism had a direct and immediate benefit from the 

opening of free space. 

Many benthic organisms can expand their margins or settle onto substrates other than barren 

rock. Studies from the Great Barrier Reef that have shown the importance of free space on 

coral recruitment and settlement of benthic invertebrates (Tanner et al. 1996, Connell et al. 

1997). These studies have considered CCA and turf algae equivalent to free space, because 

truly empty space is available on the reef for a limited time and corals are able to settle on CCA 

(e.g. Heyward and Negri 1999, Negri et al. 2001). Moreover, filamentous turf algae have no 

significant effects on the settlement success of coral recruits (O’Brien and Scheibling 2018). 

However, ecological interactions between sponges and these algal groups are poorly 

understood. It has been shown that the larval settlement of the two Great Barrier Reef sponges 

Coscinoderma matthewsi and Rhopaloeides odorabile is induced by CCA (Whalan et al. 2012), 

but it is unclear whether all sponges can settle on CCA, and how competitive interactions 

between sponges and CCA are resolved. Similarly, turf algae have been considered part of bare 

substrate in a study on bioeroding sponges in the Wakatobi, because these sponges advance 

into calcareous substrate overgrown by turf (Marlow et al 2018a). However, information on 

sponge-algae interactions on coral reefs exists almost exclusively for encounters between 
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sponges (mostly bioeroding species) and fleshy macroalgae, and only from reefs in the 

Caribbean (López-Victoria et al. 2006, González-Rivero et al. 2012, Easson et al. 2014).  

My results showed mixed support for benthic organisms relying on algal substrates for 

colonisation. In this study, sponges had a positive lagged relationship with the combination of 

bare rock and algal substrates (turf, CCA and the two combined), although this effect was 

detected only at one site (Site 1). Some sponge taxa formed close associations with turf algae 

at this reef (Fig. A3.4). Sponges often form associations with other benthic organisms, 

including coral polyps and algae (Ribeiro et al. 2018), other sponges (Rützler 1970, Sarà 1970), 

and octocorals (Mclean et al. 2015). Calcareous sponges in particular have been found to form 

associations with many benthic organisms (Ribeiro et al. 2018). Sponges at this site are mostly 

small encrusting species, and some very abundant taxa at this site are small calcareous sponges 

like Pericharax sp. and Sycon sp. (Chapter 3, Rovellini et al. 2019). The positive lagged 

relationship between bare rock combined with algal groups cover and sponge cover at site 1 

suggested that some sponge taxa at this reef might recruit to areas of the reef that are already 

fouled by algae. However, because this relationship was not consistent across sites, further 

research is needed to elucidate relationships between early-settled filamentous algae and other 

benthic organisms at this reef.  

CCA have been shown to be fast colonisers of bare substrate. Boschetti (2016) reported a 

CCA cover of ~ 40% on settlement panels in the Wakatobi one year after deployment, followed 

by a decline during the second year. Similarly, Arnold and Steneck (2011) showed that CCA 

cover peaks at around one year after deployment, and then is overgrown by thicker invertebrate 

crusts. Conversely, in the present study bare substrate alone had no effect on CCA cover at the 

following census, and CCA had a positive lagged relationship with bare space and turf algae 

combined, uniformly across all sites. This suggests that CCA at this site are not limited by bare 

substrate and can overgrow algal patches. 

No lagged relationship was found between colonisable substrate and coral cover. This result 

is expected, given that encrusting corals, dominant at this reef, generally grow slower than 

branching growth forms (e.g. Dullo 2005), and that the lag used in this analysis was 1 yr.  

In summary, the lack of delayed correlation between bare substrate and sponge percentage 

cover at this site suggests that either: 1) sponges at this site are not limited by bare substrate on 

the reef; or 2) sponges indirectly benefit from the opening of free space not by promptly 

colonizing it but by overgrowing the filamentous algae that occupy it first. In this second case, 
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turfing algae colonise the empty space first, being the dominant group after one year, and other 

groups, including sponges, overgrow them or form associations with them on longer time 

scales. Due to the size of our dataset, it was not possible to explore higher-order lag 

relationships (i.e. > 1 yr) between free space and benthic groups.  

4.4.6. Implications for Indo-Pacific reef dynamics 

There was no evidence that a change in cover of benthic organisms has occurred in the last 

13 years on this Indo-Pacific reef. Temporal stability of percentage cover at this reef is in 

contrast with other studies from reefs in the same region, which showed a decline in coral cover 

across several sites in the Wakatobi (Gouraguine et al. 2019), or a decline in coral cover that 

corresponded to an increase in sponge abundance (Biggerstaff et al. 2017b). Care should be 

taken in generalizing the findings of this study to the wider Indo-Pacific. Severe loss of corals 

has been occurring on many other coral reefs in the region (Bruno and Selig 2007), and Indo-

Pacific reefs are threatened by long-term environmental change and by anthropogenic pressure 

(Graham et al. 2015). The extreme rarity of macroalgae from this reef should also be considered 

in the context of the depth and position of the Buoy 3 site. While macroalgae on Indo-Pacific 

reefs are not as abundant as they are in the Caribbean (Bruno et al. 2009, Plass-Johnson et al. 

2016), they can be more abundant than hard corals on in shallow, low-water quality sites (Plass-

Johnson et al. 2015, Teichberg et al. 2018). Further research is needed to elucidate why the 

coral decline reported from other sites in the Indo-Pacific was not observed at this reef. 

The results of this study indicate that, when benthic organisms die and bare substrate becomes 

available on the reef, sponges and other invertebrates may not immediately benefit from it. 

Instead, filamentous turfing algae rapidly occupy bare substrate, and CCA and sponges may 

benefit from turf cover by overgrowing it. Although the reef wall at this site has not experienced 

the same decline in coral cover and habitat degradation that several neighbouring sites have 

shown in the past decades, increasing threats of local anthropogenic pressure and global 

environmental change may result in increased coral mortality in the future. If this happens, and 

as turf occupies the bare substrate left behind, further research is needed to understand how 

other groups overgrow turf algae. The lack of long-term increase in algal cover indicates that, 

while turfing algae are the first and most efficient coloniser of free substrate, they are 

outcompeted or overgrown by other benthic invertebrates at subsequent successional stages, or 

they form associations with them. 
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Results from this chapter guided the incorporation of some aspects of the ecology of coral 

reef benthic organisms in the Atlantis model (Chapter 6). Specifically, I included in Atlantis 

the option to capture the effects of turf algae on the settlement and growth of sponges and corals 

(see Chapter 6). Percent cover of free space and turf algae had a lagged positive effect on 

sponge percent cover only at one site in the present study, and the cover of turf-forming algae 

generally has no significant effects on coral settlement and recruitment (O’Brien and 

Scheibling 2018). However, as shown in this chapter, turf is an abundant and fluctuating 

component of coral reefs, and it interacts with other benthic sessile organisms in complex, 

species-specific ways (reviewed in O’Brien and Scheibling 2018). Because of the lack of a 

universal relationship between turf algae and corals, or turf algae and sponges, Atlantis was 

modified to allow for context-specific definition of the effect that turf has on the growth of 

other benthic groups (see Chapter 6). In addition, knowledge of the interannual variability of 

algae, sponges and other benthic invertebrates gained in this study was also useful to 

qualitatively validate temporal dynamics of the benthic groups modelled in Atlantis during the 

process of model calibration (see Chapter 6).   
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Chapter 5. Reduced small-scale structural complexity on 

sponge-dominated reefs 
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Abstract 

Corals are important for providing structural complexity on coral reefs, and a complex 3D 

framework offers habitat to a wide diversity of coral reef fauna. While corals are well-known 

ecosystem engineers, the potential for other organisms to contribute to coral reef structural 

complexity has received limited attention. Sponges are expected to be more tolerant than corals 

to ocean warming and acidification and may become dominant on some coral reefs in the 

future. To understand how sponges contribute to reef 3D structure, I used 3D photogrammetry 

to compare the habitat complexity of coral-dominated and sponge-dominated portions (4 m2 

quadrats) of an Indonesian coral reef. Structural complexity was expressed as rugosity (R, 

denoting complexity of reef contours), vector dispersion (1/k, denoting heterogeneity of the 

angles between reef surfaces) and fractal dimension (D1-5, denoting complexity at five different 

spatial scales between 120-1 cm), all derived from computer-generated 3D models of the 

quadrats. I found that, at high habitat complexity, coral-dominated and sponge-dominated 

quadrats were similar in terms of R and 1/k. However, complexity of larger refuge spaces D2 

(30-60 cm refuge holes) was higher for sponge-dominated quadrats (P = 0.005), whereas 

complexity of small-scale refuge spaces D5 (1-5 cm refuge holes) was higher for coral-

dominated quadrats (P = 0.001), suggesting that corals provide smaller refugia compared to 

sponges, largely due to branching coral colonies. For coral-dominated quadrats, overall 3D 

structure was explained by the cover of branching and massive corals (P = 0.001 and P = 0.002, 

respectively), and for sponge quadrats by the cover of barrel morphologies (P = 0.008). In both 

coral-dominated and sponge-dominated quadrats, relationships between specific morphologies 

and complexity metrics varied, but were weak overall, suggesting that the combination of many 

growth forms defines the structural properties of the reef. This study suggests that sponge-

dominated reefs will probably lack small-scale spatial structure, with negative implications for 

reef fauna that depend on small refugia. Given the central role of small cryptobenthic fish in 

reef food webs, this may have negative implications for reef trophodynamics on sponge-

dominated reefs. 

 

5.1. Introduction 

Three-dimensional structure is an important physical feature of terrestrial and marine 

ecosystems and is provided not only by the underlying geology, but also by biogenic matrices 

and by live organisms (Kleypas et al. 2001). Structural complexity provides the associated 
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biota with the opportunity for niche partitioning (MacArthur and MacArthur 1961), refuge 

from predators (Hixon and Beets 1993, Steele 1999), shelter for larvae and recruits (Johnson 

2007), larger areas available for habitation (Heck and Wetstone 1977), and it dissipates the 

mechanical stress caused by wind (Finnigan 2000) or waves (Monismith et al. 2015). Extensive 

research has shown that complex habitats are associated with high species richness and 

abundance across many ecosystems, including forests (MacArthur and MacArthur 1961, Tews 

et al. 2004), freshwater streams (O’Connor 1991), temperate intertidal reefs (Kelaher and 

Castilla 2005), the deep sea (Buhl-Mortensen et al. 2010), and coral reefs (Graham and Nash 

2013). Because structural complexity has these important ecological roles and because habitat-

building organisms contribute to structural complexity, it is important to understand how 

changes in the abundance of structure-building organisms affect the three-dimensional 

complexity of an ecosystem. 

On coral reefs, scleractinian corals are considered the most important structure-building 

organisms (reviewed in Graham and Nash 2013), as they can build carbonate skeletons in 

complex three-dimensional growth forms. Coral-associated structural complexity is a strong 

predictor of fish abundance and diversity (e.g. Messmer et al. 2011, Darling et al. 2017) and of 

invertebrate diversity (Stella et al. 2011). Heterogeneous reef structure also hosts a greater 

variety of fish sizes (Nash et al. 2013) and improves resilience of associated fish assemblages 

after a disturbance (Emslie et al. 2014). Furthermore, a complex coral framework on fringing 

reefs offers protection from waves to inshore ecosystems (like reef lagoons and mangroves) 

and to inhabited coastlines (reviewed in Ferrario et al. 2014). Different coral species and 

growth forms contribute in different ways to structural complexity (Denis et al. 2017, 

Richardson et al. 2017), with structurally complex growth forms like tabular and branching 

colonies being keystone providers of structural complexity (e.g. Shima et al. 2008, Kerry and 

Bellwood 2015a, Ferrari et al. 2016). The critical importance of structural complexity for coral 

reef ecosystems has set the focus of recently proposed coral reef management strategies on 

framework-building corals (Darling et al. 2019). 

The decline of corals due to global climate change and local-scale anthropogenic pressures 

(see Hoegh-Guldberg et al. 2007, Baird et al. 2013, Cheal et al. 2017, Hughes et al. 2017a, 

Brown and Hamilton 2018) has corresponded to a decrease in structural complexity on coral 

reefs (Wilson et al. 2006). Reef flattening associated with coral loss has been described across 

the world’s oceans, including the Caribbean (Alvarez-Filip et al. 2009), the Indian Ocean 

(Graham et al. 2006, Elliott et al. 2018), the Indo-Pacific (Jones et al. 2004), the Great Barrier 
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Reef (Emslie et al. 2014), and the Central Pacific (Magel et al. 2019). A reduction in coral reef 

structural complexity is predicted to result in the loss of habitat-associated reef fish (Holbrook 

et al. 2015, Newman et al. 2015), changes in fish assemblage composition (Messmer et al. 

2011), reductions in fishery productivity (Rogers et al. 2014, 2018), and higher exposure of 

coastlines to the mechanical energy of waves (Harris et al. 2018).  

Regardless of whether reef flattening has co-occurred with the loss of corals, corals have 

been declining globally. While regime shifts towards macroalgal-dominated states are widely 

documented (e.g. Mumby et al. 2007, Bruno et al. 2009), on some coral reefs other sessile 

invertebrates may become the dominant benthic organisms after hard corals declined 

(Norström et al. 2009). A decline in corals has corresponded to increased sponge abundance at 

some locations in the Caribbean (Diaz and Rützler 2001, McMurray et al. 2010), Brazil (Kelmo 

et al. 2013), the Indo-Pacific (Powell et al. 2014, Biggerstaff et al. 2017b) and the Central 

Pacific (Schils 2012, Knapp et al. 2013, 2016). Furthermore, experimental evidence indicates 

that some tropical sponge species, although vulnerable to increased temperature (Bennett et al. 

2017, Ramsby et al. 2018), may be more tolerant than corals to ocean warming and acidification 

(e.g. Stubler et al. 2015, Bennett et al. 2018, see Chapter 1 for further references). As a result 

of the previously reported shifts towards sponge-dominated reef systems after coral mortality, 

and because of their resistance to climate change conditions, sponges have been proposed to 

be among the potential winners on future coral reefs (Bell et al. 2013, 2018b). 

Sponges have many important functional roles on coral reefs (reviewed in Bell 2008), 

including removal of organic matter from the water column (de Goeij et al. 2008), hosting of 

microorganisms (Taylor et al. 2007), bioerosion of the reef framework (Schönberg et al. 2017), 

silicon cycling (Maldonado et al. 2005), competition for space (Wulff 2006a), and provision 

of food for predators (Pawlik et al. 2018). Furthermore, sponges can grow into complex three-

dimensional structures (Boury-Esnault and Rützler 1997), and thus they contribute to structural 

complexity of the seafloor, especially when they are present at high density and diversity 

(Maldonado et al. 2016). The importance of sponges as ecosystem engineers is highlighted by 

the many associations between sponges and other organisms, promoted by their external three-

dimensional framework and the internal system of aquiferous canals (see reviews in Wulff 

2006a and Bell 2008). For example, Mediterranean sponges can host diverse endobiotic 

communities of invertebrates (e.g. Koukouras et al. 1996, Gerovasileiou et al. 2016, 

Papatheodoulou et al. 2019). Deep sea invertebrate fauna is also strongly associated with the 

presence of sponge beds of high structural complexity (Buhl-Mortensen et al. 2010), with 
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sponges offering refuge from predators (Beazley et al. 2013) and substrate for growth of other 

sessile suspension feeders (Beaulieu 2001). Associations between fish diversity and deep-sea 

sponge grounds have also been reported (Kenchington et al. 2013), and temperate deep-water 

sponge habitats are used by juvenile fish to escape predation (Ryer et al. 2004, Scharf et al. 

2006). Similarly, three-dimensionally complex sponge assemblages in estuarine ecosystems 

supports higher fish abundance and species richness (van Lier et al. 2017).  

On coral reefs, sponges can provide refuge space for juvenile decapod crustaceans 

(Herrnkind et al. 1997), and they have been proposed as nursery grounds and alternative 

habitats for fish in degraded reef systems (Seemann et al. 2018). However, corals are still 

considered the most important contributors to reef structural complexity (Graham and Nash 

2013), and despite the ecological importance of sponges on coral reefs and the potential for an 

increase in sponge abundance on future reefs, their contribution to reef structural complexity 

has not been investigated.  

Sponges in the Indo-Pacific are an abundant and diverse component of coral reefs (e.g. Bell 

and Smith 2004, Chapter 1), and sponge assemblages in this region have high morphological 

diversity (Bell 2007, Hadi et al. 2015). Low-complexity, encrusting sponges have recently 

become dominant on some degraded reefs in this region (Biggerstaff et al. 2017b), and are 

generally abundant on reef flats and crests exposed to hydrodynamic turbulence (Bell and 

Smith 2004), but more complex and upright growth forms become more abundant with depth 

(Bell 2007, Bell et al. 2018c). Large growth forms like the barrel sponge Xestospongia sp. 

(McGrath et al. 2018) and the fan-shaped Ianthella sp. (Maldonado et al. 2016) are also present 

at high density at many sites in the Indo-Pacific, thus contributing to reef structure. If sponges 

do become more abundant on future coral reefs, it is important to understand whether they can 

provide a structural complexity comparable to that of corals (Chapter 2, Bell et al. 2018a), and 

which sponge growth forms contribute the most to the architecture of the reef.  

An increasing number of methodologies for underwater 3D photogrammetry have recently 

been developed. These methods use computer-generated models of the three-dimensional 

structure of the reef at a range of spatial scales, from single corallites or coral colonies (Lavy 

et al. 2015, Gutierrez-Heredia et al. 2016), to quadrats (Young et al. 2017), transects (Burns et 

al. 2015, Leon et al. 2015), and even entire reef-scapes (Friedman et al. 2012, Ferrari et al. 

2016). From these 3D models, it is then possible to measure variables that are difficult to derive 

in situ, but that provide useful information on reef structural complexity, such as fractal 
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dimension (Bradbury and Reichelt 1983). Fractal dimension (D) is a measure of three-

dimensional complexity at different spatial scales (for example cm to m), and it can be used to 

compare irregularly shaped organisms or reef areas (Reichert et al. 2017), and to explore 

relationships between reef architecture and the associated fauna (e.g. González-Rivero et al. 

2017, Hunt et al. 2019). Applications of underwater 3D photogrammetry focussing on 

structural complexity of coral reefs have so far only focused on corals (but see Lawler and 

Osborne 2008 for photogrammetric classification of temperate sponges). 

In this chapter, I applied the underwater 3D photogrammetry technique proposed by Young 

et al. (2017) to characterise the structural properties of coral-dominated and sponge-dominated 

areas of an Indonesian coral reef, at an intermediate spatial scale (4 m2 quadrats). Reef 

structural complexity was expressed as rugosity (R, expressing complexity of the linear contour 

of the reef), vector dispersion (1/k, expressing heterogeneity of the angles between reef 

surfaces), and fractal dimension (D1-5, expressing reef structural complexity at 5 different 

spatial scales, from small refuge holes of 1-5 cm to larger crevices of 60-120 cm). The aims of 

this chapter were: 1) to identify differences between 3D structure of coral-dominated and 

sponge-dominated reef patches at different spatial scales; 2) to understand which sponge 

growth forms contribute the most to overall structural complexity; and 3) to understand which 

sponge growth forms contribute to the different complexity metrics (R, 1/k and D1-5).  

Characterizing the structural properties of sponge-dominated reefs and comparing such 

properties to those of coral reefs is a first necessary step to understand the role of sponges as 

providers of structural complexity on sponge-dominated reefs. One important follow-up 

question is whether sponge-provided structural complexity has the same ecological functions 

of coral-provided framework. These functions include the important one of creating habitat for 

other coral reef organisms, and it will be crucial to understand whether structurally complex 

sponges will be able to compensate for the loss of three-dimensional habitat caused by coral 

decline. The fish assemblage associated with coral-dominated and sponge-dominated reef areas 

rendered with 3D models was also recorded. Data on fish assemblages was collected outside 

the scope of this thesis (in collaboration with another student). However, the results of the 

analysis of the fish data will be published with the data reported in this chapter. 
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5.2. Materials and Methods 

5.2.1. Study location and sampling design 

The location of this study was Hoga Island in the Wakatobi Marine Park (South-East 

Sulawesi, Indonesia, Fig. 5.1). Data was collected using SCUBA in August 2017 at two reefs, 

known locally as Ridge 1 (a sloping reef wall) and Outer Pinnacle (the top of a seamount near 

the main reef of Hoga Island). On the slopes of these two reefs combined, a total 32 quadrats 

(2 x 2 m) were purposely positioned on portions of the reef where either hard corals or sponges 

were highly abundant. For each quadrat, 4 x 1 m2 photoquadrats were taken for subsequent 

percentage cover quantification. Pictures were taken with a Canon PowerShot G12 (10.0 MP). 

Default settings were used (auto mode), and a camera white balance against a white slate was 

performed at the depth of each quadrat before shooting. Quadrats were placed at depths 

between 6 and 22 m. Because this study focused on the inherent structural properties of the 

reef associated with the abundance of corals or sponges, regardless of relationships between 

benthic organisms and physical variables, site and depth were not relevant for the study design, 

and they were not considered in the analyses. Quadrats spanned a range of structural 

complexity, from low-complexity quadrats dominated by encrusting growth forms of either 

corals or sponges to high-complexity quadrats with high cover of branching corals or complex 

sponge morphologies. Each quadrat was filmed with a lawnmower pattern using an action 

camera (GoPro Hero 5 Black), with resolution set on 1080p and field of view set on “narrow” 

while hovering approximately 1 m above the substrate, following the method described by 

Young et al. (2017). These videos were used to construct 3D computer models of the reef 

quadrats (see below).  
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Figure 5.1. Study location on Hoga Island, Wakatobi Marine Park, SE Sulawesi (Indonesia). 

Red dots indicate the two reefs where the sampling occurred. 

5.2.2. Substrate characterization 

Percentage cover of benthic taxonomic groups, abiotic substrates and of common coral and 

sponge growth forms were measured with the software Coral Point Count with Excel 

extensions (CPCe, Kohler and Gill 2006), by overlaying 300 random points per photoquadrat 

(i.e. 1200 points per 4 m2 quadrat).  Points were assigned to one of the following benthic 

groups: hard corals, sponges, crustose coralline algae (CCA), turf algae, macroalgae, soft 

corals, ascidians, other invertebrates, undetermined organism, dead coral, rock, rubble, sand, 

and silt. Furthermore, hard corals were assigned to one of seven morphologies: branching, 

table, foliose, massive, submassive, free-living (mushroom corals), and encrusting (Fig. 5.2-

A). Sponges were assigned to one of ten growth forms (derived from Boury-Esnault and 

Rützler 1997): branching, tubular, repent, foliose (fan-shaped), digitate, barrel, massive, 

cushion, globular and encrusting (Fig 5.2-B).  While Bell (2007) reported 39 sponge 

morphologies on coral reefs off Hoga Island, the morphological categories used for sponges in 

the present study were less detailed, because: 1) subtle differences between growth forms are 
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often difficult to determine from pictures; and 2) the goal of my morphological categories was 

to capture general three-dimensional properties of sponge fauna.  

Based on percentage cover analysis, quadrats were categorised as either coral-dominated or 

sponge-dominated.  Because there is no consensus in the literature regarding how benthic 

dominance should be defined (e.g. Bruno et al. 2009), a benthic group was considered dominant 

in a quadrat if it had the highest benthic cover of all benthic groups (including abiotic 

substrates) and it occupied at least 1/3 of the reef area (> 33.33% cover).  

5.2.3. 3D photogrammetry of the reef and complexity metrics 

Three-dimensional computer models (Fig. 5.3) of the 32 quadrats (4 m2) were built following 

the protocol described by Young et al. (2017). Still frames were extracted from the videos of 

the quadrats (3 images per second) with the software Adapter (version 2.1.2.0, Macroplant LLC 

2019) with quality set on “high”. Still frames were loaded into Photoscan Standard (version 

1.3.3, Agisoft LLC 2017) and rendered into a 3D model with the following steps (based on 

Young et al. 2017): (1) after automatic camera calibration carried out by Photoscan’s 

proprietary algorithm, pictures were aligned with quality set on “highest” (key point limit = 

40,000; tie point limit = 4,000); (2) a dense point cloud was built at “ultra high” quality, and 

extraneous points created with this process were manually removed from the models; (3) a 

mesh was built with maximum face counts set to 3,000,000; (4) and a texture was built with 

default settings. Following the guidelines presented by Young et al. (2017), quality of the 

models was visually assessed, and models were accepted if the scale bar represented by the 

quadrat’s PVC frame was visible. Quality of the rendering of the quadrat’s PVC frame was 

important because a minimum of 2 vertices of the PVC frame are used as Ground Control 

Points in subsequent analysis of the 3D models. Models were then exported and analysed with 

the 3D modelling software Rhinoceros 3D (“Rhino”, version 5 SR14, Robert McNeel and 

Associates 2017). Python scripts developed by Young et al. (2017) were used in Rhino to 

calculate 7 measures of structural complexity: rugosity (R), vector dispersion (1/k) and fractal 

dimension (D) at five scales of refuge space complexity (D1-5). These metrics are defined in 

Young et al. (2017), and described briefly here. Rugosity R is analogous to traditional chain-

and-tape measures (Risk 1972) of linear rugosity and ranges between 1 (flat surface) and 0 

(complex surface – note the inverse scale). Vector dispersion 1/k measures the heterogeneity 

of the angles formed by the reef surface, and ranges between 0 (flat surface) and 1 (complex 

surface). Fractal dimension D is composed by 5 values (D1-5) and it measures structural 
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complexity of the reef surface within pre-determined size categories. Values of D1-5 

correspond, respectively, to refuge holes with diameters of 120-60 cm, 60-30 cm, 30-15 cm, 

15-5 cm, and 5-1 cm. Values of each D metric range between 2 and 3, with larger values 

indicating higher complexity at that scale of refuge spaces. 

 

Figure 5.2. Most common coral (A) and sponge (B) growth forms found on Hoga Island. 

Corals: 1: branching; 2: foliose; 3: table; 4: massive; 5: submassive; 6: free-living 

(mushroom); 7: encrusting. Sponges: 8: branching; 9: tubular; 10: repent; 11: foliose (fan-

shaped); 12: digitate; 13: barrel; 14: massive; 15: cushion; 16: globular; 17: encrusting. 
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Figure 5.3. Examples of 3D models of 4 m2 quadrats, with table reporting the respective values 

for the 7 metrics of structural complexity. (a) High-complexity coral-dominated quadrat (Q06), 

dominated by branching corals and characterised by high heterogeneity of the surfaces (1/k) 

and intermediate- to small refuge space complexity (D3-5); (b) high-complexity sponge-

dominated quadrat (Q02), with tubular sponges, characterised by high rugosity (low R) and 

large refuge space complexity (D1); (c) low-complexity coral-dominated quadrat (Q24), and 

(d) low-complexity sponge-dominated quadrat (Q14), both characterised by encrusting growth 

forms and comparatively low values for most metrics. 
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5.2.4. Structural properties of coral and sponge quadrats 

A matrix of the Euclidean distances between the quadrats was calculated based on the 7 

standardised metrics of structural complexity. Euclidean distances were chosen because the 

target matrix was a set of continuous variables, and therefore a distance matrix was desirable 

over a similarity matrix for the subsequent analysis. Complexity metrics were standardised 

before calculating the Euclidean matrix to be on the same scale for the clustering method. 

Agglomerative hierarchical cluster analysis with Ward’s method (Ward 1963, Murtagh and 

Legendre 2014) was then applied to this matrix to group the quadrats according to their overall 

structural complexity. Clustering-based grouping of the quadrats into high- and low-

complexity was done in order to compare complexity metrics between coral-dominated and 

sponge-dominated quadrats that had similar structural properties (e.g. to compare complex 

coral-dominated quadrats with complex sponge-dominated quadrats). Ward’s method, which 

works by minimising the total within-cluster variance (Ward 1963, Murtagh and Legendre 

2014), was used because it allows the user to decide a priori the final number of clusters that 

the samples need to be grouped into (2 in this case: high-complexity and low-complexity 

quadrats for each dominant benthic organism). 

Generalised Linear Models (GLMs) were used to determine whether dominant benthic 

organism (coral or sponge, as factor) and level of complexity (high or low, as factor, as 

determined by the clustering) determined differences in the 7 complexity metrics. The 

appropriate GLM was chosen depending on the distribution of the modelled variable, and 

goodness of fit was evaluated by inspecting model deviance residuals. R and 1/k (constrained 

between 0 and 1) were modelled with beta regression and a log link function (Ferrari and 

Cribari-Neto 2004, R package betareg, Cribari-Neto and Zeileis 2010). Metrics D1, D2 and D5 

had a skewed right distribution, whereas D3 and D4 were normally distributed. Therefore, D1, 

D2, and D5 were modelled with GLMs with gamma-distributed errors and a log link function, 

and D3 and D4 with GLMs of the Gaussian family and an identity link (equivalent to ordinary 

least squares regression). All models were built with dominant organism and level of 

complexity as predictors. When significant effects of the predictors were detected, post-hoc 

analyses with Bonferroni correction were applied to detect pairwise differences between coral-

sponge quadrats and between high-low complexity quadrats (R package emmeans, Lenth 

2019). 
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5.2.5. Contribution of growth forms to overall 3D structure 

Constrained ordination methods were employed to determine whether percentage cover of 

the coral growth forms explained variation in the overall structural complexity of coral-

dominated quadrats (Anderson 2001, Anderson and Willis 2003; R package vegan, Oksanen et 

al. 2019). First, an ANOVA-like permutation test (function anova.cca, Oksanen et al. 2019) 

was performed on the matrix of Euclidean distances (already derived for the hierarchical 

clustering, see above) to quantify how much variance in the overall 3D structure was explained 

by different coral growth forms. Redundancy Analysis was used to visualise how quadrats were 

organised in the multivariate space defined by the complexity metrics, and how cover of 

different morphologies was related with the quadrats and with the 7 complexity metrics. 

Redundancy Analysis is an ordination method used to tests for the effects of a set of explanatory 

variables (% cover of morphologies of the benthic organisms) on a matrix of Euclidean 

distances (the matrix of the complexity metrics, see Legendre and Legendre 2012).  The same 

analysis was performed on sponge-dominated quadrats to determine how different sponge 

growth forms contributed to overall structural complexity. Furthermore, the effects of coral 

growth forms on the 3D structure of sponge-dominated quadrats, and vice versa, were also 

determined with the same method, to assess whether benthic taxonomic groups other than the 

dominant ones significantly contributed to overall structural complexity in the quadrat.  

5.2.6. Contribution of growth form to specific complexity metrics 

To determine which growth forms were good predictors of which complexity metrics, 

variable selection was conducted by fitting GLMs with Least Absolute Shrinkage and Selection 

Operator (LASSO) regression (R package glmnet, Friedman et al. 2010). LASSO regression is 

a regularization method for fitting linear models and for variable selection, and it is robust to 

small sample size, (Friedman et al. 2010), even up to cases where the number of predictors 

equals the number of samples (Zou and Hastie 2005). While fitting a model, LASSO penalises 

the predictors that contribute the most to model variance by shrinking their coefficients to zero 

(Tibshirani 1996). The method achieves this shrinkage by deriving a penalization coefficient, 

λ, and by applying it to the coefficients of the predictors (the growth forms). Seven models per 

dominant benthic organism (coral or sponge) were built, one for each of the 7 complexity 

metrics, with coral and sponge growth forms as explanatory variables for coral and sponge 

quadrats, respectively. All 7 dependent variables were modelled with GLMs of Gaussian 

family (equivalent to ordinary least squares), even though not all response variables were 

unbound and normally distributed (see Section 2.4). For this step, this was considered an 
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acceptable approximation because model fitting via LASSO regression had the purpose of 

variable selection, and model estimated coefficients were not used for further predictive 

modelling; therefore, ease of interpretation of the models was preferred over precision of the 

estimated coefficient. Furthermore, R package glmnet recommends the use of GLMs of 

Gaussian family with identity link in case of continuous numeric response variable, like the 7 

structural metrics (Friedman et al. 2010). Models were fitted with 10-fold cross-validation, 

which returned a value of λ that allowed to shrink to zero the coefficients of the weak predictors 

while minimizing model uncertainty (λmin). Because the folds for the cross-validation are 

randomly selected by the fitting algorithm, the cross-validation was iterated 100 times (i.e. with 

100 random seeds). Larger numbers of random iterations were tested and returned the same 

results, therefore 100 random iterations were considered sufficient. Growth forms whose 

coefficients were not shrunk to zero in at least 90% of the random iterations of the cross-

validation procedure were considered good predictors for the complexity metrics. To control 

for the contribution of sponge growth forms to complexity metrics in coral quadrats, and vice 

versa, sponge morphologies were tested as predictors of complexity metrics in the coral 

quadrats, and vice versa with the LASSO method, following the same procedure as above. 

All statistical analyses were performed in R (version 3.5.3, R Core Team 2019), and all plots 

were created with the R package ggplot2 (Wickham 2009). 
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5.3. Results 

5.3.1. Benthic cover and levels of structural complexity 

In 15 of the 32 quadrats, hard corals were the most abundant benthic group (mean and SE 

coral cover 59.22 ± 3.65%), whereas in the remaining 17 quadrats sponges were the most 

abundant benthic group (46.05 ± 1.40%, Fig. 5.4).  

Figure 5.4. Percentage cover of benthic taxonomic groups and abiotic substrates in the 32 4 m2 

quadrats.  

Hierarchical clustering based on the 7 complexity metrics divided both coral-dominated and 

sponge-dominated quadrats into two complexity-based groups (Fig. 5.5). The separation of 

these two clusters for each dominant organism allowed the separation of quadrats into high- 

and low-complexity quadrats, based on their structural properties. On average, coral quadrats 

identified as “high complexity” were characterised by branching (mean ± SE 31.71 ± 4.44%), 

foliose (10.01 ± 3.27%), and massive corals (6.86 ± 1.54%), whereas low-complexity coral 

quadrats had on average high cover of encrusting (22.70 ± 2.06), submassive (15.33 ± 2.85%), 

and tabular (12.37 ± 2.23%) coral growth forms (Fig. 5.6). Quadrats with high percentage cover 

of tabular coral were identified as low-complexity quadrats, indicating that the method could 

not capture the overhangs and the habitat provided by coral tables (see Discussion). On 

average, high-complexity sponge quadrats were characterised by encrusting (16.81 ± 0.42%), 

barrel (9.99 ± 1.51%), and tubular morphologies (6.86 ± 1.31%), whereas low-complexity 
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sponge quadrats were, on average, characterised by encrusting (19.39 ± 0.71%), massive (9.96 

± 0.66%) and cushion (6.15 ± 0.44%) morphologies (Fig. 5.6). Encrusting sponges were the 

most abundant sponge growth form in both high- and low-complexity sponge quadrats. On 

average, bare rock and dead coral skeleton had low percentage cover (3.26 ± 0.52% and 0.42 

± 0.16%, respectively).  

 

 

Figure 5.5. Hierarchical clustering based on the matrix of Euclidean distances calculated on 

the multivariate matrix of the 7 structural complexity metrics. A: coral-dominated quadrats. B: 

sponge-dominated quadrats. Blue quadrats are high-complexity, red quadrats are low 

complexity. Coral-dominated and sponge-dominated quadrats are denoted by the letters C and 

S, respectively. High-complexity and low-complexity quadrats are denoted by the letters H and 

L, respectively.  
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Figure 5.6. A: percentage cover of coral morphologies in coral-dominated quadrats; B: 

percentage cover of sponge morphologies in sponge-dominated quadrats.  

5.3.2. Structural properties of coral and sponge quadrats 

At low structural complexity, rugosity R was lower (i.e. more complex surface) in sponge-

dominated quadrats than in coral-dominated quadrats (P = 0.0011), but similar between coral-

dominated and sponge-dominated quadrats at high complexity (P = 0.8528). For both coral and 

sponge quadrats, R decreased (i.e. rugosity increased) with complexity (P < 0.0001 and P = 

0.0072 for corals and sponges respectively). Similarly, vector dispersion 1/k (reflecting 

heterogeneity of the surfaces) at low complexity was higher for sponge quadrats than for coral 

quadrats (P = 0.0002) but similar between coral-dominated and sponge-dominated quadrats at 

high complexity, and increased with complexity for both coral and sponge quadrats (P < 

0.0001, P = 0.0494 respectively). Fractal dimension metrics D1 and D2 that described large 

refuge spaces (120-60 cm and 60-30 cm, respectively) increased with complexity for sponge 

quadrats (P = 0.0039 and P = 0.0015 for D1 and D2, respectively) but not for coral quadrats. 
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Furthermore, at high complexity, D2 was higher in sponge-dominated quadrats than in coral-

dominated quadrats (P = 0.0054). The opposite pattern was found for intermediate- and small-

scale fractal dimension metrics D3, D4 and D5 (indicating refuge holes of sizes 30-15 cm, 15-5 

cm, 5-1 cm, respectively), which increased with complexity for coral quadrats (all P < 0.0001 

for D3-5), but not for sponge quadrats. Importantly, D5 at high complexity was higher in coral 

quadrats than in sponge quadrats (P = 0.0009). Significant differences between coral and 

sponge quadrats and between levels of complexity for all metrics are reported in Fig. 5.7. 

 

Figure 5.7. Boxplots of the model-derived habitat complexity metrics for coral (red) and 

sponge (blue) quadrats, at low and high levels of structural complexity. Note the different 

scales on the y axis for different metrics. Asterisks indicate significant differences reported by 

the Generalised Linear Models, either between coral and sponge quadrats (asterisk in between 

boxes) or between levels of complexity for the group indicated by the letter (asterisk in the 

centre of the plot, c = corals, s = sponges). R = rugosity (note the inverse scale), 1/k = vector 

dispersion, D1-5 = fractal dimension. Numbers in the first panel represent sample size (N).  
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5.3.3. Contribution of growth forms to overall 3D structure  

Redundancy analysis based on overall structural complexity (i.e. Euclidean matrix calculated 

based on the 7 structural metrics) showed that the cover of encrusting, sub-massive and tabular 

corals was associated with low-complexity coral quadrats, whereas cover of branching and 

massive corals was associated with high-complexity quadrats (Fig. 5.8-A). The ANOVA-like 

permutation test showed that variance in the overall structural complexity of coral-dominated 

quadrats was explained by the cover of branching (48.13%, pseudo-F = 20.64, P = 0.001) and 

massive coral growth forms (17.63%, pseudo-F = 7.56, P = 0.002). For sponge-dominated 

quadrats, barrel, tubular and digitate growth forms were associated with high-complexity 

quadrats, whereas encrusting, cushion, massive and globular growth forms were associated 

with low-complexity quadrats (Fig. 5.8-B). However, ANOVA-like permutation tests showed 

that only barrel growth forms explained a significant amount of variation in the overall 

structural complexity of sponge-dominated quadrats (20.29%, pseudo-F = 3.53, P = 0.008). 

Importantly, no sponge morphology explained significant variation in the overall structural 

complexity of coral-dominated quadrats, and vice-versa (results not shown). 

 

Figure 5.8. Redundancy Analysis plots that show which growth forms correlate with high- and 

low-complexity quadrats, and how quadrats are distributed in the multivariate space defined 

by the complexity metrics. A: coral-dominated quadrats and coral morphologies. B: sponge-

dominated quadrats and sponge morphologies. R = rugosity (note the inverse scale), 1/k = 

vector dispersion, D1-5 = fractal dimension, BRA = branching, TAB = table, FOL = foliose, 

MAS = massive, SUB = sub-massive, FRL = free-living, ENC = encrusting, TUB = tubular, 

REP = repent, DIG = digitate, BAR = barrel, CUS = cushion, GLO = globular. 
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5.3.4. Contribution of growth forms to complexity metrics  

Analysis of the coefficients of LASSO linear regression showed that in coral-dominated 

quadrats cover of massive corals had a positive effect on rugosity (i.e. a negative effect on R), 

whereas cover of encrusting, sub-massive and tabular corals had a negative effect (Fig. 5.9-A). 

Cover of branching coral had a positive effect on 1/k, whereas tabular coral cover had a 

negative effect. No coral growth form was a good predictor of D1 and D2 (larger refuge holes, 

120-60 cm and 60-30 cm respectively). Cover of branching, foliose and massive corals had a 

positive effect on D3 (30-15 cm refuge holes), whereas cover of encrusting, sub-massive and 

tabular corals had a negative one. Cover of branching and massive corals had a positive effect 

on D4 (15-5 cm refuge holes), while cover of encrusting, sub-massive and tabular corals a 

negative one. Finally, only cover of branching corals had a positive effect on D5 (5-1 cm refuge 

holes), whereas cover of sub-massive and tabular corals had a negative one. In sponge-

dominated quadrats, few growth forms could consistently predict complexity metrics (Fig. 5.9-

B). Barrel sponge cover had a positive effect on rugosity (i.e. a negative effect on R) and D1, 

but a negative effect on D5. Cover of tubular sponges also had a positive effect on rugosity and 

vector dispersion, but a negative effect on D5. Finally, cover of cushion growth forms had a 

negative effect on D5, and cover of branching, digitate and massive sponges a positive one, 

although weak. For both coral and sponges, the model coefficients that the LASSO algorithm 

did not shrink to zero had small values, indicating overall weak relationships between specific 

growth forms and the complexity metrics. No sponge growth form was selected by the LASSO 

as predictor of the complexity metrics in coral quadrats, and vice versa (results not shown). 
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Figure 5.9. Mean values of the LASSO regression coefficients of percentage cover of the 

growth forms as predictors of the 7 complexity metrics, estimated at λmin in 100 random 

iterations of the cross-validation. A: coral-dominated quadrats; B: sponge-dominated quadrats. 

Bars indicate standard deviation, dashed horizontal line represents zero (no effect of the 

predictor – growth form). The numbers indicate how many random iterations of the cross-

validation returned a non-zero value for the coefficient of that predictor. Only predictors whose 

coefficients were not shrunk to zero in 95% of the iterations were considered. R = rugosity 

(note the inverse scale), 1/k = vector dispersion, D1-5 = fractal dimension, BRA = branching, 

TAB = table, FOL = foliose, MAS = massive, SUB = sub-massive, FRL = free-living, ENC = 

encrusting, TUB = tubular, REP = repent, DIG = digitate, BAR = barrel, CUS = cushion, GLO 

= globular. 
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5.4. Discussion 

In this chapter I compared the structural properties of coral-dominated and sponge-dominated 

quadrats on an Indonesian coral reef using underwater 3D photogrammetry. The aims of this 

chapter were to identify differences between the structural complexity of coral-dominated and 

sponge-dominated reef quadrats, and to understand which sponge growth forms contribute to 

reef structural complexity. I found that sponge-dominated quadrats where upright sponges were 

abundant presented a complex 3D framework, comparable to that of coral-dominated quadrats 

in terms of rugosity, heterogeneity of the surfaces, and largest refuge space complexity (120-

60 cm). However, sponge-dominated quadrats were more complex at the second largest scale 

of refuge spaces (60-30 cm), mostly due to barrel sponges, whereas coral-dominated quadrats 

were more complex at the smallest scale of refuge spaces (5-1 cm), mostly due to branching 

corals. I also found that contributions of single growth forms to specific complexity metrics 

were generally weak, indicating that reef complexity is provided by the combination of many 

shapes of benthic organisms, rather than by one particular coral or sponge morphology. These 

results indicate that a loss of coral and sponge diversity will result in reduced structural 

complexity, and that a decline in corals and a corresponding increase in sponge dominance will 

likely correspond to an increase in larger refuge holes (60-30 cm) and to a loss of smaller refuge 

holes (5-1 cm). The latter has potentially negative implications for coral reef fauna that depends 

on small refugia, like small cryptobenthic reef fish that have a central role in reef food webs.  

5.4.1. Structural properties of coral and sponge quadrats 

At high structural complexity, five complexity metrics out of seven (R, 1/k, D1, D3 and D4) 

did not differ between coral-dominated and sponge-dominated quadrats. This showed that, on 

sponge-dominated reefs, sponges with complex morphologies can provide a 3D framework 

that is largely comparable to that of corals on coral-dominated reefs. However, coral-dominated 

quadrats showed higher structural complexity at the smallest scale of refuge spaces (D5, refuge 

holes 5-1 cm in diameter) compared to sponge-dominated quadrats. Conversely, sponge-

dominated quadrats showed higher complexity at the second largest scale of refuge spaces (D2, 

refuge holes 60-30 cm in diameter).  

Three-dimensionally complex coral growth forms, like branching and foliose colonies, were 

the most abundant coral growth forms in high-complexity coral quadrats. With a morphometric 

approach, Richardson et al. (2017) showed that branching Porites on Lizard Island (Great 

Barrier Reef) were the most complex habitats at the smallest spatial scale (4 cm, comparable 
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to my smallest scale of refuge spaces of 5-1 cm), thus making a major contribution to small-

scale habitat structure on the reef. In the present study, while ramified sponge morphologies 

(like branching and repent) were present in high-complexity sponge quadrats, either their 

abundance was too low to offer small-scale habitat, or sponges lacked the inherent 

morphological complexity of branching coral colonies.  

Branching corals are beneficial to reef health and resilience, by promoting abundance and 

diversity of associated vertebrates (Huntington et al. 2017), and by increasing settlement rates 

of juvenile fish and attracting fish predators (Shima et al. 2008). Recent research highlighted 

the crucial role of small-sized cryptobenthic reef fishes in the reef trophodynamics, where they 

produce ~60% of the consumed reef-fish biomass (Brandl et al. 2019) and account for almost 

half of the global reef fish biodiversity (Brandl et al. 2018). Cryptobenthic reef fish families 

have a prevalence (>10%) of species with body length <50 mm (Brandl et al. 2018). The body 

size of these fish species coincides with the refuge spaces of the smallest size considered in the 

present study (5-1 cm). Therefore, with the ongoing decline of corals and the associated 

flattening of coral reefs (Alvarez-Filip et al. 2009), the disappearance of small-scale habitats 

(5-1 cm) linked to corals and the inability of sponges to compensate for it will likely have 

disproportionate negative consequences for coral reef fish assemblages (Emslie et al. 2014). 

Differences in how reef fauna is associated with the habitat provided by coral-dominated and 

by sponge-dominated reefs have not been investigated. However, due to the loss of small refuge 

spaces (<5 cm), it is likely that even highly complex sponge reefs will have a different 

associated fauna, with possible consequences for the food web.  

While many studies have discussed the role of sponges as source of habitat (e.g. Ryer et al. 

2004, Sharf et al. 2006, Fiore and Cox Jutte 2010, Beazley et al. 2013, Kenchington et al. 2013, 

Gerovasileiou et al. 2016), the contribution of sponges to seafloor structural complexity has 

been mostly explored for systems where sponges have very high benthic dominance 

(Maldonado et al. 2016). Dense aggregations of sponges are recognised as sources of habitat 

heterogeneity in many ecosystems (Buhl-Mortensen et al. 2010, Maldonado et al. 2016). For 

example, Conway et al. (2001) reported hexactinellid sponge reefs from British Columbia 

elevating up to 1.5 m above the underlying abiotic reef matrix. Deep-sea sponge beds supply 

3D relief to the seafloor in the North-Atlantic (ICES 2009, Hogg et al. 2010) and Australian 

deep continental shelf (Fromont et al. 2012), while upright sponge morphologies contribute, 

with macroalgae, to the structural complexity of temperate estuaries (van Lier et al. 2017). The 

role of sponges as providers of structural complexity on coral reefs, however, has never been 
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investigated. In the present study, the fractal dimension metric D2 (refuge holes 60-30 cm in 

diameter, the second largest category) was higher in sponge quadrats than in coral quadrats, at 

high complexity. Barrel and tubular sponge morphologies were the most abundant upright 

sponge growth forms in high-complexity sponge quadrats. Conspicuous sponge species, like 

the barrel sponge Xestospongia, can reach large sizes (often >1 m in both diameter and height) 

and therefore contribute to reef structure (McMurray et al. 2008, McGrath et al. 2018). Bell 

(2007) proposed that, in the Wakatobi, barrel sponges disrupt the hydrodynamic flow with their 

structure, and that massive chimneys and tubes (collectively defined as tubular in the present 

study) are among the morphologies providing 3D structure and therefore microhabitat. The 

spaces between large barrel or tube sponge growth forms and the neighbouring benthic 

organisms explained the higher values of D2 for sponge quadrats compared to coral quadrats, 

as well as the rugosity and heterogeneity of the reef surface.  

However, the relative lack of the second largest refuge holes (D2) in coral-dominated quadrats 

compared to sponge-dominated quadrats was probably due in part to the underrepresentation 

in the models of the overhang spaces provided by table corals. Overhang space under table 

corals could not be captured with my application of the method of Young et al. (2017) because 

table corals were parallel to the seafloor, and so was the action camera (as necessary for correct 

model rendering).  Furthermore, the upper surface of table corals is essentially flat, and 

therefore these structures give limited contribution to both rugosity (R) and heterogeneity of 

the surfaces (1/k). This highlights the need to compound popular measures of structural 

complexity, like rugosity, with metrics that capture fractal properties of the reef (Reichert et al. 

2017). Tabular corals are keystone structures on coral reefs, and the overhanging space beneath 

them is used by large reef fish as shelter, as advantageous point for ambush predation, and as 

source of shade (Kerry and Bellwood 2012, 2015a, b). The low contribution to reef complexity 

of tabular corals in the present study was therefore a result of the filming technique and of the 

metrics used to quantify complexity. For reef areas where table corals are abundant, other 

methods of measuring structural complexity in situ, such as visual evaluation of structural 

variables with Habitat Assessment Scores (Gratwicke and Speight 2003), may be used to 

complement the information provided by the 3D photogrammetry. 

Notably, at low levels of structural complexity, four of the seven complexity metrics (R, 1/k, 

D3 and D4) indicated that sponge-dominated quadrats were more complex than coral-dominated 

quadrats. Furthermore, for sponge quadrats, the increase in rugosity and vector dispersion from 

low to high complexity was small (although significant) compared to that of coral quadrats, 
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and the increase in D3 and D4 was not significant. That is, based on more than half the 

complexity metrics, the difference in overall structural complexity between low- and high-

complexity sponge-dominated quadrats was subtler than for coral-dominated quadrats. 

Similarity in the complexity metrics between low- and high-complexity sponge-dominated 

quadrats was due to a somewhat similar morphological composition of sponge assemblages 

across all sponge-dominated quadrats, with encrusting morphologies always being the most 

abundant sponge growth form. At low complexity, higher values of R, 1/k, D3 and D4 in sponge 

quadrats than in coral quadrats were due to the presence of cushion and massive sponge growth 

forms. While these morphologies do not provide any small-scale structural complexity, they 

are compact, amorphous three-dimensional growth forms with some degree of relief (Boury-

Esnault and Rützler 1997) and thus contribute to the overall reef framework. Low-complexity 

coral quadrats, on the other hand, were dominated by encrusting corals (essentially two-

dimensional), with the sporadic presence of table corals (which due to the issues discussed 

above are effectively a flat surface if looked at from above, and therefore do not contribute 

majorly to rugosity and vector dispersion).  

5.4.2. Contribution of morphologies to overall 3D structure and to complexity metrics 

For both coral-dominated and sponge-dominated quadrats, few growth forms explained, 

alone, a significant amount of variation in overall reef structural complexity (branching and 

massive for corals, barrels for sponges). However, while the coefficients estimated by the 

LASSO for coral and sponge morphologies as predictors of complexity metrics helped to 

discern the effects of single growth forms on reef structural complexity, such effects were 

generally weak. Weak effects of individual growth forms on structural complexity suggests 

that, while upright morphologies of benthic organisms are required to maintain the 3D structure 

of the reef, structural complexity is a property of coral reefs that is provided by the combination 

of many growth forms (Darling et al. 2017).  

In sponge quadrats, only barrel sponges explained significant variation in overall reef 

structural complexity, demonstrating the key role of these large sponges as providers of reef 

elevation and structural heterogeneity (Bell 2007, McMurray et al. 2008). Specifically, barrel 

sponges were good predictors of rugosity and complexity at large scale of refuge spaces (120-

60 cm), but not of heterogeneity of the surfaces and of complexity at smaller scale of refuge 

spaces, in fact contributing negatively to the smallest scale of refuge spaces, D5 (5-1 cm). 

Tubular sponges contributed to rugosity (R) and to heterogeneity of the surfaces (1/k), but were 



  

151 

 

negatively associated with small scale of refuge spaces. Complexity at small scale of refuge 

spaces in sponge quadrats (D5) was provided mostly by branching and digitate sponges, but it 

should be noted that the relationships between these morphologies and D5 were weak. 

Furthermore, only barrel sponges explained variation in overall structural complexity, 

indicating that the contribution of other sponge morphologies to reef architecture was limited.  

The way barrel sponges contributed to structural complexity in sponge quadrats was similar 

to that of massive corals in coral quadrats. Massive coral colonies in the present study 

contributed to rugosity and, weakly, to complexity at intermediate- to small scales of refuge 

spaces (30-5 cm, D3 and D4), but not to heterogeneity of the surfaces (1/k), or to complexity at 

smaller scales of refuge spaces (5-1 cm, D5). Contributions of different coral morphologies to 

different scales of refuge spaces is in agreement with Richardson et al. (2017), who showed 

that colonies of branching Porites form complex habitats at small spatial scales (4 cm), whereas 

massive Porites are more complex at larger spatial scales of 16-64 cm.  

In coral-dominated quadrats, massive and branching coral morphologies contributed the most 

to the variation in overall structural complexity. Previous research has identified branching 

corals as primary contributors to reef complexity (e.g. Denis et al. 2017, Huntington et al. 

2017). Cover of encrusting, submassive and table corals did not explain significant variability 

in the 3D structure of the quadrats, and these morphologies were negatively associated to most 

complexity metrics. While, as discussed, the association of table corals with low structural 

complexity reflects the method applied rather than the true role of these structures as source of 

complexity, none of these coral morphologies offered heterogeneous 3D relief to the substrate. 

Importantly, if reefs become dominated by sponges, complex sponge morphologies will be 

required for structural complexity to be maintained. Drivers of morphological diversity of coral 

reef sponge assemblages in the Indo-Pacific are not well known. Barnes and Bell (2002) 

reported water-flow regimes and substratum heterogeneity as key drivers of morphological 

diversity of Indian Ocean sponge assemblages, and morphological diversity of temperate 

sponges is influenced by local environmental conditions like sedimentation or currents (Bell 

and Barnes 2000c). However, no clear relationship was found between sponge morphological 

diversity and site-specific conditions in the Wakatobi (Bell 2007). Storms can damage tall 

sponges on coral reefs (Mercado-Molina and Yoshioka 2009), and with the frequency of reef-

threatening storms projected to increase with climate change (Cheal et al. 2017), complex 

sponge morphologies may be limited to low-energy environments on future reefs. Moreover, 
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at a degraded reef site in the Wakatobi, the encrusting phototrophic sponge Lamellodysidea 

herbacea has recently increased in abundance (Biggerstaff et al. 2017b). Dominance of these 

low-complexity sponge growth forms after coral decline would result into a loss of structural 

complexity. However, at the same coral-depleted Wakatobi reef where L. herbacea abundance 

has increased, barrel sponges are a conspicuous and abundant sponge species across depths 

(McGrath et al. 2017, 2018). Sponge-provided structural complexity on transitioning reefs will 

depend on which sponge species and growth forms will be dominant.  

Although corals or sponges were always dominant benthic groups in the quadrats, other 

benthic organisms had the potential to contribute to structural complexity. While this may have 

made the contributions of specific coral and sponge morphologies to complexity metrics harder 

to measure, it is also a realistic representation of a reef: a complex composition of many benthic 

organisms growing into different shapes. Confounding effects of other benthic groups on 

structural complexity were mitigated by placing the quadrats in such way that the dominant 

organism was always far more abundant than the rest of the benthos with an upright structure. 

Furthermore, I tested for the contribution of sponges to structural complexity in coral quadrats, 

and vice versa. The non-significant results of these analyses and the low percentage cover of 

other upright sessile organisms suggested that non-dominant benthic groups were unlikely to 

contribute significantly to reef structure.  

Importantly, while the maintenance of structural complexity of the reef depends on live corals 

producing new carbonate (Darling et al. 2017), dead coral skeletons also contribute to reef 

architecture (Lindahl et al. 2001). The confounding effects of the possible contribution of dead 

coral skeletons to habitat complexity in the quadrats were negligible, because of the very low 

mean dead coral cover (< 0.5%). The underlying reef geology is also an important determinant 

of overall rugosity and large-scale structural complexity of the reef (Kleypas et al. 2001). 

Quantifying the contribution to structural complexity of the underlying abiotic matrix versus 

that of benthic organisms was not possible with my approach. However, all quadrats were 

placed on the reef slope haphazardly with respect to local reef aspect and geological 

heterogeneity, following the only criterion that either corals or sponges were the dominant 

benthic organism. Therefore, it is unlikely that the abiotic matrix contributed to overall 

complexity in a different way between coral-dominated and sponge-dominated quadrats. 

The present study shows that high density of sponges with erected growth forms contribute 

to overall reef structural complexity in a way that is similar to that of corals. However, sponge-
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dominated reef areas lack the smallest scale of refuge space measured (5-1 cm) that complex 

coral growth forms provide. The loss of 5-1 cm refuge spaces has important implications for 

coral reef trophodynamics on reefs where sponges will become dominant after corals have 

declined (Chapter 2, Bell et al. 2018a). Low structural complexity at small spatial scales on 

sponge reefs would have a negative impact on small reef fish that are central to coral reef food 

webs (Brandl et al. 2019). Furthermore, coral reef structural complexity relies on live corals 

producing new carbonate reef matrix (Darling et al. 2017). While complex sponge 

morphologies would offer 3D structure to the reef as long as the sponges live, dead coral reef 

sponges do not leave behind a limestone skeleton like corals do, and do not contribute to reef 

accretion. In fact, future increase in the abundance of bioeroding sponges may actively 

contribute to reef erosion (Schönberg et al. 2017), with an overall negative effect on habitat 

complexity. Therefore, it is likely that sponges will not provide long-term maintenance of 

structural complexity of coral reefs. Further research is needed to understand the specific 

consequences that changes in structural complexity associated with an increase in sponge 

dominance will have on coral reef fauna. Future studies should focus on the relationships 

between reef fishes and invertebrates and different sponge morphologies. 

The results from this Chapter guided the modelling of sponges in the Atlantis model (Chapter 

6) by providing insight on the role of sponges as source of structural complexity on coral reefs. 

Atlantis is already equipped to capture the rugosity associated with corals, and the effect of this 

rugosity on other ecological processes (for example fish recruitment, see Audzijonyte et al. 

2019). New code was developed to allow for sponge-provided structural complexity (see 

Chapter 6), which can be parameterised as appropriate depending on the sponge morphological 

diversity that each future Atlantis application will capture. The role of sponges as suppliers of 

structural complexity was highlighted as important by qualitative modelling results in Chapter 

2.  
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Chapter 6. A framework to model sponges in the 

ecosystem model Atlantis 
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Abstract 

Ecosystem models capture the physical and biological components of entire ecosystems, with 

the option to include the human use of natural resources. Ecosystem models can be used to 

simulate future ecological scenarios, and to predict trajectories of change when ecosystems are 

exposed to perturbations. As such, ecosystem models of coral reefs can help us gain insight on 

the effects of global climate change and local environmental pressure on these complex 

ecosystems. Sponges are an important component of coral reefs, but to date there is limited 

information on many aspects of sponge ecology, and sponges rarely have high commercial 

value on coral reefs. For these reasons, detailed representations of sponges in ecosystem models 

are missing. In this Chapter, I present the development of a framework to include sponges as 

three functional groups (heterotrophic, phototrophic, and bioeroding) in the ecosystem model 

Atlantis. Based on previous data chapters in this thesis, I developed new Atlantis code for 

sponge-specific ecological processes. These processes include benthic competition with corals 

and macroalgae, sponge-mediated bioerosion of carbonates and contribution to structural 

complexity, and Silicon-limitation to sponge growth. In addition, existing Atlantis code was 

adapted to allow for the response of sponges to ocean warming and acidification. This new 

framework to model sponges was tested in an Atlantis application for the Australian Great 

Barrier Reef (GBR). Sponges were parameterised in Atlantis GBR with percent cover data 

from the Australian Institute of Marine Science, and by searching the literature for information 

on life history traits and response to climate change of GBR sponges. Model development and 

calibration are presented. At the time of completing this thesis, Atlantis GBR is undergoing 

model calibration, and results from model runs will be presented elsewhere.  

 

6.1. Introduction 

Ecosystem models that capture entire ecosystems, including biological, oceanographic, and 

socio-economic components, are also referred to as end-to-end models. Atlantis is a spatially-

structured, deterministic end-to-end model used for the dynamic modelling of entire 

ecosystems, written in the programming language C (Fulton et al. 2011). The model tracks 

biomass (nitrogen) flows in a 3D model domain. The modelled area is divided horizontally into 

boxes, and each box is divided into a number of vertical layers that depend on depth. 

Hydrodynamic flows between boxes in Atlantis are often derived from finer-scale 

oceanographic models, with nutrients and plankton being passively transported with water, 
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while other living groups can move independently from hydrodynamic flows. Atlantis is a 

sophisticated and versatile ecosystem model that can provide useful insights into how an 

ecosystem can respond to environmental change and anthropogenic pressure (such as fisheries) 

given a large number of complex dynamic interactions in the system (Audzijonyte et al. 2019). 

Because of its potential to represent entire ecosystems and simulate management strategies and 

their outcomes, Atlantis is most useful in the strategic evaluation of ecosystem-based 

management strategies, with a strong focus on fisheries (Link et al. 2010, Fulton et al. 2011). 

Atlantis has been used to evaluate the effects of environmental change on ecosystems all over 

the world, including the Northeast United States (Nye et al. 2013, Fay et al. 2017), the 

Chesapeake Bay (Ihde and Townsend 2017), the Pacific coast of the United States (Marshall 

et al. 2017), South Africa (Ortega-Cisneros et al. 2018), and Southeast Australia (Griffith et al. 

2011, Fulton et al. 2018).  

End-to-end models like Atlantis (and ecological models in general) are an approximation of 

the real world. There is a practical limit to model realism that is dictated by the complexity of 

the interactions between model components, and by the state of the knowledge of such 

components and interactions (see Collie et al. 2014). For this reason, ecological models often 

represent some components with higher realism than others, depending on the research 

questions being considered. A species of high economic value or ecological importance in a 

certain ecosystem may be explicitly represented and carefully parameterised, whereas many 

species of no commercial interest or that are not the focus of the investigation may be 

aggregated into functional groups (for example, see detailed prawn groups and aggregated 

benthic groups in Gribble 2003).  

Partly due to a paucity of data and information, and partly due to their often-overlooked 

ecological importance, sponges in ecosystem models have often been represented as generic 

benthic filter feeders, indistinguishably from other benthic organisms. For example, in the 

Atlantis model for Guam, sponges are aggregated into one group of filter feeders together with 

octocorals, tunicates, zoanthids, giant clams, bivalves, polychaetes, foraminifera, bryozoans, 

and brittle stars (Weijerman et al. 2015). Similarly, ecosystem models for the North-West 

Australian continental shelf have aggregated sponges and coral as generic “megabenthos” 

(InVitro, Fulton et al. 2006) or sessile epibenthos (Bulman et al. 2006), despite sponges being 

abundant and providing important habitat on the Australian shelf (Fromont et al. 2012).  
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Sponges have been modelled as single model group in some ecosystem models, in particular 

in tropical or sub-tropical applications where sponges are abundant like the Gulf of Mexico 

(Atlantis, Ainsworth et al. 2015), and the Caribbean (Ecopath with Ecosim, Alva-Basurto and 

Arias-González 2014). Some model applications have focused on some of the ecological roles 

of sponges, including competition with corals and macroalgae (González-Rivero et al. 2011), 

the sponge loop (Silveira et al. 2015), and sponge-mediated carbon trophic pathways 

(McMurray et al. 2017). However, many functional roles of sponges vary between sponge 

species. For example, not all sponges are bioeroders, and sponge-mediated carbon pathways in 

the food web depend on the trophic mode of the sponges in the ecosystem (Wilkinson 1987). 

Furthermore, experimental evidence has shown that heterotrophic and phototrophic sponges 

will likely respond differently to climate change, with OA potentially alleviating the effects of 

warming for phototrophic species but exacerbating them for heterotrophic species (Bennett et 

al. 2017). Similarly, bioeroding sponges may be advantaged under OA conditions (Fang et al. 

2013, Wisshak et al. 2013, Stubler et al. 2014), although increased temperature may cause 

metabolic stress, bleaching and overall decreased fitness (Fang et al. 2014, Ramsby et al. 2018).  

Sponges have many important ecological roles on coral reefs and in other ecosystems (see 

Chapter 1, Wulff 2006a, and Bell 2008). Many sponges will likely be more tolerant than corals 

to projected conditions of warming and acidification (Bell et al. 2013, 2018b), and sponges 

with different functional roles and trophic strategies will likely be affected in different ways by 

future environmental change (see Chapter 1). Because of the many important ecological roles 

of sponges, future changes in sponge dominance on coral reefs may have important flow-on 

effects on the ecosystem (see Chapters 1 and 2). For these reasons, ecosystem model 

applications that (1) focus on coral reefs or ecosystem where sponges are present and 

potentially abundant, and (2) are used to explore the response of ecosystems to environmental 

change, should capture 3 sponge groups: heterotrophic sponges, phototrophic sponges, and 

bioeroding sponges. Modelling sponges as multiple functional groups can provide useful 

insights into the development of benthic communities under future scenarios.  

In this Chapter, a novel framework for the modelling of sponges in Atlantis is presented. 

Previous data chapters in this thesis guided the development of the sponge components of 

Atlantis. The results of the qualitative modelling in Chapter 2 indicated the key aspects of 

sponge ecology that may play an important role in regime shifts towards sponge-dominated 

reefs. These processes, which included benthic competition with corals and macroalgae, the 

role of the sponge loop on future reefs, and trophic relationships between sponges and sponge 
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predators, were captured in the novel framework to model sponges in Atlantis presented here. 

Results of the temporal analysis of the Indonesian sponge assemblage (Chapters 3 and 4) 

highlighted high temporal variability of sponge abundance, and of percentage cover of sponges, 

algae and other benthic invertebrates on coral reefs. These temporal analyses aided me in 

discerning to what extent sponges and other benthic groups may fluctuate in Atlantis 

simulations. Therefore, the results from Chapters 3 and 4 were useful to qualitatively validate 

temporal patterns observed in Atlantis runs, during the process of model calibration. In 

addition, mixed models in Chapter 4 suggested that turf algae, whilst being efficient colonisers 

on the reef within one year from the opening of free substrate, may be outcompeted by other 

benthic groups, including sponges. Therefore, the Atlantis code was modified to allow for 

parameterizable effects of the cover of turf algae and CCA on the settlement and growth of 

corals and sponges (see Chapter 4 and references therein). Finally, 3D photogrammetry from 

Chapter 5 showed that some coral reef sponges may provide reef rugosity similar to that of 

corals, although sponges are unlikely to provide small refuge holes (5-1 cm in diameter) like 

branching corals do. This contribution of sponges to coral reef structural complexity was 

therefore included into Atlantis as new code, providing a flexible and fully parameterizable 

framework to model different degrees of contribution of sponges to reef structural complexity. 

In addition, my work also contributed to the development of an Atlantis model for the Great 

Barrier Reef (GBR), which has been developed by the Commonwealth Scientific and Industrial 

Research Organisation (CSIRO, Australia). Specifically, my work contributed to the 

development of Atlantis GBR in four ways: (1) by providing a novel framework to model 

sponges; (2) by informing the model with benthic cover data from the Long-term Monitoring 

Program (LMTP) conducted by the Australian Institute of Marine Science (AIMS); (3) by 

contributing to the parametrisation of the benthic groups of the model; and (4) by participating 

to model calibration.  

This Chapter is structured differently from the previous 4 data chapters, as it illustrates the 

design of the sponge components of Atlantis and the parametrisation of the benthic components 

of Atlantis GBR. Results and discussion of model simulations are not included in this Chapter, 

because Atlantis GBR was still undergoing calibration at the time this thesis was completed. 
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6.2. Sponges and sponge processes in Atlantis 

6.2.1. Sponges in Atlantis 

So far, Atlantis has allowed the modelling of sponges as a biomass pool of benthic 

consumers, largely feeding on detritus, bacteria and plankton groups. Briefly (see the Atlantis 

User Guide in Audzijonyte et al. 2019 for details), the biomass pool of a consumer Cx in 

Atlantis is assumed to have no size or age structure, and its biomass changes in time according 

to its growth from heterotrophic feeding (µCx), its natural mortality (MCx), the proportion of it 

that gets eaten by each predator (PCx,i), fishing mortality (FCx), and optional encystment terms 

(Ecout and Ecin): 

 d(𝐶𝑥)

𝑑𝑡
=  µ𝐶𝑥  − 𝑀𝐶𝑥 

− ∑ 𝑃𝐶𝑥,𝑖
𝑖=𝑝𝑟𝑒𝑑𝑎𝑡𝑜𝑟 𝑔𝑟𝑜𝑢𝑝𝑠

− 𝐹𝐶𝑥 − 𝐸𝐶𝑥𝑜𝑢𝑡
+ 𝐸𝐶𝑥𝑖𝑛

 (Eq. 1) 

Corals in Atlantis are modelled as consumers, but they are an age-structured biomass pool, 

which allows the separate modelling of young recruits and larger colonies. Briefly, Atlantis 

captures the most important ecological and physiological functions of corals, including: 

photosynthesis of associated symbiotic microalgae; calcification; contribution to reef rugosity 

and the use of this as refuge space by fishes; bleaching as response to thermal stress; both local 

and regional recruitment as a result of brooding and broadcasting reproductive strategies 

respectively; and growth into size classes (see Weijerman et al. 2014, 2015 for detailed 

description of how corals are modelled in Atlantis). 

Because sponges have some similarities with corals (for example, they are both benthic 

invertebrates with mixed trophic modes and reproductive strategies), the sponge framework 

was based on the coral framework already present in the Atlantis code, with modifications and 

additions that would allow the modelling of sponge-specific processes. Sponges were modelled 

as age-structured biomass pool of benthic consumers with two life stages (loosely defined 

“juvenile” and “adult”), similar to corals. Sponge groups in Atlantis can rely on filter-feeding 

and photosynthesis in user-defined proportions, thus allowing the modelling of heterotrophic 

and phototrophic (or mixotrophic if relying on both feeding modes, as all sponges are capable 

of heterotrophic feeding) sponges. Sponges can bleach when exposed to thermal stress (only 

phototrophic and mixotrophic), they compete with other benthic organisms, they contribute to 

reef rugosity but also destroy it (only bioeroders), and may be silicon-limited (but see Pawlik 

and McMurray 2020 for discussion on silicon limitation of sponges). An overview of the 

modelling of sponge ecological processes in Atlantis is reported here, and readers should see 
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Weijerman et al. (2015) and the Atlantis User Guide (Audzijonyte et al. 2019) for details on 

how to model coral and sponge groups in Atlantis. 

Sponge biomass in Atlantis changes over time according to Eq. 1, except sponge growth 

depends on ingested biomass and on the contribution from photosymbionts (similarly to corals, 

see Weijerman et al. 2015 and Audzijonyte et al. 2019 for details). The user can set the 

proportion of the respective contributions of these two feeding modes for each sponge model 

group, depending on whether the group represents heterotrophic, phototrophic, or mixotrophic 

(i.e. a blend of both) sponges. Information on temporal variability of sponge abundance and 

percentage cover reported in Chapters 1 and 2 was used for qualitative validation of the 

modelled dynamics of sponge biomass and proportional cover produced by Atlantis. 

Many of the functions already used to model corals in Atlantis could be used, unmodified, to 

model sponges too, simply requiring a sponge-specific set of parameters. However, some of 

the coral code had to be modified in order to adequately represent both corals and sponges. For 

example, coral growth and calcification rates are limited in Atlantis by the amount of energy 

that corals use for calcification, with coral growth stopping for aragonite saturation < 1.0 

(Weijerman et al. 2015). Because most sponges use silicon to build spicules, sponge growth 

was not limited by the conditions of water aragonite saturation, but silicon limitation to sponge 

growth was introduced (see below). Similarly, the code for the effects of sedimentation on 

corals were modified to allow a flexible representation of sediment-mediated smothering of 

these two groups. 

6.2.2. Benthic competition: growth limitation and smothering 

Growth of benthic organisms (e.g. coral, algae, seagrass, and benthic filter-feeders) in 

Atlantis is limited by the amount of available substrate that can be used for horizontal 

expansion (see Audzijonyte et al. 2019 for details). Furthermore, simulating intra-specific 

density dependence, a crowding effect is also applied to the growth of benthic organisms, based 

on a predetermined value of maximum biomass per unit space (carrying capacity). These are 

limitations to the growth of benthic organisms that depend on the available substrate, rather 

than explicit competition for space. In addition, Atlantis captures specific interactions between 

hard corals and phytobenthos. Namely, coral growth in each model box is limited in the model 

by macroalgae and aided by turf and crustose coralline algae (CCA). This represent the pre-

emption of available substrate from macroalgae (see Hughes 1994), and facilitation to 

settlement and growth offered to corals by CCA (e.g. Heyward and Negri 1999). Appropriate 
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parametrisation determines the degree of competitive prevalence of macroalgae, and the aiding 

effect of turf and CCA. In addition to pre-emptive competition, macroalgal-mediated 

smothering of corals is also modelled in Atlantis. 

Qualitative model results from Chapter 2 showed that competitive interactions between 

benthic organisms influence the response of coral reef communities to perturbation. Therefore, 

it was desirable to make benthic competition more flexible in a way that it could explicitly 

model competitive interactions between sponges and macroalgae, and between sponges and 

corals. The existing Atlantis code for benthic competition was expanded to allow for: (1) 

competitive prevalence of macroalgae over sponges (González-Rivero et al. 2011, 2012, 2016); 

(2) aiding effect of CCA on sponge growth and settlement (Whalan et al. 2012); (3) macroalgal-

mediated smothering of sponges (López-Victoria et al. 2006); and (4) reciprocal growth 

limitation of corals and sponges. This design reproduces three-way competition between corals, 

macroalgae, and sponges, with general competitive superiority of macroalgae (González-

Rivero et al. 2011, Chapter 2, Bell et al. 2018a), and a positive effect on coral and sponge 

growth from turf algae and CCA (see Chapter 4 and references therein).  

6.2.3. Habitat complexity and bioerosion 

In Atlantis, corals provide bottom rugosity, which is used as measure of structural complexity 

in the model. In turn, reef rugosity influences predator-prey relationships, by providing refuge 

space for fish, and by this alleviating predation pressure (Audzijonyte et al 2019). Several 

alternative models for the contribution of corals to reef rugosity are available in Atlantis. These 

range from pre-determined contributions of benthic organisms to rugosity to dynamic sub-

models that capture reef building and bioerosion as function of coral biomass and 

environmental conditions (Weijerman et al. 2014, 2015).  

On coral reefs, corals are considered to be the main ecosystem engineers (Wild et al. 2011). 

However, upright sponge morphologies on reefs, where sponges are abundant, can provide reef 

rugosity similar to that of corals (Chapter 5). Furthermore, sponges are an important source of 

habitat in the deep sea, where stony corals are not present (Fromont et al. 2012). On the other 

hand, bioeroding sponges excavate carbonates and reduce reef structural complexity (see 

Rützler 2004), and sponges are thought to have an overall negative impact on coral reef 3D 

structure (Pawlik and McMurray 2020). I modified the Atlantis code to capture the positive 

contribution of sponges to structural complexity, as well as the sponge-mediate excavation of 

coral skeletons and the resulting decline in complexity. 
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In Atlantis, one of the existing options to model the change in rugosity R due to the 

contribution of each coral group C at time step t is after Blackwood et al. (2011): 

 𝑑𝑅

𝑑𝑡
= ℎ𝐺𝐶𝑐𝑜𝑣𝑒𝑟 (𝑅𝑚𝑎𝑥 − 𝑅) − ℎ𝐸  (1 − 𝐶𝑐𝑜𝑣𝑒𝑟)(𝑅 − 1) Eq. 2 

Where hG is a species-specific rugosity growth rate of C, Ccover is the proportional cover of 

the live, unbleached coral group C, Rmax indicates the highest value of rugosity (3 in Blackwood 

et al. 2011), and hE is a background bioerosion rate implicitly representing excavation from all 

bioeroding organisms (reviewed in Schönberg et al. 2017). In Eq. 2, only live and unbleached 

corals are assumed to contribute to an increase in reef rugosity, and bioerosion is assumed to 

act only on substrates not covered by live and unbleached corals (Weijerman et al. 2015). 

Bioerosion from scraping herbivores like parrotfish (Bruggeman et al. 1996) is also modelled 

in Atlantis, as further bioerosion term depending on the abundance of scraping herbivores and 

their grazing activity. 

I expanded Eq. 2 so that it would apply to all model groups G representing corals and sponges, 

and so that it would allow for sponge-mediated bioerosion of carbonates:  

 𝑑𝑅

𝑑𝑡
= ℎ𝐺𝐺𝑐𝑜𝑣𝑒𝑟  (𝑅𝑚𝑎𝑥 − 𝑅) − [ℎ𝐸  (1 − 𝐺𝑐𝑜𝑣𝑒𝑟)(𝑅 − 1) + ℎ𝑆𝐸𝑆𝐸𝑐𝑜𝑣𝑒𝑟 (1 − 𝐺𝑐𝑜𝑣𝑒𝑟)(𝑅 − 1)] (Eq. 3) 

Where the sponge bioerosion rate hSE represents a bioerosion rate specific to bioeroding 

sponges, and SEcover is the proportional cover of bioeroding sponges. This new formulation 

allows carbonate bioerosion mediated by sponges to be separated from that mediated by other 

bioeroders (including microborers, bivalves, and other invertebrates, see Schönberg et al. 

2017). This distinction is important because of the potential for sponge bioerosion to increase 

on future reefs as a result of increased sponge abundance (but see Ramsby et al. 2017 for 

evidence that abundance of bioeroding sponges has not increased ubiquitously over recent 

decades). 

Although abundant upright sponge growth forms can provide overall reef structural 

complexity similar to that of complex coral growth forms, sponges cannot offer the small-scale 

structural complexity (i.e. small refugia) that are characteristic of branching coral colonies 

(Chapter 5). Therefore, Atlantis models that include sponges should be parameterised in a way 

that accounts for the overall lower contribution to reef rugosity of sponges compared to corals 

(see Audzijonyte et al. 2019 for rugosity-related Atlantis parameters).  
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6.2.4. Silicon limitation 

Atlantis allows to nutrient limitation to primary production to be modelled (most often 

nitrogen and silicon limitation, but also phosphorous and carbon limitation in some models, 

Audzijonyte et al. 2019). Silicon limitation in Atlantis can affect diatom biomass pools by 

reducing their productivity at low levels of dissolved silicon (DSi). It has been suggested that 

sponges are under chronic silicon-limitation in modern oceans (Lopez-Acosta et al. 2018), but 

there is currently no evidence for patterns of silicon-limitation to the distribution of sponge 

assemblages on coral reefs (Pawlik and McMurray 2020). To allow for limitations to sponge 

growth in conditions of extreme silicon depletion in seawater, we expanded the formulation for 

silicon limitation to allow the modelling of the effects of DSi depletion on consumers. There 

is very limited information on the direct relationships between DSi concentrations sponge 

growth rates. Therefore, silicon limitation to sponge growth was modelled following the 

Michaelis-Menten equation for silicon uptake from sponges used by Maldonado et al. (2011): 

 
𝛿𝑆𝑖 =

𝑉𝑚𝑎𝑥[𝐷𝑆𝑖] 

𝐾𝑚 + [𝐷𝑆𝑖]
 (Eq. 4) 

Where [DSi] is the concentration of dissolved silicon, Vmax is the maximum uptake velocity 

of DSi from sponges (i.e. at saturation of DSi), and Km is the Michaelis constant (i.e. the 

concentration of silicon at which uptake velocity is ½ Vmax). The term δSi is then used to 

multiply net sponge growth rate, similarly to other multipliers used in Atlantis to limit growth 

(Audzijonyte et al. 2019).  

 

6.3. Other processes: a sub-model for seagrass cover-to-biomass conversions 

Atlantis includes 4 types of physical habitat: reef (hard bottom), flat (sand), soft (mud), and 

canyon (hard bottom enhancing productivity). Each of these 4 habitat types is assigned a 0-1 

proportion within each Atlantis box. These proportions add up to 1 within a box, and they 

generally do not change over the simulation (except in case of habitat degradation, Audzijonyte 

et al. 2019). In addition, epibenthic model groups (e.g. corals, sponges, macroalgae, seagrass, 

etc.) can be considered biogenic habitat in Atlantis. These biogenic habitats are also assigned 

a 0-1 proportion in each model box, indicating the fraction of the box area that they occupy 

(independent from physical habitat, and not restricted to 1 to allow for overgrowth). Modelled 

biotic groups can have different degrees of association to a certain habitat (both physical and 

biogenic). Preferred habitats enhance a group’s productivity, whereas avoided habitats curb it 
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(Audzijonyte et al. 2019). Cover of biogenic habitats in Atlantis is used to calculate species 

habitat, and is therefore important to model dynamics and spatial distribution of model groups.  

In Atlantis, proportional cover of a benthic organism is dynamically calculated by the model 

as function of the group’s biomass. However, determining relationships between biomass and 

benthic coverage of sessile organisms is often difficult, especially for organisms that grow into 

complex morphologies like corals, sponges, some macroalgae, and seagrass. Therefore, where 

studies have formulated and validated a relationship between biomass and benthic cover of an 

organisms, it is desirable to include this information into Atlantis. We have implemented a 

simple model to convert seagrass leaf biomass into areal coverage, based on Baird et al. (2016). 

In each Atlantis box, seagrass proportional cover was modelled as: 

 𝑆𝐺𝐴 = 1 −  exp(−Ω𝑆𝐺𝑆𝐺𝐵) (Eq. 

5) 

Where SGA is the proportional cover of seagrass, ΩSG is a nitrogen-specific leaf area 

coefficient (m2 g N-1), and SGB is the above-ground leaf biomass (g N m-2). This formulation 

allows for a more precise in-model calculation of the area occupied by seagrass, which 

constitute important habitat for marine species and contribute to fishery productivity (see 

Nordlund et al. 2018), and is therefore important for model dynamics. 
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6.4. Model application: Atlantis Great Barrier Reef 

An Atlantis model for the Great Barrier Reef (Atlantis GBR) has been under development at 

CSIRO, Australia (Fig. 6.1). In brief, Atlantis GBR is a large Atlantis model consisting of 108 

boxes (9 of which are non-dynamic boundary boxes, Audzijonyte et al. 2019), and featuring 

87 functional groups (3 of which are detrital groups). At present, the model is in the advanced 

stages of its development, and is currently undergoing calibration.  

Figure 6.1. Model domain of Atlantis Great Barrier Reef. Colours indicate depth of model 

boxes. White boxes indicate non-dynamic boundary boxes. 

6.4.1. Cover and biomass of benthic organisms in Atlantis GBR 

Atlantis requires a set of initial conditions to be used as the starting point for model 

simulations (Audzijonyte et al. 2019). These initial conditions typically describe the ecosystem 

at a stable state at a certain point in the recent past. Initial conditions include the baseline values 

for nutrients, biomass pools, benthic cover, other chemical tracers, the number of individuals 

for the vertebrate groups, etc. Initial conditions are usually obtained from other models (e.g. 
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oceanographic models for physical and chemical tracers, biogeochemical models for plankton, 

etc.), from available datasets, and from the literature. Initial values of proportional cover and 

biomass of benthic organisms for Atlantis GBR were obtained, with a focus on coral reef areas. 

In earlier stages of development of Atlantis GBR, initial values of proportional cover of the 

benthic organisms in Atlantis GBR had been obtained from one of the datasets collated in the 

scope of the Great Barrier Reef Seabed Biodiversity Project (SBP, Pitcher et al. 2007). This 

dataset contained percentage cover data obtained by video tows on inter-reef seabed areas 

across the GBR. Approx. 1450 sites were sampled across the width and the length of the GBR 

between 2003-2006, down to a depth of 80 m, and on average ~10 km apart (Pitcher et al. 

2007). However, because the SBP aimed to characterise the previously understudied inter-reef 

habitats, this dataset contained information on deeper reefs and inter-reef areas, but not on 

shallow reefs (Pitcher et al. 2007). Coral reefs on the GBR are threatened by climate change 

and anthropogenic pressure (e.g. Hughes et al. 2017a, 2019), and it is important to understand 

how this reef system will be altered in the near future (Hughes 2017b). Therefore, benthic cover 

data from the LTMP conducted by AIMS on the GBR was incorporated into the initial 

conditions of Atlantis GBR, alongside the SBP data.  

6.4.1.1. AIMS LTMP cover data: interpolation with Atlantis GBR 

The benthic data from the LTMP conducted by AIMS consists of percentage cover data from 

93 GBR reefs sampled across latitudes (N-S), along the continental shelf (inshore-offshore), 

and over time (data was available for 1994-2016). 3 sites were monitored for each reef, and 

percentage cover of benthic organisms (Tab. 6.1) was recorded at 5 transects per site. Mean 

values of percentage cover were calculated at site level, considering transects as replicates. 

Therefore, this dataset was considerably smaller than the SBP dataset (Fig. 6.2).  

AIMS data reported percentage cover of the groups of benthic organisms on GBR reefs, 

including hard corals (with morphologies), soft corals (with morphologies), sponges, coralline 

algae, macroalgae, turf algae, and other invertebrates. These groups were mapped to the 

(coarser) epibenthic groups in Atlantis GBR (Tab. 6.1), and percentage cover data (0-100) were 

transformed to proportional cover (0-1) to be used in Atlantis. LTMP data from 2005-2006 

were used, as nearest to the SBP data collected in 2003-2006. 
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Table 6.1. Mapping of the benthic group in the AIMS Long-term Monitoring Program (LTMP) 

as Atlantis GBR groups. 

AIMS LTMP Atlantis GBR 

Reef Reef 

Sand Flat 

Bottlebrush Acropora Branching coral 

Branching Acropora Branching coral 

Branching non-Acropora Branching coral 

Digitate Acropora Branching coral 

Encrusting Acropora Encrusting coral 

Encrusting non-Acropora Encrusting coral 

Foliose non-Acropora Encrusting coral 

Massive non-Acropora Massive coral 

Mushroom coral Massive coral 

Solitary coral Massive coral 

Submassive Acropora Massive coral 

Submassive non-Acropora Massive coral 

Tabulate Acropora Branching coral 

Sponge Sponge 

Arborescent and Encrusting Soft Coral Soft coral 

Arborescent Soft Coral Soft coral 

Capitate Soft Coral Soft coral 

Encrusting Soft Coral Soft coral 

Lobate Soft Coral Soft coral 

Massive Soft Coral Soft coral 

Millepora Soft coral 

Soft coral Soft coral 

Zoanthid Soft coral 

Coralline algae Crustose coralline algae (CCA) 

Macroalgae Macroalgae 
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AIMS LTMP Atlantis GBR 

Turf algae Turf algae 

Other organisms Not mapped to any group as impossible to 

determine where to attribute them 
Unknown 

 

The AIMS and SBP datasets were interpolated with the spatial domain of Atlantis GBR (Fig. 

6.2), in order to determine: which data points had been sampled on a reef (always the case for 

AIMS data, but not for SBP data); and which Atlantis GBR boxes contained which data points. 

This information was used to calculate box-wise mean values of percentage cover of benthic 

organisms, to be used as initial conditions for simulations with Atlantis GBR. Specifically, 

SBP data was used to obtain initial values of benthic cover in non-reef areas, and the AIMS 

LTMP dataset was used for coral reef areas. The analysis presented here was based on the 

methods previously developed by Shane A. Richards (CSIRO), which were expanded to allow 

the incorporation of the AIMS LTMP data. 

Inter-reef areas. Because of the large size of the SBP dataset (~1450 sites) and its spatial 

homogeneity, SBP data was used to calculate mean values of percentage cover of benthic 

organisms in inter-reef areas for most boxes in Atlantis GBR. For the 11 boxes that did not 

overlap with either dataset, box-wise mean values of inter-reef benthic cover of neighbouring 

boxes that had similar characteristics (e.g. depth and latitude) were used. Of these 11 boxes, 9 

were in the northern third of the GBR, showing that this region had been less intensively 

sampled than the rest of the model domain (Fig. 6.2).  

Coral reefs. While SBP data covered most of the GBR fairly homogeneously, AIMS data 

points were sparser and restricted to coral reef habitats, and did not overlap with many Atlantis 

boxes (Fig. 6.2). As a result, calculating box-wise mean percentage cover of benthic organisms 

on coral reefs was not possible. Thus, the AIMS dataset (plus the few SBP data points sampled 

on coral reefs) was used to calculate regional-scale mean values of percentage cover of the 

main benthic groups on coral reefs. The number of data points, small if compared to the size 

of the model domain, only allowed to calculate regional mean estimates of percentage cover 

on reefs for a Northern (11.77544S − 15.81392S), a central (15.81392S − 19.85240S), and a 

Southern (19.85240S – 23.89088S) region of the GBR. According to the same geographic 

coordinates, the model domain was also divided into 3 sets of boxes. For boxes in the Northern 
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third, regional estimates of benthic cover of the Northern reefs were used, and so on for the 

central and Southern thirds.  

Combining the two datasets: The proportion of each Atlantis box occupied by coral reef 

had been calculated in previous stages of model development. Therefore, the final values of 

benthic cover to be used as initial conditions in Atlantis GBR were obtained by weighted 

contributions of the SBP and LTMP datasets, proportionally to the box area covered by non-

reef habitat and by coral reefs, respectively (Fig. 6.3).  

 

Figure 6.2. Data points from the Seabed Biodiversity Project (blue), and from the AIMS Long-

term Monitoring Program (red), overlaid to the model domain of Atlantis Great Barrier Reef. 



  

172 

 

  

Figure 6.3. Proportional cover of the main benthic groups in Atlantis Great Barrier Reef, as 

estimated by combining data from the Seabed Biodiversity Program (Pitcher et al. 2007) and 

the Long-term Monitoring Program from AIMS. Values indicate the 0-1 proportion of a box 

occupied by the group. White boxes are non-dynamic boundary boxes.  
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Figure 6.3. Continued. 
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6.4.1.2. Repartition of total sponge cover among 3 sponge model groups 

Sponges in Atlantis GBR were modelled as 3 groups, based on their trophic mode and on 

whether they bioerode carbonates: heterotrophic, phototrophic, and bioeroding. However, both 

SBP and AIMS LTMP datasets reported percentage cover of all sponges combined, and the 

values of sponge cover had to be redistributed among the 3 sponge groups. While biomass data 

collected as part of the SBP have high taxonomic resolution and have been used to estimate the 

distribution of the most abundant sponge taxa on the GBR (Sutcliffe et al. 2010), this dataset 

did not include shallow coral reefs (Pitcher et al. 2007). Information on the proportion of 

bioeroding sponges on GBR sponge assemblages was found only for inner reefs (Ramsby et 

al. 2017). Furthermore, no other large-scale dataset was available on the relative abundance of 

heterotrophic and phototrophic sponges on the GBR, partly because the importance of 

phototrophy in the diet of many sponge species has never been quantified.  

Previous studies have shown that proportions of the two trophic types (heterotrophic and 

autotrophic) in GBR sponge assemblages change with distance from shore. In general, 

heterotrophic sponges dominate sponge assemblages on inshore reefs, whereas upwards of 

50% of sponges on offshore reefs are phototrophic (Wilkinson and Cheshire 1989, 1990). This 

gradient in the composition of sponge assemblages across the continental shelf of the GBR is 

has been attributed to increasing water quality the further offshore (Wilkinson 1987, Wilkinson 

and Cheshire 1989, 1990). Namely, higher concentrations of organic nutrients and higher 

suspended sediments support heterotrophic feeding and limit phototrophy on inner reefs, 

whereas clear and nutrient-poor offshore waters promote phototrophic feeding on outer reefs 

(Wilkinson 1987). However, opposite trends have been shown more recently (Bannister et al. 

2010), showing that heterotrophic sponges can be more abundant on outer reefs than on inner 

reefs. Proportions of bioeroding sponges also vary with distance from shore on the GBR, with 

inshore reefs presenting in general higher abundance of bioeroding sponges than offshore reefs 

(Sammarco and Risk 1990). Clionid bioeroding sponges on inshore reefs on the GBR can make 

up for 50% of total sponge cover (mean 10-20%), but spatial heterogeneity between reefs is 

high, and bioeroding sponges are virtually absent from some reefs (Ramsby et al. 2017). Data 

for proportion of bioeroding sponges on outer reefs were not available at the time of this Thesis. 

To date, there is limited information on the variability of sponge assemblages across latitudes 

on the GBR, especially on coral reefs. Sled and trawl data from Pitcher et al. (2007) showed 

no obvious variation in biomass of the main sponge species across latitudes, with distribution 
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of the most abundant sponge species being continuous across a latitudinal gradient (Sutcliffe 

et al. 2010). In addition, George et al. (2018) found limited variability in sponge morphology 

on the N-S axis of the GBR.  

Because no regional-scale data was available, and based on existing information, rough 

estimates for proportions of heterotrophic, phototrophic, and bioeroding sponges in model 

boxes of Atlantis GBR were derived for coastal boxes, mid-shelf boxes, and offshore boxes, 

and were assumed to be constant across latitudes. Sponge proportional cover in each box was 

multiplied by a vector v = [Phet, Ppho, Pbio], where Phet is the proportion of heterotrophic sponges, 

Ppho of phototrophic, and Pbio of bioeroding sponges in the box, and such that Phet + Ppho + Pbio 

= 1. It was assumed that bioeroding sponges were absent from sandy and muddy habitats. 

Sponge cover in different model boxes obtained from the SBP and AIMS datasets was 

multiplied by the following vectors: 

• coastal boxes / inner reefs: [0.6, 0.2, 0.2] for heterotrophic, phototrophic, and bioeroding, 

respectively 

• mid-shelf boxes: [0.45, 0.45, 0.1] for heterotrophic, phototrophic, and bioeroding, 

respectively 

• offshore boxes / outer reefs: [0.4, 0.5, 0.1] for heterotrophic, phototrophic, and bioeroding, 

respectively 

• boxes with no reef cover: [0.5, 0.5] for heterotrophic and phototrophic, respectively 

Values of sponge cover used in as initial conditions in Atlantis GBR are shown in Fig. 6.4 

(note the values refer to the proportional cover based on the area of the entire box). Because 

sponge assemblages on the GBR show large variability even at small spatial scales (Wilkinson 

and Evans 1989, Wörheide et al. 2005), and because most studies reported proportions of the 

trophic types in GBR sponge assemblages as sponge biomass (except Ramsby et al. 2017), the 

approach used here has limitations. While this procedure provided the best attainable estimates 

of the proportions of sponge cover for the scope of this Thesis, data quantifying abundance and 

distribution of sponge trophic groups across the GBR should be used to validate and correct 

this implementation as they become available.  
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Figure 6.4. Proportional cover of heterotrophic, phototrophic, and bioeroding sponge in 

Atlantis Great Barrier Reef. Values refer to fraction of total box area occupied by a group. 

White boxes indicate non-dynamic boundary boxes. 

6.4.1.3. Biomass of benthic groups 

Initial conditions for Atlantis also require estimates of the biomass of all functional groups 

in all model boxes, expressed as mg N m-2 for epibenthic groups (Audzijonyte et al. 2019). 

Biomass of benthic organisms is often impractical to measure, and collecting biomass samples 

may damage or kill the organisms (see Bell et al. 2017). Studies reporting biomass of benthic 

organisms are rare, especially on coral reefs where destructive sampling methods often cannot 

be utilised. In the scope of the SBP, benthic organisms were sampled on the inter-reef seabed 

with an epibenthic sled and a research trawl, in order to obtain biomass estimates per unit area 

(Pitcher et al. 2007). SBP biomass data were included in the development of Atlantis GBR for 

model groups that mostly inhabit inter-reef areas (including benthic detritivores, some 

echinoderms, and some crustaceans). However, these data could not adequately represent reef-

dwelling organisms, because coral reefs had not been sampled extensively by the SBP. The 

AIMS LTMP dataset also did not contain biomass data for benthic organisms. Therefore, 

biomass for the initial conditions of benthic organisms on coral reefs was estimated based on 

proportional cover.  

Some previous Atlantis applications have used generic estimates of the values of biomass per 

unit area for all benthic organisms (e.g. ~ 30 g C m-2 in Weijerman et al. 2014, after Crossland 

et al. 1991). Studies reporting values of biomass of benthic organisms per unit area are rare. 

Moreover, functional groups in Atlantis GBR contained organisms with heterogeneous 
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structural properties. Sponge model groups, for example, were based on their trophic mode and 

potential to bioerode. However, sponges can present high morphological diversity, ranging 

from 2D encrusting patches to complex 3D growth forms (Boury-Esnault and Rützler 1996), 

and the values of biomass per unit area of such different sponge morphologies are likely 

different. Due to these limitations, a theoretical maximum biomass (Bmax) per unit area (mg N 

m-2) was obtained from published sources for each benthic group, and scaled by the 

proportional cover to estimate biomass. Because Atlantis assumes that conditions inside a box 

are homogeneous (Audzijonyte et al. 2019), proportional cover of a benthic organism X in a 

model box Y is equal to its proportional cover per unit area (1 m2). Biomass BXY (mg N m-2) for 

a benthic group X in a box Y was calculated as 𝐵𝑋𝑌 = 𝐵𝑚𝑎𝑥𝑋𝐶𝑋𝑌, where BmaxX is the theoretical 

maximum biomass per unit area (mg N m-2) in conditions of 100% cover of X, and CXY is the 

proportional cover of X in box Y. A number of sources and assumptions were used to estimate 

Bmax for the benthic groups in Atlantis GBR (Tab. 6.2). Conversion factors collated by Brey et 

al. (2010) for the closest taxon were used to convert other units of biomass to mg N m-2. 

Table 6.2. Values of maximum biomass Bmax of the benthic groups in Atlantis Great Barrier 

Reef, the assumptions used to derive them, and the sources of the data utilised. 

Group 
Bmax (mg N 

m-2) 
Assumptions and notes Source 

Massive 

corals 
3077 

Based on tissue biomass (mg cm-2) for Porites and 

Goniastrea (Edmunds et al. 2014) Brey et al. (2010); 

Edmunds et al. 

(2014) 

 

Branching 

corals 
643 

Based on tissue biomass (mg cm-2) for Acropora 

and Pocillopora (Edmunds et al. 2014) 

Encrusting 

corals 
1625 

Based on tissue biomass (mg cm-2) for Montipora 

and Orbicella (Edmunds et al. 2014) 

Sponges 

bioeroding 
1488 

From tissue biomass (mg WW cm-2) of Cliona 

orientalis (Fang et al. 2013). Encrusting C. 

orientalis assumed to be 1 cm thick. Value chosen 

because: it was standardised to unit area occupied 

only by the sponge; and because uniform sponge 

thickness allowed easy scaling to m2   

Wilkinson (1987); 

Opitz (1996); 

Brey et al. (2010); 

Fang et al. 2013 

 

Sponges 

phototrophic 
2976 

Approximated as Bmax of bioeroding sponge x 2, to 

account for thicker sponge body plan (~2 cm). 

Validated against values of sponge biomass on 

Caribbean reefs (Opitz 1996) and the GBR 

(Wilkinson 1987) 

Wilkinson (1987); 

Opitz (1996); 

Brey et al. (2010); 

Fang et al. (2013) 
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Group 
Bmax (mg N 

m-2) 
Assumptions and notes Source 

Sponges 

heterotrophic 
5952 

Approximated as Bmax of bioeroding sponge x 4, to 

account for thicker sponge body plan (~4 cm). 

Validated against values of sponge biomass on 

Caribbean reefs (Opitz 1996) and the GBR 

(Wilkinson 1987) 

Wilkinson (1987); 

Opitz (1996); 

Brey et al. (2010); 

Fang et al. 2013 

 

Turf algae 7520 

From dry weight (mg cm-2) of epilithic filamentous 

algae (De Ruyter van Stenevick and Breeman, 

1981) 

De Ruyter van 

Stenevick and 

Breeman (1981); 

Klumpp and 

McKinnon (1989); 

Opitz (1996) 

Brey et al. (2010) 

Macroalgae 7520 

From dry weight (mg cm-2) of epilithic filamentous 

algae (De Ruyter van Stenevick and Breeman, 

1981), validated against similar values of biomass 

of the algal community on the GBR (Klump and 

McKinnon, 1989) 

De Ruyter van 

Stenevick and 

Breeman (1981); 

Klumpp and 

McKinnon (1989); 

Opitz (1996); 

Brey et al. (2010); 

CCA 3826 

From dry weight (mg cm-2) of Hydrolithon 

boergesenii and Litophyllum cf. intermedium (De 

Ruyter van Stenevick and Breeman, 1981) 

De Ruyter van 

Stenevick and 

Breeman (1981); 

Brey et al. (2010) 

 

Soft corals 1663 

From tissue biomass (g WW) of Dendronephtya sp. 

(Harder et al. 2003), similar to tissue biomass (g 

DW) of Sarcophyton sp. in Sella and Benayahu 

(2010) 

Harder et al. (2003); 

Brey et al. (2010); 

Sella and Benayahu 

(2010) 

Seagrass - Dynamic model (see above) Baird et al. (2016) 

Others 5236 

Equal to ~30 g C m-2 for invertebrates (Brey et al. 

2010), value used in Atlantis Guam as generic 

estimate of benthos biomass (Weijerman et al. 

2014). 

Crossland et al. 

(1991); 

Brey et al. (2010); 

Weijerman et al. 

(2014) 
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6.4.2. Spongivorous fishes 

Predation from spongivorous fishes is an important driver of sponge assemblages in the 

Caribbean (Pawlik et al. 2018), whereas the intensity of fish-sponge trophic interactions in the 

Indo-Pacific are less clear. Reports of spongivorous vertebrates from the GBR are very limited, 

with records of sponge biomass in the gut contents of rabbitfishes (Pitt 1997, Hoey et al. 2013), 

and of hawksbill turtles selectively grazing sponges (Meylan 1988). In the Indo-Pacific, 

butterflyfishes have been observed to feed on sponges (Sano et al. 1989, Nagelkerken et al. 

2009), as well as other reef fishes like Zanclus cornutus (Powell et al. 2015) and angelfishes 

(Charlotte Mortimer pers. comm.). However, while the diet of many omnivorous reef fishes 

includes sponges, some fish species specialise in sponge consumption (Wulff 2006a). These 

specialised sponge feeders may be directly impacted by changes in sponge dominance on future 

reefs (see Chapter 2, Bell et al. 2018a). Because Atlantis is, at its core, a food web model, these 

direct trophic interactions can have a significant impact on model dynamics. For this reason, it 

was desirable to add one trophic group of spongivorous fishes to Atlantis GBR.  

In earlier stages of model development of Atlantis GBR, sponges were included in the diet 

of fish groups like omnivorous reef fish, small reef fishes, and scraping herbivores. GBR-wide 

data on the abundance and distribution of spongivorous fishes on the GBR was not available 

at the time of this thesis. For this reason, one generic group of specialised spongivorous fishes 

(spongivores hereafter) was included into Atlantis GBR, and assigned a value of biomass in 

the initial conditions equal to ½ the biomass of corallivorous fishes. This value was arbitrary, 

and its choice was due to the absence of data. Spongivores were assumed to prefer reef habitat. 

Biomass of different age-classes of spongivorous fishes (fish groups in Atlantis are age-

structured), and their biomass and abundance in each model box, were estimated based on life 

history traits of species of fishes that have been reported to feed on sponges. These included 

Pomacanthus sextriatus, Siganus puellus, and Chaetodon kleinii, and traits of these species to 

be used in the model were retrieved from Fishbase (Froese and Pauly 2019). 

6.4.3. Parametrisation of sponge groups 

Model parameters for the 3 sponge groups and the group of spongivorous fishes were 

obtained from published sources. For the purposes of the parametrization, sponge groups were 

parameterised based on the most common, abundant, and well-studied coral reef sponges on 

the GBR. Bennett et al. (2017) evaluated the effects of OW and OA on 4 abundant GBR sponge 

species: heterotrophic Stylissa flabelliformis and Rhopaloeides odorabile; and phototrophic 
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Cymbastela coralliophila and Carteriospongia foliascens. Therefore, information on traits of 

these species was used to parameterise sponge groups in Atlantis GBR. Online databases like 

Scopus (www.scopus.com) and Web of Science (https://apps.webofknowledge.com) were 

searched for studies on these species on the GBR. When no studies were found for a certain 

trait, studies on different sponge species and/or from different regions were used.  

Atlantis has a lot of parameters, many of which are specific to Atlantis formulations 

(Audzijonyte et al. 2019). For this reason, reporting values of model parameters here would 

not be useful to non-Atlantis users. Sources of the parameters that represent main sponge traits 

in Atlantis GBR are reported in Table 6.3. 

Table 6.3. Main traits of sponge groups in Atlantis Great Barrier Reef, examples of the 

corresponding Atlantis parameters (see Audzijonyte et al. 2019 for the function of each 

parameter), and the sources used to parameterise them. 

Trait 

Atlantis parameters 

(see Audzijonyte et al. 

2019) 

Source 

Effects of OW and OA 

TCorr, phCorr, q10 

(physiological 

parameters) 

Griffith et al. (2011), Bennett 

et al. (2017, 2018), Ramsby et 

al. (2018) 

Pumping and feeding C (clearance rates) Massaro et al. (2012) 

Assimilation efficiency 

E, EPlant, EDL, EDR 

(proportions of 

assimilated food) 

De Goeij et al. (2009), 

Koopmans et al. (2010) 

Respiration and oxygen 

consumption 

KO2, mO (aerobic 

metabolism and response 

to anoxia) 

Mills et al. (2014) 

Production of ammonia and 

detritus 

FDG, FDGDL, FDGDR 

(proportion of egestion 

and excretion) 

De Goeij et al. (2009), Hadas 

et al. (2009), Maldonado et al. 

(2012) 
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Growth rates 
mum (maximum growth 

rate) 

Duckworth et al. (2012), 

Abdul Wahab (2014) 

Diet and food items 

Prey availability matrix Reiswig (1971a, 1971b), de 

Goeij and van Duyl (2007), de 

Goeij et al. (2008), Topcu et 

al. (2010), Mueller et al. 

(2014), McMurray et al. 

(2018) 

Reproduction and recruitment 

KDENR, Reca, Recb 

(parameters of stock-

recruitment relationships) 

Abdul Wahab et al. (2014a, b, 

c, d), Whalan et al. (2015) 

 

6.4.4. Model calibration 

After all model components (such as model domain, physical forcings, and initial conditions) 

have been specified, Atlantis models need to be calibrated. Calibration in Atlantis is an iterative 

process of modifying model parameters until the model is stabilised. A typical approach is to 

consider the model stable when, at the end of the simulation run, the biomass of all groups is 

roughly equal to their biomass in the initial conditions ±20% (Audzijonyte et al. 2019). 

Calibration of Atlantis models focuses most often on growth, mortality, and consumption 

(clearance) rates, and on the intensity of predator-prey interactions. 

The calibration of an Atlantis model can be a time-consuming process. Because model runs 

require analysis in order to plan how to change parameters appropriately, and because 

parameters are changed manually, model calibration is typically difficult to automate. Atlantis 

GBR is a large model, and simulations can take a long time to run on desktop and laptop 

computers (typically, a 50-year run can take approx. 10-20 hours, depending on the hardware). 

Atlantis GBR is currently undergoing model calibration, and results of this process will be 

reported in the future. 
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7.1. Summary of key findings 

This thesis investigated aspects of the development of sponge assemblages over time, and 

some of the ecosystem-level effects of a shift towards sponge dominance on future coral reefs. 

This thesis had five main aims: (1) Chapter 2 aimed to qualitatively predict the ecosystem-

levels effects of a perturbation-driven shift towards sponge dominance on coral reefs, in order 

to elucidate the ecological function of transitioning reefs;(2) Chapter 3 aimed to quantify the 

temporal variability of sponge abundance and biodiversity at an Indonesian coral reef, in order 

to understand how sponge assemblages can develop over time; (3) Chapter 4 aimed to 

characterise temporal dynamics and the role of available substrate on the same Indonesian reef, 

in order to elucidate how communities develop when colonizable substrate becomes available; 

(4) Chapter 5 aimed to determine whether sponge-dominated reefs are as structurally complex 

as coral reefs, in order to understand how reef architecture will change on transitioning reefs; 

and finally, (5) Chapter 6 aimed to draw from the results of the qualitative modelling in Chapter 

2 and from the field studies in Chapters 3, 4, and 5 to guide the development of a framework 

to model sponges in the end-to-end ecosystem model Atlantis. The key findings of this thesis 

were: (1) sponge-dominated reefs may be low-complexity, high-detritus ecosystems, but their 

functioning will depend on the ubiquity of the sponge loop, the outcomes of competitive 

interactions with macroalgae, and the role of sponges as providers of habitat; (2) sponge 

abundance and biodiversity can show large temporal variability, with potential consequences 

for sponge functional roles that depend on sponge population dynamics; (3) percentage cover 

of sponges and turf algae can show long-term stability and high interannual variability, and 

only turf algae directly benefit from the opening of colonizable substrate; (4) upright sponge 

morphologies can provide reef rugosity and large-scale complexity comparably to corals, but 

the loss of branching corals will correspond to reduced small-scale structural complexity; and 

(5) ecological models of coral reefs should capture sponges with a degree of detail comparable 

to that of corals.  

In this chapter, I discuss my results in the broader context of sponge ecology on coral reefs, 

and I consider the limitations and consequences of regime shifts towards sponge reefs. In 

addition, here I discuss the reasons and advantages for sponges to be incorporated into 

ecosystem models for coral reefs. Finally, I draw on the results of this thesis to discuss future 

avenues for research on regime shifts of coral reef to sponge reefs. 
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7.2. Sponge temporal variability: limitations to increases in sponge 

abundance 

In Chapters 3 and 4 I showed that sponge abundance, diversity, and percentage cover on coral 

reefs can show strong temporal variability over short time scales (less than a decade). This 

suggests that sponge assemblages have the potential to rapidly develop by increasing in 

abundance in response to free substrate and other resources becoming available on the reef. 

The temporal variability in sponge abundance is important in the context of regime shifts 

because sponge-mediated functional roles are coupled with sponge demographics (McMurray 

et al. 2017). However, the increase in sponge abundance on transitioning coral reefs may be 

limited by many factors, physical and biotic. 

7.2.1. Physical limitations to sponge dominance 

Model QM1 from Chapter 2 assumed that increased water temperature has a negative effect 

on coral reef sponges, whereas increased acidity and turbidity impact sponges negligibly 

compared to corals. While this simplification was necessary for model formulation, 

experimental studies have shown that many sponge species can tolerate future conditions of 

environmental change (see references in Chapter 1). In particular, ocean acidification (OA) 

alone appears to have limited effects on sponges (Duckworth and Peterson 2012, Duckworth 

et al. 2012, Wisshak et al. 2013, Vicente et al. 2016, Bennett et al. 2017). In addition, high 

pCO2 has been found to mitigate the effects of warming on some abundant phototrophic Great 

Barrier Reef (GBR) sponges (Bennett et al. 2017), and experiments suggested that bioeroding 

sponges will excavate carbonates more easily under OA conditions (Wisshak et al. 2012, Fang 

et al. 2013, Wisshak et al. 2013, 2014, Stubler et al. 2015). I did not detect any effect of sea 

surface temperature (SST) and SST anomalies over the period 2005-2017 on sponge abundance 

and population growth of the Indonesian sponge assemblage studied in Chapter 3. This lack of 

effect of temperature on sponge population dynamics may have been due to relative stability 

of SST at the study location over the study period. Moreover, a spatial and temporal mismatch 

between sponge abundance data and SST data (see Chapter 3, Rovellini et al. 2019) may have 

impeded the detection of weak effects of temperature on the sponge assemblage. However, 

increased temperature has been shown to have negative effects on sponge physiology (Wisshak 

et al. 2013, Bennett et al. 2017, 2018, see references in Chapter 1), and some studies have 

demonstrated that projected levels of ocean warming (OW) will have negative effects on 

sponge metabolism and decrease sponge survival (Fang et al. 2014, Ramsby et al. 2018). 

Furthermore, combined OW and OA have negative effects on GBR heterotrophic sponges 
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(Bennett et al. 2017), and on and the microbiome associated with the barrel sponge 

Xestospongia muta in the Caribbean (Lesser et al. 2016).  

Reef degradation due to pollution is also affecting coral reefs globally. Decreased water 

quality and a corresponding increase in suspended sediments can have contrasting impacts on 

coral reef sponges (Bell et al. 2015b). High sponge abundance on Caribbean coral reefs is partly 

attributed to the large input of DOC into the Gulf of Mexico from riverine input and from desert 

dust (Pawlik et al. 2016), and bioeroding sponges in the Caribbean benefit from sources of 

sewage (Chaves-Fonnegra et al. 2007). Conversely, heterotrophic sponges on the GBR were 

found to be more abundant on mid-shelf and outer reefs compared to inshore reefs, possibly as 

a result of decreased water quality and increased sedimentation (Bannister et al. 2010). 

Responses of sponges to sedimentation in the Indo-Pacific are variable. For example, the 

phototrophic sponge Lamellodysidea herbacea has shown potential for photoacclimation and 

overall adaptability to sedimented environments in the Wakatobi (Biggerstaff et al. 2015, 

2017a). At the degraded site of Biggerstaff et al. (2015, 2017a, b), high sedimentation rates 

limit coral growth (Crabbe and Smith 2005). The increase in sponge abundance at this degraded 

site corresponds to a decrease in colonizable space for corals, thus representing a negative 

feedback that, together with high sedimentation, may cause the establishment of an alternative 

sponge-dominated state (see Norström et al. 2009). However, a long-term increase in sponge 

abundance and percentage cover was not observed at Buoy 3 between 2005 and 2017 (Chapters 

3 and 4). The vertical aspect of the Buoy 3 reef, and the lower human impact at Buoy 3 

compared to the degraded site from Biggerstaff et al. (2015, 2017a, b), contribute to lower 

sedimentation rates at Buoy 3 (see Marlow et al. 2018d). The lack of prolonged sedimentation 

and of widespread temperature-driven coral mortality, and the general stability of the benthic 

community, have not allowed the establishment of the ecological feedbacks that are necessary 

for a shift to a sponge-dominated state to follow to a momentary increase in sponge abundance.  

While some sponges can adapt to sedimented environments, sedimentation can have negative 

effects on Indo-Pacific sponges. For example, there are metabolic costs associated with the 

exposure to high sedimentation in the barrel sponge Xestospongia testudinaria (McGrath et al. 

2017). Similarly, while Indo-Pacific Clionid bioeroding sponges were found capable of 

photoacclimating to low-light conditions associated with turbid environments (Marlow et al. 

2018d), their bioerosion rates are limited by sedimentation, also likely due to the metabolic 

costs of coping with settled sediments (Marlow et al. 2018c).  
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In summary, increases in abundance of some sponge species will likely be limited by a 

number of physical factors, whereas other species will be more suited to tolerate the change or 

adapt to it. Therefore, the response of coral reef sponges to global climate change and the 

decrease in water quality will likely vary across reef systems, and may be species-specific 

depending on trophic mode and acclimation potential of different sponge species. 

7.2.2. Competitive limitations to sponge dominance 

In Chapter 2, all models predicted an ambiguous response of macroalgae to an increase in 

sponge abundance. This outcome is consistent with the limited knowledge of the interactions 

between sponges and algae on coral reefs, and in particular the unknown effect of increased 

sponge abundance on algae. Transitions towards algal dominance are the most widely 

documented regime shifts for coral reefs, and Chapter 4 showed that filamentous turf algae 

have a direct and immediate benefit from the opening of free space on the reef. Competition 

between sponges and macroalgae often shows competitive superiority of algae (see references 

in Chapter 4). In addition, while sponges can form associations with filamentous turf algae (see 

Chapter 4), the results of competitive interactions between these have never been explored. It 

is therefore likely that future shifts towards sponge dominance will be limited by the 

competitive pressure of macroalgae on sponges.  

Increased algal dominance can impede increases in sponge abundance as algae pre-empt 

available substrate (González-Rivero et al. 2016) and actively displace sponges (Easson et al. 

2014). Shifts towards macroalgal dominance on degraded reefs have been observed for decades 

globally, from the Caribbean (Hughes 1994, Mumby et al. 2007) to the Indo-Pacific (Bruno et 

al. 2009, Jouffray et al. 2015). However, Indo-Pacific reefs are generally considered less prone 

to transitioning into states of macroalgal dominance than reefs in the Caribbean (Roff and 

Mumby 2012), and the majority of Indo-Pacific reefs are still dominated by structure-building 

corals despite the massive bleaching events of the recent decades (Darling et al. 2019). The 

lower proportion of Indo-Pacific reefs transitioning towards an algal-dominated state compared 

to Caribbean reefs is likely due to a number of factors contributing to higher reef resilience on 

Indo-Pacific reefs. These factors include: lower recruitment rates for macroalgae; lower 

nutrient in the water columns; higher herbivorous biomass; and higher abundance of branching 

corals (Roff and Mumby 2012, Darling et al. 2019). 

Macroalgae have not been increasing on all coral reefs. In the Wakatobi Marine Natural Park, 

Indonesia, macroalgae have declined considerably between 2002-2011 (McMellor and Smith 
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2010, Curtis-Quick 2013). In addition, macroalgae are typically not abundant on the crests and 

slopes of many Indo-Pacific reefs (Sawall et al. 2013, Plass-Johnson et al. 2016). At degraded 

and coral-depleted reefs in the Wakatobi where macroalgae are not abundant, sponges have 

become the dominant benthic organisms, possibly benefitting from evading competition with 

algae (Biggerstaff et al. 2017b). Therefore, it is possible that benthic organisms other than 

algae, including sponges, will benefit from the low algal densities on reef systems that are less 

prone to transitioning towards macroalgal states, like many Indo-Pacific reefs.  

The establishment of positive ecological feedbacks will be necessary for coral reefs to exhibit 

sponge-dominated alternative stable states. Examples of feedback mechanisms that are needed 

to maintain a sponge dominated state could be pre-emption of space resulting into decreased 

recruitment of other benthic organisms, and allelochemical activity resulting into an increase 

in coral mortality (Norström et al. 2009). In addition, increases in sponge and algal abundance 

are not mutually exclusive on coral reefs. It has been hypothesised that sponges and algae can 

be mutually beneficial by exchanging nutrients (Pawlik et al. 2016). Specifically, sponge-

produced nutrients are used by macroalgae for primary production, and algal-produced 

dissolved organic carbon (DOC) is used by sponges for nutrition (Pawlik et al. 2016). This 

hypothesised ‘vicious circle’ may be one of the ecological feedbacks behind the low resilience 

of Caribbean coral reefs, and may be exacerbated by a contemporary increase in turbidity 

driven by suspended macroalgal exudates, to the further reduction of coral resilience (Mumby 

and Steneck 2018). However, large quantities of algal-produced DOC on coral reefs also 

contributes to reef microbialization and related hypoxia (Haas et al. 2016), with unexplored 

consequences for coral reef sponges. Temporary increases in sponge abundance and 

interannual changes in sponge percent cover presented in Chapters 3 and 4, respectively, were 

not followed by a permanent shift towards sponge dominance at Buoy 3. The return of the 

benthic community at Buoy 3 to a state of lower sponge abundance or percentage cover 

highlights that: the Buoy 3 reef is resilient to short-term changes in the abundance of benthic 

organisms, perhaps because this reef has not been impacted by perturbations as much as other 

sites in the Wakatobi area (Powell et al. 2014, Biggerstaff et al. 2015); no ecological feedback 

causing a permanent shift in benthic dominance was established at Buoy 3. 

In summary, the outcomes of competitive interactions between sponges and algae will likely 

be species-specific. As a result, respective species compositions of sponge and algal 

assemblages will likely have an important role in regime shifts towards alternative states on 
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coral reefs. More research is needed to elucidate how sponge-algal interactions are resolved in 

different bioregions. 

7.2.3. Bottom-up biological limitations to sponge-dominance 

Model predictions from Chapter 2 highlighted that sponge dominance on future reefs may be 

limited by food availability, and higher concentrations of particulate and dissolved organic 

carbon may be necessary to sustain higher sponge abundance on coral reefs (McMurray et al. 

2017). The role of bottom-up limitations in controlling sponge assemblages has been 

extensively studied in the Caribbean. Previous research showed that sponge abundance and 

body size in the Caribbean are correlated with the availability of particulate organic carbon 

(POC) from picoplankton (Lesser 2006, Trussel et al. 2006). However, sponges in the 

Caribbean feed on both POC and DOC (Reiswig 1971a, McMurray et al. 2016, 2017, 2018), 

and other authors have suggested that sponges on Caribbean reefs are not food-limited because 

they can rely on excess DOC from riverine input and wind-borne dust (reviewed in Pawlik et 

al. 2018). Food limitation structures sponge assemblages in other bioregions, where suspended 

POC and DOC are not as abundant as on Caribbean reefs. For example, nutrient availability 

shapes sponge distribution on the GBR, with heterotrophic species dominating sponge 

assemblages on nutrient-rich inshore reefs, and phototrophic sponges on oligotrophic offshore 

reefs (Wilkinson and Cheshire, 1989, 1990; but see Bannister et al. 2010 for an inverse pattern 

likely due to decreased water quality on inshore reefs). Similarly, barrel sponges in the Red 

Sea are limited by the concentrations of available DOC (Wooster et al. 2019). There is currently 

a paucity of information for food limitation of Indo-Pacific sponges. It is likely that increases 

in sponge abundance will be limited by nutrient availability in reef systems where 

concentrations of POC and DOC are low, and not in systems where they are high, like the 

Caribbean.  

Importantly, DOC consumed by sponges is largely produced by corals and macroalgae (de 

Goeij et al. 2013, Rix et al. 2017). It is unclear how changes in abundance of corals and algae 

will affect the DOC pool of coral reefs, but sponges assimilate algal DOC faster than coral-

produced DOC (Rix et al. 2017). The affinity of sponges for algal DOC, and the hypothesised 

mutual benefits between macroalgae and sponges on some coral reefs (Pawlik et al. 2016), 

suggests that coral decline is unlikely to cause the food limitation of sponge assemblages on 

transitioning reefs.  
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7.2.4. Top-down biological limitations to sponge dominance 

In the same way that herbivorous fishes are an important control of macroalgae on coral-

depleted reefs (Mumby and Steneck 2008), increased sponge dominance on future reefs may 

be controlled by sponge predators. While top-down structuring of sponge assemblages is well-

established for Caribbean coral reefs (reviewed in Pawlik et al. 2018), the role of predation as 

a driver of sponge abundance and diversity is less clear in other regions. Model predictions 

from Chapter 2 showed that an increase in sponge abundance may be followed by an increase 

in sponge-eating fishes. However, increased abundance of spongivorous fishes might make 

shifts towards sponge dominance less likely to happen, particularly on Caribbean reefs, where 

spongivory is an important driver of sponge assemblage composition (Pawlik et al. 2018, 

Pawlik and McMurray 2020). Notably, region-wide increases in sponge abundance have been 

observed over the last few decades on Caribbean reefs (reviewed in Pawlik and McMurray 

2020), and the role of top-down limitation to the development of sponge assemblages over time 

has not been quantified.  

In summary, regime shifts of coral reefs towards sponge reefs will likely depend on a broad 

range of physical and biological controls acting on sponges. It is unlikely that sponges will 

increase their dominance ubiquitously on coral reefs (Pawlik and McMurray 2020). 

Furthermore, because different sponge species respond differently to environmental change, 

increases in sponge dominance will likely be species-specific.  

 

7.3. Sponge reefs: what could they look like? 

7.3.1. Ecological functioning of sponge reefs 

The functional roles of sponges largely depend on taxa, trophic mode, and morphology (see 

Bell 2008). For example, not all sponges are bioeroders, and only upright morphologies 

contribute to reef complexity (Chapter 5). Therefore, the taxonomic, morphological, and 

functional composition of future sponge assemblages will be a critical determinant of how 

sponge reefs will function. In macroalgal-dominated environments, canopy-forming 

macroalgae can provide habitat for many reef species. However, canopy-forming macroalgae 

are likely to decline as a result of climate change, with algal assemblages shifting towards the 

dominance of low-complexity filamentous species (Fulton et al. 2019). Similarly, complex 

upright sponge morphologies contribute to large-scale structural complexity in a similar way 
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to corals (Chapter 5). However, the intensity of storms is predicted to increase with climate 

change (Emanuel 2013, Cheal et al. 2017), and storms can damage and dislodge upright sponge 

growth forms (Mercado-Molina and Yoshioka 2009). Furthermore, low-complexity encrusting 

sponge growth forms have already become dominant on some highly-sedimented reefs 

(Biggerstaff et al. 2017b). For these reasons, sponge morphological diversity on future reefs 

may be reduced, leading to lower-complexity environments. 

Model results from Chapter 2 showed that, if the sponge loop hypothesis is valid for all coral 

reefs sponges, detrital pathways will be enhanced on sponge-dominated reefs. However, the 

sponge loop hypothesis has been tested mostly for Caribbean and Red Sea sponge species, with 

no information available yet for Indo-Pacific and Australian reefs (Pawlik and McMurray 

2020). Furthermore, not all sponges on Caribbean reefs are net producer of detritus (McMurray 

et al. 2018). While many sponges assimilate large quantities of DOC (although in different 

proportions, Hoer et al. 2018), cavity-dwelling sponges produce large quantities of cellular 

detritus (de Goeij et al. 2008, 2009), whereas emergent, upright sponges convert DOC into 

sponge biomass that is eaten by predators (McMurray et al. 2018). Therefore, dominance of 

small cavity-dwelling sponge species on future reefs may be associated with enhanced detrital 

pathways, assuming the ubiquity of the sponge loop hypothesis. The boost of the detrital pools 

on coral reefs further reduces the potential for corals to recover, due to reduced light availability 

(Mumby and Steneck 2018). The potential for large temporal variability of small-bodied 

cryptic sponges (Chapter 3, Rovellini et al. 2019) suggests that these detritus-rich reef systems 

may be highly unstable. Models have shown that on high-detritus sponge-dominated reefs the 

productivity of small-bodied, omnivorous, and invertivorous fish will be enhanced as a result 

of boosted detrital pathways (Silveira et al. 2015). However, the loss of structural complexity 

on sponge reefs dominated by small-bodied, cavity-dwelling sponges will likely have a 

negative impact on these fish groups (Chapter 5). The implications for overall reef productivity 

are therefore unclear.  

In contrast, dominance of large-bodied sponge species with upright growth forms may 

support increased spongivory on reefs where sponge predation is important (McMurray et al. 

2018), and the maintenance of coarse-scale structural complexity (Chapter 5). In systems where 

upright sponge morphologies are abundant, it is likely that increased sponge dominance will 

support a higher biomass of sponge-eating fishes, similarly to how large macroalgal biomass 

enhances herbivorous trophic pathways on algal-dominated reefs (see Fulton et al. 2019). 

However, even on reefs where complex sponge morphologies become abundant, small-scale 
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structural complexity will likely be lower on sponge-dominated reefs compared to coral-

dominated reefs (Chapter 5). As a result, small cryptobenthic fishes that make up for ~50% of 

coral reef fish biodiversity (Brandl et al. 2018) and that constitute a key component of coral 

reef food webs (Brandl et al. 2019) will likely be negatively impacted by the loss of branching 

corals.  

7.3.2. Sponges to not functionally replace corals  

A transition towards alternative reef states (whether sponge-dominated or not) will cause a 

loss of the functions carried out by corals. For example, because branching and table corals are 

the main providers of small-scale structural complexity (Huntington et al. 2017, Chapter 5) and 

refuge space for reef fish (Shima et al. 2008), the collapse of branching corals will cause a loss 

of reef complexity regardless of whether a shift towards sponge dominance occurs.  

Scleractinian corals are necessary for reef accretion, and it is unlikely that sponges will be 

able to maintain reef structure long after corals disappear (see Chapter 5). In fact, when sponge 

bioerosion of carbonates is considered, sponges have an overall negative contribution to reef 

structure (Pawlik and McMurray 2020). The increase of bioeroding sponges on future coral 

reefs will likely be limited by warmer seawater (Ramsby et al. 2018) and by competing algae 

(González-Rivero et al. 2012, 2016, López-Victoria et al. 2006). However, sponge-mediated 

dissolution of carbonates under increased OA is expected to increase in the near future (see 

Schönberg et al. 2017). Therefore, an increase of sponges on future reefs may further accelerate 

the flattening of coral reefs caused by the ongoing loss of corals (Alvarez-Filip et al. 2009). 

 

7.4. Modelling regime shifts of coral reefs to sponge reefs 

My qualitative modelling (Chapter 2, Bell et al. 2018a) highlighted the need to capture 

aspects of sponge ecology in quantitative ecological models for coral reefs. The results from 

my field studies have provided some valuable information to help parameterise such models. 

While predicting the future of coral reefs is difficult, due to the inherent complexity of these 

ecosystems (Chapter 2, Harborne et al. 2017, Bell et al. 2018a), ecological models can provide 

insights into the functioning of ecosystems under future scenarios. Sponges have been 

underrepresented in ecosystem models so far, often being modelled as generic “filter-feeders” 

with several other benthic organisms (e.g. Fulton et al. 2006, Weijerman et al. 2015). This is 

partly due to of the often-overlooked ecological importance of sponges. However, the many 
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functional roles of marine sponges (Bell 2008), and the higher tolerance to environmental 

change of some sponge species compared to other benthic organisms (Bell et al. 2018b), 

indicate that they should be captured by ecosystem models for coral reefs. Ecosystem models 

like Atlantis should include sponges with a minimum realism that allows the distinction 

between heterotrophic, phototrophic, and bioeroding sponges, because: (1) these groups have 

different functional roles on coral reefs; and (2) because they respond differently to 

environmental change (see Chapter 6). The framework to model sponges in Atlantis proposed 

in Chapter 6 allows for a flexible and dynamic representation of sponges and their functional 

roles. Results from Chapter 2, 3, 4, and 5 in this thesis identified at least three aspects of sponge 

ecology that should be captured explicitly and dynamically in ecosystem models, as achieved 

in Chapter 6:  

1. Because sponge functional roles and sponge demographics are coupled (McMurray et 

al. 2017), it is important to capture the relationships between sponge abundance and 

sponge-mediated ecological processes. The large temporal variability of sponge 

abundance and biodiversity described in Chapter 3 indicated that sponges should be 

modelled as a dynamic component of the ecosystem, because important sponge-

mediated processes are likely to vary over time.  

2. Model predictions from Chapter 2, and the observations presented in Chapter 4, showed 

that considering the competitive interactions between macroalgae and sponges is 

crucial to understanding the ecosystem-levels effects of a loss of corals. Interactions 

between two ecologically important groups like sponges and macroalgae can determine 

model dynamics, and should therefore be modelled explicitly when evaluating future 

scenarios of coral reefs.  

3. Structural complexity is one of the most important ecological functions of coral reefs 

that must be preserved in the Anthropocene (Darling et al. 2019, Zawada et al. 2019). 

Some mechanistic models have considered the contribution of corals to rugosity, and 

its destruction from thermal stress and bioeroders (e.g. Blackwood et al. 2011, Bozec 

et al. 2015).  The crucial importance of structural complexity in supporting coral reef 

food webs and fishery productivity (Rogers et al. 2014, 2018) justify the effort of 

representing reef complexity in more complex ecosystem models too. The potential for 

sponges to contribute to reef structural complexity has been largely overlooked so far. 

In Chapter 5 I demonstrated that, while some sponge morphologies can provide reef 

rugosity and larger-scale complexity (60-30 cm refuge holes), small-scale refugia (5-1 
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cm) will likely be lost with branching corals. For this reason, ecosystem models of coral 

reefs should account separately for the contributions of corals and sponges to structural 

complexity, especially when modelling coral-depleted states. 

Essentially, the sponge module for Atlantis presented in Chapter 6 allows modelling 

sponges with the same degree of details that Atlantis already provided for corals (see 

Weijerman et al. 2014, 2015). Sponges in Atlantis have user-defined responses to ocean 

warming and acidification (Audzijonyte et al. 2019), and the model can therefore be used to 

model the effects of climate change on coral reefs in a way that does not overlook the response 

of sponges as ecologically important benthic organisms.  

Atlantis GBR is a large Atlantis application, both in terms of the model domain and of the 

number of modelled groups and ecological processes. Calibrating Atlantis models can be 

difficult and time-consuming, and understanding how the ecological processes of interest are 

conceptualised in the model is an important first step in this process (Pethybridge et al. 2019). 

In the scope of this thesis, priority was given to the elucidation of some important aspects of 

sponge ecology on coral reefs, and to the appropriate inclusion of these aspects in Atlantis. 

Although using Atlantis to predict the response of coral reef sponges on the GBR to climate 

change was not possible as part of this thesis, future applications of Atlantis will be able to 

capture the important aspects of sponge ecology that have been overlooked in modelling efforts 

so far. 

 

7.5. Future directions 

To better understand how transitions towards sponge dominance may occur on coral reefs, 

and better predict how sponge-dominated reefs may function, some important topics in sponge 

ecology require further research. 

1. The analysis of model uncertainty in Chapter 2 showed that competitive interactions 

between sponges and other benthic organisms, in particular algae, will regulate transition 

towards coral-depleted states. Future research should focus on how abundant sponge and algal 

taxa compete on coral reefs in different bioregions. 

2. In Chapter 5 I explored the role of sponges as providers of structural complexity at 

intermediate scales. Future research should quantify the differences between the fish 

assemblages that are associated with sponge-dominated and coral-dominated reef areas along 
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a gradient of structural complexity. In addition, future studies should characterise with higher 

detail the three-dimensional properties of single sponge morphologies, to identify which 

sponge species or growth forms must be the focus of conservation efforts.  

3. High priority should be given to researching the effects that a regime shifts towards 

sponge dominance may have on the human use of coral reefs. Coral reefs are the world’s most 

productive marine ecosystems, and support the livelihood of millions of people globally. 

Ecosystem models that include socioeconomic components, like Atlantis, may be used to 

explore the flow-on consequences of regime shifts on fisheries, the protection of coastlines 

from storms, and other ecosystem services of coral reefs. My work has contributed a framework 

to model sponges in Atlantis, which is now equipped to capture the main known aspects of 

sponge ecology (Chapter 6). As we gain knowledge on the response of sponges to ocean 

warming and acidification, Atlantis may be used in the future to explore the effects of sponges 

becoming dominant on coral reefs.  

4. Pawlik and McMurray (2020) highlighted that some aspects of the roles that sponges 

play in biogeochemical cycles and organic carbon pathways on coral reefs are still unclear. In 

particular, the ubiquity of the sponge loop across oceanic basins should be established. 

Similarly, the exchange of nutrients between coral reef sponges and macroalgae (Pawlik et al. 

2016) and the resulting increase in detrital pools (Mumby and Steneck 2018) have been 

hypothesised based on evidence mostly from Caribbean reefs, and the applicability of these 

notions to other reef systems is yet to be determined.  

 

7.6. Concluding remarks 

In summary, the results presented in this thesis indicate that the ecological functioning of 

sponge-dominated reefs will be very different from that of coral reefs. Sponge assemblages are 

dynamic and can develop rapidly over time, but future increases in sponge abundance on coral 

reefs will largely depend on the ecological interactions between sponges and algae. Sponge-

dominated reefs may offer coarse structural complexity comparably to coral reefs at the scale 

of 4 m2, but small refugia (<5 cm) will be lost if branching corals disappear. While increased 

sponge abundance may enhance the productivity of spongivores, omnivores, and detritivores, 

this may be limited by the simplification of reef structure resulting from coral loss.  

Shifts towards sponge dominance are unlikely to be ubiquitous, and increases in sponge 

abundance will depend on many physical and biological controls. In addition, it is unlikely that 
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all sponge species will become more abundant on future reefs under environmental change, 

due to species-specific responses to environmental stress and to biological controls. The 

taxonomic, morphological, and functional composition of future sponge assemblages will 

determine how these ecosystems will function. 

Coral reefs are rapidly changing on a global scale, and many of them are assuming new 

configurations as a result of unprecedented transformations (Graham et al. 2014, Hughes et al. 

2017b). Shifts towards sponge dominance are one potential avenue of change for some coral 

reefs. Understanding how these new configurations will origin, how they will function, and 

how they should be managed will be critical to preserve the ecological and socioeconomic 

value of coral reefs through the Anthropocene. 
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Appendix 1. Overview of the qualitative modelling 

approach 
 

A brief overview of the qualitative modelling of complex systems is provided here. The first 

stage of the qualitative approach is the representation of the chosen system. This step requires 

careful evaluation of the components and the processes that must be captured, and the exclusion 

of those that are not central to the investigation or are deemed to be relatively less important in 

the specific context. This process inevitably leads to the exclusion of some ecological 

processes, with the risk of oversimplifying the system. One solution to this problem, aided by 

the economy of qualitative models, is to design and evaluate a set of models incorporating 

different assumptions, in an attempt to reach a compromise between the complexity of the real 

world and the tractability of its representation.  

When representing the system, three equivalent notations can be used to summarise the 

relationships between its variables. First, the interactions between two variables can be 

represented as Lotka-Volterra equations, which detail the contribution of one variable to the 

birth and death rate of the other, and vice versa. For a simple predator-prey system of a variable 

N2 feeding on another variable N1, this can be written as: 

𝑑𝑁1

𝑑𝑡
= 𝑁1(𝛽 − 𝛼1,2𝑁2) 

𝑑𝑁2

𝑑𝑡
= 𝑁2(𝛼2,1𝑁1 − 𝛿) 

where β and δ are a birth rate and a death rate, respectively, and αi,j defines the relationship 

between Ni and Nj, and more specifically the effect of Nj on Ni. As from Dambacher et al. 

(2002), for a system at or near equilibrium this can be generalised as: 

𝑑𝑁𝑖
∗ 𝑑𝑡 =  𝑓𝑖(𝑁1, 𝑁2, … , 𝑁𝑛;  𝐶1, 𝐶1, … , 𝐶ℎ)⁄  

where the change in the equilibrium population Ni in a system counting n populations is a 

function of all other populations and the parameters that describe their growth and their 

interactions with Ni.  

Second, the direct relationships between the variables are detailed in the community or 

Jacobian matrix A. For a system composed of three populations, for example: 
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𝑨 =  [

𝑎1,1 𝑎1,2 𝑎1,3

𝑎2,1 𝑎2,2 𝑎2,3

𝑎3,1 𝑎3,2 𝑎3,3

] 

This is to be read vertically, i.e. aij details the effects of j on i. Elements along the matrix 

diagonal indicate self-effects. The sign structure of this matrix describes the type of link 

between two variables. A (-) sign indicates a negative effect of variable j on variable i, (+) a 

positive effect, and (0) no effect. Formally, the community matrix describes the relationship 

between population abundance N and the vector K of the carrying capacity of the system, such 

that AN = K (Levins 1968). The community matrix and its adjoint and inverse are powerful 

tools for exploring the structure of a community and the effects of a perturbation acting on one 

of its resource variables or species, which is the approach we have taken.  

The third alternative notation is the signed digraph, where variables are represented by circles 

and the interactions between them by lines (Fig. A1.1). The ends of the lines indicate the effect 

of the source variable on the target variable, with (→) denoting a positive effect, (--●) a 

negative effect, and (--) no effect. Combining these three functions, it is possible to represent 

all biological interactions occurring in nature between two populations, such as a predator-prey 

interaction (●→) and competition (●-●). Arrows pointing to their source variable represent 

self-effects and are usually negative, representing either a density-dependent mechanism 

(stemming from limited resources such as space or food), or the reliance of a population upon 

food sources not represented in the model. The relationships between variables are assumed to 

be linear for simplicity, although more complex functions could be specified where there is 

sufficient information to characterise them.  

 

Figure A1.1. Signed digraph of a predator (2) feeding on a prey item (1). Both variables are 

self-dampened. 

System stability 

After defining and representing the system, an evaluation of its stability must be performed. 

The mathematical, or “Lyapunov” stability of a system is described as its ability to “persist in 

spite of perturbations” (Logofet 1993). More generally, a system is considered stable if it is 

able to return to its original state after being exposed to a sudden and small perturbation 

(Dambacher et al. 2003b). The qualitative approach starts from the assumption that the 
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observed system is stable; that means at or close to equilibrium.  In order to understand the 

concept of local stability, some definition of feedback must be provided. For a system with n 

variables there are n levels of feedback (Fk), and each level has length k. Each Fk is defined as 

the summation of the closed loops of length k and the product of the disjoint loops, i.e. those 

that do not share variables with the direct loop. For example, a system with n = 3 variables will 

have feedback levels F1, F2 and F3. F1 is the summation of all feedbacks of length k = 1, whereas 

F2 is the summation of all feedbacks of length k = 2 and all the products of disjoint loops of 

length k = 1. F3 follows the same logic as F2; it is called system feedback because it is the 

feedback at highest level (here n = 3), and it coincides with the system determinant (derived 

from the community matrix). The reader is directed to Levins (1974) for a comprehensive 

discussion of the topic. Based on this definition of feedback, two criteria to assess the stability 

(or lack thereof) of a system can be formally described. These criteria, specified by Dambacher 

et al. (2003b), derive from Hurwitz’s principal theorem, and are both necessary and sufficient 

conditions for Lyapunov stability.  

There are two main potential sources of instability in a qualitative model. The first is the 

predominance of positive feedback in the system. Positive feedbacks are not uncommon in 

natural systems, but if they are not counterbalanced by stronger complementary negative 

feedbacks they can lead to a self-amplification of the response to a perturbation, which will 

cause the system to drift away from equilibrium in the direction of the original displacement 

(Levins 1974). Therefore, for local stability to be attained, negative feedbacks must always 

prevail over positive feedbacks at all levels, i.e. the net feedback Fk must always be negative 

for all k = 1 : n. This first criterion of stability is called Hurwitz criterion i (Dambacher et al. 

2003b).  

The second source of instability is the presence of strong negative feedback at higher levels 

in the system, i.e. long loops have stronger negative feedback than the product of low-order 

disjoint loops. This condition causes the system to have unstable oscillations, because feedback 

loops at low levels are not strong enough to keep the system close to its original state when 

perturbed. Thus, negative feedback must become weaker while the length of the loops 

increases, i.e. F1F2 + F3 < 0 for the above introduced 3-variable example. This is Hurwitz 

stability criterion ii, and it depends on feedback at lower levels of the system being strong 

enough to counterbalance feedback at higher levels.  
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Positive feedbacks are always present in the system although they may not be dominating, 

especially when the represented system includes many links and variables in an attempt to keep 

a satisfactory level of realism. Therefore, it is often safer to refer to conditional stability, that 

is, the system is stable provided that negative loops are stronger than the positive loops. 

Because qualitative modelling does not attempt to quantify, or weight, the intensity of each 

interaction, it is potentially impossible to assess whether this condition will be satisfied, and 

thus it is wise to identify the potential source of instability. On the basis of Hurwitz criteria i 

and ii, a model can be classified as a class I or class II model. For the detailed rationale behind 

this classification see Dambacher et al. (2003b). If the model does not violate criterion ii, then 

it is defined as a class I model. Class I models are prone to instability due to failure of Hurwitz 

criterion i. In other words, strong enough positive feedbacks may overcome negative 

feedbacks, although the net feedback is Fk < 0 for all k = 1:n. Models not failing criterion i may 

still fail criterion ii, and belong to class II models. These models are prone to instability due to 

the presence of stronger feedback at higher levels. A class I model may still be unstable if 

positive feedbacks overwhelm negative ones, but it satisfies both Hurwitz’s criteria and is 

therefore deemed as stable. 

Analyses of perturbations 

After evaluation of model stability, the focus can move to the exploration of how the effects 

of a press perturbation on the system propagate. A press perturbation is defined as an event that 

causes either a positive or a negative change in the demographic parameters (e.g. birth rate and 

death rate) of one or several model components, and lasts long enough to drive the system 

towards a new equilibrium point. For example, a positive press perturbation acting on one 

population causes either an increase in its birth rate or a decrease in its death rate. Alternatively, 

a negative perturbation will result in a decrease in the birth rate or an increase in the death rate. 

This change in the demographic rates of one model component will have consequences for the 

rest of the system that depend on the links between the altered variable and the others. Model 

components or resource variables directly linked to the altered ones will experience direct 

effects; for instance the decline of a predator may result in the increase of its prey, or vice versa. 

However, for more complex systems, non-trivial dynamics emerge, and complex feedback 

loops may cause unexpected responses of some variables to the perturbation. One of the goals 

of the qualitative approach is to predict the qualitative response of all variables in the system 

following a press perturbation.  
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The impact of a perturbation on a system can be derived with Levin’s algorithm (Levins 

1974), or with the use of the adjoint matrix. Levin’s algorithm defines the response of a variable 

j to a perturbation acting on the set of parameters C of a variable i as:  

𝑑𝑁𝑗
∗

𝑑𝐶ℎ
=  

∑
𝑑𝑓𝑖

𝑑𝐶ℎ
𝑖,𝑘 𝑝𝑗𝑖

(𝑘)
𝐹𝑛−𝑘

(𝑝−)

𝐹𝑛
 

This means that the response is a function of the direct effect of the perturbation on the set of 

parameters C, the direct paths p from i to j of all possible lengths k, the complementary 

feedback F(p-) for each direct path, and the system feedback Fn. These elements define how the 

perturbation propagates through the modelled system, depending on the interactions between 

variables. As a result, the response is given by the summation of a potentially large number of 

positive and negative feedbacks that influence how a variable reacts to the perturbation.  

The effects of a perturbation can also be determined with the use of the adjoint matrix. Given 

the community matrix A, the adjoint matrix adj(A) is defined as the transpose of the matrix of 

the cofactors (Searle 1966), and it is related to the inverse A-1 by the algebraic equality: 

𝑨−1 =
𝑎𝑑𝑗(𝑨)

det 𝑨
 

The adjoint matrix details the relative strength of complementary feedbacks, or in other words 

the net feedback from the perturbed variable to the response variable. Therefore, the sign of 

the elements aij of the adjoint indicates whether a variable i is affected positively, negatively 

or is not affected at all by the perturbation of variable j. The adjoint matrix presents the 

advantage of not requiring the weighting or quantification of the interactions between the 

system variables, as the inverse matrix does. Combined effects of the perturbation of multiple 

variables are calculated by adding the columns corresponding to all perturbed variables in the 

adjoint and absolute feedback (T) matrices and using the sums to compute prediction weights 

for the combinatory effect (see Dambacher et al. 2002). 

Sign indeterminacy and ambiguity of the predictions 

The drawback of the use of the adjoint matrix is that each of its elements is the summation 

of a potentially very large number of feedback loops of opposite sign, intuitively in the same 

way as the response computed with Levins’ algorithm. Therefore, the net feedback that is 

detailed by each matrix element can suffer from high sign indeterminacy; that is, the ambiguity 

of the prediction of the sign of the net feedback. The net feedback is subject to the strength of 
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the single feedbacks, but because the single interactions are not quantified, it is not possible to 

assess whether the actual sign of the response in the real system will be coherent with the sign 

predicted by the adjoint matrix. Dambacher et al. (2003a) proposed a procedure to estimate the 

likelihood of each element of the adjoint matrix to successfully predict the sign of the response 

to a perturbation. This protocol is based on the ratio between net and absolute number of 

feedbacks for each element of the adjoint matrix. Specifically, the element-wise division of 

each element of the adjoint matrix by each element of the absolute feedback matrix T yields a 

matrix of weights between 0 and 1, denoted as W. Numeric simulations from Dambacher et al. 

(2003a) demonstrated that a value of W ≥ 0.5 corresponds to a >90% chance of an accurate 

sign prediction in the adjoint matrix, which is the threshold the authors recommend, and it was 

chosen in this work as discriminant between ambiguous and unambiguous predictions.  

It is noteworthy that sign indeterminacy is a function of the number of complementary 

feedbacks, which increase factorially with the number of variables in the model. Therefore, 

complexity and realism in the representation of the system come at the cost of ambiguity of the 

predictions. Because a high-realism model yielding completely inconclusive predictions is of 

little value, this limitation is an incentive to contain the model to the elements that really are 

central to the investigation, and to sacrifice any unnecessary detail. 

Signed digraphs were developed with the software PowerPlay Digraph Editor, Version 2.0 

(2002). Stability and perturbation analysis were carried out with the mathematical software 

available at Supplement 1 of Dambacher et al. (2002) in Ecological Archives E083-022-S1 at 

http://www.esapubs.org/archive/. All models were sign-stable and satisfied both Hurwitz’s 

criteria i and ii, being classified as class I models. 
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Appendix 2. Temporal variability of sponge abundance 

and biodiversity of an Indonesian sponge assemblage 
 

 

Table A2.1. List of the 42 taxonomically identified sponge taxa of the Hoga sponge assemblage. 

The remaining taxa were not possible to identify, largely due to lack of suitable samples or as 

a result of not being able to export specimens from Indonesia in many years of the survey. 

Species Family Class 

Aaptos sp. Suberitidae Demospongiae 

Acanthella sp. 1 Dictyonellidae Demospongiae 

Acanthella sp. 2 Dictyonellidae Demospongiae 

Agelas sp. Agelasidae Demospongiae 

Axinella sp. Axinellidae Demospongiae 

Axinyssa sp. Halichondriidae Demospongiae 

Chalinula milnei Chalinidae Demospongiae 

Chalinula nematifera Chalinidae Demospongiae 

Chalinula sp. Chalinidae Demospongiae 

Chelonaplysilla sp. 1 Darwinellidae Demospongiae 

Chelonaplysilla sp. 2 Darwinellidae Demospongiae 

Cinachyrella sp. 1 Tetillidae Demospongiae 

Cinachyrella sp. 2 Tetillidae Demospongiae 

Cinachyrella sp. 3 Tetillidae Demospongiae 

Clathria (Microciona) mima Microcionidae Demospongiae 

Clathrina sp. 1 Clathrinidae Calcarea 

Clathrina sp. 2 Clathrinidae Calcarea 

Clathrina sp. 3 Clathrinidae Calcarea 

Clathrina sp. 4 Clathrinidae Calcarea 

Clathrina sp. 5 Clathrinidae Calcarea 

Clathrina sp. 6 Clathrinidae Calcarea 
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Species Family Class 

Cliona sp. Clionaidae Demospongiae 

Cribrochalina sp. Niphatidae Demospongiae 

Dendrilla sp. Darwinellidae Demospongiae 

Gelliodes sp. Niphatidae Demospongiae 

Haliclona sp. Chalinidae Demospongiae 

Jaspis splendens Ancorinidae Demospongiae 

Lamellodysidea herbacea Dysideidae Demospongiae 

Leucetta sp. Leucettidae Calcarea 

Liosina sp. Dictyonellidae Demospongiae 

Monanchora unguiculata Crambeidae Demospongiae 

Niphates sp. 1 Niphatidae Demospongiae 

Niphates sp. 2 Niphatidae Demospongiae 

Niphates sp. 3 Niphatidae Demospongiae 

Niphates sp. 4 Niphatidae Demospongiae 

Pericharax sp.  Leucettidae Calcarea 

Placospongia melobesioides Placospongiidae Demospongiae 

Protosuberites sp. Suberitidae Demospongiae 

Pseudoceratina sp. 1 Pseudoceratinidae Demospongiae 

Pseudoceratina sp. 2 Pseudoceratinidae Demospongiae 

Sycon sp. Sycettidae Calcarea 

Xestospongia sp. Petrosiidae Demospongiae 
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Figure A2.1. Some common sponge taxa from the Hoga Island assemblage. Bars correspond 

to 1 cm. A: Acanthella sp.; b: Agelas sp.; c: Axinella sp.; d: Axinyssa sp.; e: Chalinula milnei; 

f: Chalinula nematifera; g: Chalinula sp.; h: Chelonaplysilla sp. 1. 
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Figure A2.1: Continued. I: Chelonaplysilla sp. 2; j: Cinachyrella sp. 2; k: Cinachyrella sp. 3; 

l: Clathria (Microciona) mima; m: Clathrina sp. 1; n: Clathrina sp. 2; o: Clathrina sp. 3 (white 

in association with turf algae); p: Clathrina sp. 4. 
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Figure A2.1: Continued. Q: Clathrina sp. 6; r: Cliona sp.; s: Cribrochalina sp.; t: Dendrilla 

sp.; u: Lamellodysidea herbacea; v: Haliclona sp.; w: Jaspis splendens; x: Leucetta sp. 
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Figure A2.1: Continued. Y: Liosina sp.; z: Monanchora unguiculata; a’ Niphates sp. 1; b’: 

Niphates sp. 2; c’: Niphates sp. 3; d’: Pericharax sp.; e’: Placospongia melobesioides; f’: 

Protosuberites sp. 
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Figure A2.1: Continued. G’: Pseudoceratina sp. 1; h’: Pseudoceratina sp. 2; i’: Sycon sp.; j’: 

Xestospongia sp. 
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Figure A2.2. Scatterplot of the normalised residuals (left), histogram of the normalised 

residuals (middle), and quantile-quantile plots (right) of the Linear Mixed effects Models 

(LMMs) that showed significant fixed effects. a: sponge abundance (N) as function of site; b: 

species richness (S) as function of site, N, and interaction between these; c: Shannon’s diversity 

(H’) as function of site, N, and interaction between these; d: Simpson’s evenness (E1/D) as 

function of site, N, and interaction between these. 
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Figure A2.3. Sea surface temperature (SST) from the Wakatobi Virtual Station between 2005 

and 2017. Satellite data from the National Oceanic and Atmospheric Administration’s Coral 

Reef Watch programme (NOAA 2000, available at 

https://www.ospo.noaa.gov/data/cb/TS_vs/vs_ts_Wakatobi_Indonesia.txt). 

 

https://www.ospo.noaa.gov/data/cb/TS_vs/vs_ts_Wakatobi_Indonesia.txt
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Figure A2.4. Sea surface temperature anomalies (SSTANOM) from the Wakatobi Virtual 

Station between 2005 and 2017. Satellite data from the National Oceanic and Atmospheric 

Administration’s Coral Reef Watch programme (NOAA 2000, available at 

https://www.ospo.noaa.gov/data/cb/TS_vs/vs_ts_Wakatobi_Indonesia.txt). 

 

https://www.ospo.noaa.gov/data/cb/TS_vs/vs_ts_Wakatobi_Indonesia.txt
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Figure A2.5. Mean abundance (sponge patches m-2) of the most common, taxonomically 

identified taxa at the Hoga Island site. Of the 30 taxa that, summed, comprised >90% of the 

total sponge abundance in each photoquadrat, these 25 could be identified to genus level (25 

of the total 141). Note the different scales on y-axes. Error bars indicate standard error of the 

mean. Letters A, B and C indicate the three sites. 
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Figure A2.5: Continued. 
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Figure A2.5: Continued. 
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Figure A2.5: Continued. 



  

269 

 

 

Figure A2.5: Continued. 
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Figure A2.6. Non-metric multidimensional scaling (MDS) plot of the sponge assemblage at 

Hoga Island, split by survey year to aid visualisation.  
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Appendix 3. Decadal stability and interannual variability 

of benthic organisms on an Indo-Pacific coral reef 

 

Figure A3.1. Coefficient of variation (SD / mean) obtained by averaging over values of 

percentage cover that had been calculated for each benthic group in 8 iterations for each amount 

of CPCe points (20, 40, 60, 80, 100, 120 random points per 25x25 cm image). In each panel, 
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horizontal lines indicate CV = 1, 0.5, and 0.2 (grey, blue, and orange respectively); vertical 

dashed line indicates 80 CPCe points / image (the chosen amount). The evaluation of CV per 

number of points was carried out for 3 different, randomly selected 25x25 images, indicated 

by letters A, B, and C. 
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Figure A3.2. Scatterplot of the normalised residuals (left), histogram of the normalised 

residuals (middle), and quantile-quantile plots (right) of the Linear Mixed effects Models 

(LMMs) that showed significant fixed effects. a: coral % cover as function of site; b: sponge 

% cover as function of site; c: algae % cover as function of site; crustose coralline algae (CCA) 

% cover as function of site, year, and combination of the two; other invertebrates % cover as 

function of site, year, and combination of the two. 

a 

b 

c 

d 

e 
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Figure A3.2 Continued. f: algae % cover (in year y) as function of free substrate % cover (in 

year y-1) and site; g: CCA % cover (in year y) as function of free substrate and turf % cover 

(in year y-1); h: sponge % cover (in year y) as function of free substrate and turf % cover (in 

year y-1). 

  

f 

g 

h 
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Figure A3.3. Temporal dynamics of the benthic groups at the three Sites on the Buoy 3 reef. 

Lines in different colours represent the raw data from different quadrats. Red lines represent 
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the mean effects estimated by the linear mixed -effects models (LMMs), dashed lines represent 

95% confidence intervals of model estimates.  

 

 

 

Figure A3.4. Example of association between filamentous turfing algae and a calcareous 

sponge (Clathrina sp., white in between algal filaments) in one of the quadrats. 

 

 


